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ABSTRACT
Behavior and Control of Mercury in
Sewage Sludge Thermal Treatment Process

Sewage sludge is the inevitable byproduct generated in the wastewater water treatment
process. In recent decades worldwide, the amount of SS is dramatically increasing. In order
to treat the large amount of SS, a thermal method such as incineration is widely used in
densely populated regions like Japan for its advantages in terms of volume reduction, which
facilities the smallest space occupation at the landfill. Another thermal process,
carbonization, is also a promising method for SS treatment in terms of the recycling of the
embedded energy in SS. However, both of these two methods pose the potential risk of Hg
emission to the atmosphere. Since the Minamata Convention on Mercury entered into force
on August 16, 2017, mercury emission from sewage sludge thermal treatment process is
drawing more attention. Therefore, the objectives of this dissertation are: (1) to investigate
the Hg emission behavior in SS thermal treatment process; (2) to develop high-performance
Hg removal sorbents and clarify the adsorption mechanisms by prepared sorbents.

Firstly, a comprehensive study on the distribution and mass balance of heavy metals
in SS mono-incineration was conducted. Different enrichment behavior of semi-volatile
elements was found in the incinerated sewage sludge ash (ISSA) between the step grate
stoker (GS) and fluidized bed incinerators (F-types). The distinct ash removal procedure in
GS and F-types was considered the main reason for this different enrichment behavior. By
discharging the bottom ash at a high temperature of 850 °C at the bottom of the incinerator,
GS discharges the main ash with lower concentrations of heavy metals under the regulation
of fertilizer production. F-types, however, generates only fly ash at a lower temperature of
250 °C and almost entirely enriched heavy metals from the SS. Thermodynamic
calculations indicate a shift of the dominant phase from the gas to the solid, with the

temperature decreasing from 850 to 250 °C, which compares well with the distinct
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enrichment behavior between GS and F-types we found. To conclude, GS has an advantage
over F-types in terms of the recycling of the ISSA for fertilizer production.

In all studied incinerators, wastewaters, especially from WS, are the main sink for
soluble elements, including Hg. Nevertheless, from the flue gas, only Hg was found to be
significantly emitted in all studied incinerators. Since the Hg emission is reported to be
associated with species of Hg in the flue gas, speciation Hg continuous emission monitoring
was further carried out in both GS and F-types. Another fluidized bed incinerator and a
carbonization furnace were also monitored. Results show that, in SS incinerators, the
dominant species of Hg in the flue gas was Hg?" before the WS, but the Hg” showed higher
fraction after being treated at the WS. Different from the incinerators, Hg® was always the
dominant species both before and after the WS in the carbonization furnace. These
tendencies are consistent with the thermodynamic calculations. Therefore, WS can
effectively remove the Hg?*, but Hg significantly escaped, and the removal of Hg’ should
be further studied.

During the continuous monitoring at the carbonization furnace, Hg removal
experiments were also conducted on the spot. Two sorbent towers, one uses modified
activated carbon (MAC) and the other uses the composite polymer, were set in front of the
stack in parallel. Both these two kinds of sorbents showed excellent Hg (dominantly Hg®)
removal performance, with the MAC of higher removal efficiencies, although more
obstacles in operation.

Since the MAC has proved feasible for Hg® removal, a further study on AC
modification for Hg® removal was conducted through iodine impregnation. By utilizing
different measurement methods, including Brunauer-Emmett-Teller (BET) specific surface
area analysis, X-ray diffraction (XRD), X-ray photoelectron spectroscopy (XPS), and X-

ray absorption near-edge structure analysis (XANES), we confirmed the texture
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characteristics of the ACs, as well as the species and chemical state of the compounds
impregnated in and adsorbed on the ACs. Based on these experimental results, putative
pathways for Hg’ removal by the prepared ACs were proposed and evaluated according to
the Gibbs free energy value.

All sorbents showed excellent removal efficiencies of Hg’ as 97.2-99.9%. The
XANES results showed no metal Hg? in all sorbents, including the virgin AC, indicating
that the chemisorption dominant in the Hg® removal by the prepared ACs. Despite the
different precursors used in the impregnation, the main form of Hg’ adsorbed in the iodine
impregnated ACs was Hglo. The large BET surface area and oxygen functional groups
promoted the adsorption, whereas the chemical composition, especially the existence of Cl,
S, and I, were essential factors responsible for the high Hg’ removal efficiencies. Molecular
I> was identified in ACs impregnated with NH4l, KIO3, and a co-impregnation of KI
followed by CuSO4, and Hg + I, = Hgl> is considered to be the primary mechanism for Hg’
adsorption by the impregnated ACs. Moreover, I3 was also detected in all impregnated ACs

and possibly contributed to the adsorption by serving as the I donor.
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Chapter 1 General introduction

With the small land area available for sewage sludge disposal, thermal treatment is
most widely used in Japan due to its advantage in minimizing the volume of sewage sludge.
However, heavy metals are of great concern for the thermal treatment process. Because the
Minamata Convention on Mercury entered into force on August 16, 2017, mercury
emission from sewage sludge thermal treatment process is drawing attention. In this chapter,
firstly, the sewage sludge generation and thermal treatments are introduced, and then
mercury removal technologies are also reviewed. Finally, I show the research objectives

and research structure in my dissertation.
1.1 Sewage sludge generation

Sewage sludge (SS) is the inevitable byproduct generated in the wastewater treatment
process (Chen et al., 2012). It contains inorganic material, plant nutrients, heavy metals,
organic micro-pollutants, and pathogens (Epstein, 2002; Christodoulou and Stamatelatou,
2016). With the increase of the global population and the proceeding of the urban and
modernization expansion, the waste generation also shows a rapid increase in recent
decades worldwide (Manzetti and Spoel, 2015), amongst the amount of sewage sludge is
also dramatically increasing (Albero et al., 2012; Hong et al., 2009). In Japan, more than 2

million tons of dry sewage sludge is produced annually (Fig. 1-1)(MLIT).
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Figure 1-1. Annual sewage sludge production and its management in Japan (MLIT, 2020)

1.2 Sewage sludge disposal

The treatment and disposal of sewage sludge have long been a concern worldwide (Xu
et al., 2014), and sludge disposal still represents up to 50% of the managing costs in a
WWTP (Bolzonella et al., 2007). Landfill, land application, and incineration are principal
disposal methods for SS (Chen et al., 2012). None of these end-used are fundamentally
either good or bad; each one is more or less appropriate for a given situation (Campbell,

2000).

1.2.1 Landfill
The landfill method usually mixes the concentrated sludge with solid waste in
municipal landfills (O’kelly, 2005). This method is commonly adopted worldwide,

especially in developing countries such as China (Chen et al., 2012), due to its low cost.



Sludge handling and landfill construction are most favorable within the water content range
of 85~95% water content (O’kelly, 2005). Sewage sludge in a slurry state would increase
the construction difficulties of the landfill site and lead to the instability of the landfill
slopes, and it is sometimes refused by the landfill operators (O’kelly, 2005). In recent years,
due to the stricter waste disposal legislation and economic capacity, the landfill is
decreasing worldwide (Chen et al., 2012; O’kelly, 2005). For example, the sewage sludge
landfilling is prohibited since 2016 in Poland (Przydatek and Katarzyna, 2020). Moreover,
the odor and sanitary problem also make the landfilling of the dewatered sludge less

favorable due to the opposition of citizens.

1.2.2 Land application

Since the SS contains considerable amounts of nutrient elements such as N and P, it is
often used as the soil amendation materials directly or after the composting, as widely used
in the US and some EU countries (Atmospheres, 2016; Cieslik et al., 2015; Lu et al., 2012).
At present, 53% of sewage sludge produced in the EU-15 is reused in agricultural
application, while 21% is incinerated (Kelessidis and Stasinakis, 2012). Land application
of SS can benefit the soil improvement and re-establish vegetation and restoration of
degraded ecosystems. However, due to its relatively low N : P ratio (about 3.1-3.4)
(Shepherd and Withers, 2001), the application of SS can also result in the build-up of P in
soil and subsequent P release into the surface or subsurface waters leading to the
eutrophication (Sharpley et al., 1998). Further, even at a low concentration, the
accumulation by years of the SS land application may still pose a potential risk in animals
and human health (Lu et al., 2012). Besides, similar to the landfill, the land application also
has the problem of odors, and this may induce the oppose from the citizens for the land

application (Lu et al., 2012).



1.2.3 Incineration

Incineration is an exothermic oxidation process of SS, resulting in the flue gas
comprising of CO> and H>O, ash, and a certain amount of heat (Raheem et al., 2018). It can
significantly reduce the volume of SS; therefore, it is primarily executed in densely
populated regions like Japan for the low land availability (Bolzonella et al., 2007; Cieslik
et al., 2015; Takaoka et al., 2012). The heat generated in the incineration process can be
recovered to produce steam, which can subsequently be converted into power via steam
turbines (Raheem et al., 2018; Tyagi and Lo, 2013). The incinerated sewage sludge ash
(ISSA) generated during the combustion can be disposed into the landfills or be utilized for
building material production (Wu et al., 2016). Because of the nutrients contained, the ISSA
can also be used for the improvement of the arable land for food production (Mailler et al.,
2014; Peccia and Westerhoff, 2015). With the consideration of the heavy metals enriched
together with the P during the incineration and the low P plant-accessibility, the direct use
of the ISSA for agriculture is sometimes not favorable. However, even not suitable for
direct land use, the ISSA can still be treated as a potential source of P-fertilizer for
agricultural systems with the high content of P (Kriiger et al., 2014; Ottosen et al., 2013).

Compared with other disposal methods, incineration has the best volume reduction
and pathogen decomposition effect, but the highest cost at the same time (Lundin et al.,
2004). The high costs are mainly associated with the drying process, in which the SS is
dried to a solid content of 18~35% (Donatello and Cheeseman, 2013). Whenever
appropriately designed, this process does not have to generate high additional costs
(Winkler et al., 2013). For example, the bio drying and the recycling of the heat generated
in the incineration process for SS drying can reduce the cost to a great extent. Therefore,

incineration is the primary SS treatment and disposal method in Japan (MLIT).



1.2.4 Recycling

As mentioned above, the SS can be recycled directly for the land application. However,
Spreading sludge on agricultural land was the least preferable option from an
environmental point of view (Lundin et al., 2004). The land application only solves part of
the problem, because with the metals and persistent organic pollutants remain in the sludges,
which can induce the release of nutrients and acidifying substances and transfer the content
of heavy metals in the sludge to agricultural soil (Lundin et al., 2004; Peccia and Westerhoff,
2015). Besides, energy is required for transportation, spreading, and pasteurization of the
sludge, which makes this process economically unfavorable. Moreover, because of new
legislation, the disposal of biosolids is difficult since land application and landfilling are
becoming almost forbidden (Bolzonella et al., 2007).

On the other hand, the recycling of the ISSA has been receiving considerable attention
worldwide. The recovery of high-value metals, as Westerhoff et al. (2015) suggested, e.g.,
Al, Ca, Fe, Mg, Mn, Cu, Cr, and Ni, could be an economic and environmental win-win
scenario (Peccia and Westerhoff, 2015). Besides this, the ISSA can also be recycled as an
adsorbent for lead (Wang et al., 2019), cement mortars (J. S. Li et al., 2017), and other

construction materials (Chen et al., 2018; Lynn et al., 2015; Smol et al., 2015).

1.3 Sewage sludge incineration

Since incineration can minimize the volume of sewage sludge, decompose organic
pollutants, and induce almost no odor problem, it is widely used, especially in countries
with the limited land area available for sewage sludge disposal, such as in Japan. Sewage
sludge is usually co-combusted with other fuels or mono-combusted, depending on its

calorific properties and the incineration technologies.



1.3.1 Co-combustion

Sewage sludge co-combustion with coal, municipal solid waste, wood, and other
biomass are applied worldwide (Table 1-1). Co-combustion utilizes the existing power
plants or wastes treatment facilities; hence it can save the investment for construction.
Meanwhile, the co-combusted fuels benefit the energy budget and make the incineration
possible for sludge that cannot be self-sustaining combusted due to the low volatiles content
and low heating value (Chen et al., 2017). However, a co-combustion of sludge with other
fuels may induce problems with SCR systems (Selective Catalytic Reduction) (Cieslik and
Konieczka, 2017) and is not favorable for the recycling of ISSA, such as fertilizer

production, due to the dilution effect of co-combusted fuels (Peccia and Westerhoff, 2015).

1.3.2 Monocombustion

Monocombustion, on the other hand, can recover the embedded energy in sludge
meanwhile reduce the greenhouse gas emission effectively (Liu et al., 2013), and the
generated ISSA can be recycled as construction materials or fertilizer, as is implemented in
Japan (MAFF). It is also widely used in Germany (Kriiger and Adam, 2014), Switzerland
(Meier et al., 2016), and other European countries (Donatello and Cheeseman, 2013).

At present, the mono-combustion of sewage sludge is considered as one of the best
options because it facilitates the recovery of valuable resources, such as phosphorus
(essential plant nutrient with limited availability), from the ash (Escala et al., 2013).

Therefore, most of the sewage sludge in Japan is mono-incinerated.

1.3.3 Sewage sludge mono-incinerators
In the last century, the dominant mono-combustion furnaces for sewage sludge were

the fluidized bed (FBC) and multiple hearth (MHF) furnaces, although others, e.g., rotary



kiln, cyclone and different types of smelting furnaces were also used (Werther and Ogada,
1999). In recent years, the utilization of FBC and step grate stokers have gained a

significant increase.

Fluidized bed incinerator

Fluidized bed technology has been used since 1922; since then, it has received
extensive applications (Werther and Ogada, 1999). FBC technology usually uses sand as
bed material. Excess amount of air (25~50%) is supplied to the FBC from the bottom of
the furnace. The air agitates the bed material into the fluidized state. Thus, the bed material
also acts as the agitator resulting in high turbulence inside the incinerator, which enables a
stable temperature inside the furnace (Mullen, J.F., 1992). During the combustion, the
furnace can be divided into three different sections in the vertical direction. From the
bottom to the top, it is the fluidized-bed, the primary combustion chamber, and the
secondary combustion chamber, respectively. After combustion, the flue gas is treated at
the following APCDs and particles entrained in the flue gas are collected as fly ash.
Depending on the concentrations of heavy metals, the disposal of this ISSA goes to the
landfill, land application, or cement production. Gaseous pollutants are washed and
removed in the wastewater from the APCDs and sent back to the wastewater treatment
process.

FBC technology is more popular than the step grate stoker in the SS mono-incineration
(Table 1-1). Usually, auxiliary fuels are used in this type of incinerator. Thus, the dewatered
SS can be combusted without further drying. And some improvements have been made to

achieve a higher combustion efficiency (Fig. 1-2).



Figure 1-2. Fluidized bed incinerator, Tsukishima Kankyo Engineering Ltd.

Figure 1-2 shows the latest fluidized-bed incineration system developed by the
Tsukishima Kankyo Engineering Ltd, Japan. This system can improve combustion

efficiency with the air from the bottom of the furnace and leave little unburned materials.

Step grate stoker

Step grate stoker consists of a series of stepped fire grates. By moving back and forth
the grates, the SS inside the furnace contacts efficiently with the air. Figure 1-3 shows the
structure of a step grate stoker developed by TAKUMA Co. Ltd., Japan. Compared with
the fluidized bed type, the step grate stoker has lower electricity consumption (60% of the
fluidized bed), lower N2O emission, feasible for waste heat recovery by the boiler, and
needs no auxiliary fuel.

Step grate stoker is most widely used in the municipal solid waste (MSW) incineration
due to its low cost and simple pretreatment needed before the combustion. It is also
applicable for the SS incineration and used in Japan. An unfavorable aspect for the step

grate stoker is the concern of dioxins generation caused by a lower temperature than 850 °C
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when starting the furnace. Moreover, mechanical agitation also limits the temperature
inside the furnace. Besides, MSW, especially household food, often contains high salt, and
some plastics also contain Cl, for which studies reveal that the generation of PCDD/Fs is
closely related to the Cl content of the fuel (Zhang et al., 2013). Air pollution control
devices (APCDs) are therefore utilized to remove toxic pollutants such as PCDD/Fs and

make the step grate stoker feasible for MSW incineration.

Waste

Stoker mechanism

The movable fire grates move back and forth to feed waste
downstream on the stokers. The back-and-forth motion of
the fire grates serves to mix the waste and bring it into
efficient contact with air, facilitating good combustion.

Combustion gases

Structure of a
stoker-type incinerator

Figure 1-3. Step grate stoker. TAKUMA Co. Ltd., Japan.

The application of the step grate stoker for SS incineration is favorable because the
composition of SS is more simple and stable compared with the MSW. With a lower Cl
content, the risk of PCDD/Fs generation for SS is also lower than the MSW. Moreover, the
APCDs can remove most pollutants such as particles and some heavy metals. Then, the
stoker discharges ashes mainly from the bottom as the bottom ash, and fine particles are

collected at the APCDs as the dust, which is also classified as fly ash.



Table 1-1. Literature survey of sewage sludge incineration.

Mono-/co-
Incinerator type combustion  Feed Temperature Scale Target elements Country Reference
multiple-hearth,
mono- SS 700~930 °C - As, Cd, Pb, Hg, Ni and Zn USA (Gerstle and Albrinck, 1982)
fluidized bed
(Balogh, S. and Liang, L.,
multiple hearths mono- SS full-scale plant Hg USA
1995)
fluidized bed mono- SS pilot Cd, Cr, Mn, Ni, Pb, and Zn  Italy (Marani et al., 2003)
fluidized bed mono- SS full-scale plant Hg USA (Balogh and Nollet, 2008)
Urban + industrial As, Cd, Cu, Pb, Cr, Hg, Ni,
fluidized bed mono- full-scale plant Belgium (Van de Velden et al., 2008)
sludge and Zn

Na, Zn, K, Mg, P, Pb, Cu China,
melting chamber mono- SS pilot (Han et al., 2008)

and As Japan

Cd, Pb, Cr, Cu, Zn, Mn and
tubular-furnace reactor ~ mono- SS 500~1100 °C  laboratory China (Chen and Yan, 2012)

Ni
fluidized bed mono- SS full-scale plant Hg Japan (Takaoka et al., 2012)
fluidized bed mono- SS 900 °C full-scale plant As, Cd, Cr, Ni, Pb, and Hg  Korea (Pudasainee et al., 2013)

32 elements (Al, Ag, As,

Ba, Be, Br, Ca, Cd, Cl, Co,
fluidized bed mono- SS (dried) 950 °C full-scale plant Cr, Cu, Fe, Hg, K, Li, Mg, Denmark (Yoshida et al., 2015)

Mn, Mo, N, Na, Ni, P, Pb,

S, Sb, Se, Sn, Sr, Ti, V, Zn)

SS: sewage sludge; mono-: mono-combustion; co-: co-combustion
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Table 1-1. Literature review for sewage sludge incineration. (continued)

Mono-/co-
Incinerator type combustion  Feed Temperature Scale Target elements Country Reference
tubular-furnace reactor ~ mono- SS laboratory Pb, Zn, Cr, Cu, Mn and Ni China (Liu et al., 2015)
circulating fluidized
mono- SS (dried) laboratory - China (Zhu et al., 2015)
bed
Switzerland,
fluidized bed mono- SS Pilot/bench Ag nanoparticles (Meier et al., 2016)
France
fluidized bed mono- SS 850 °C full-scale plant Cu, Zn, As, Pb, Ni, and Se China (J. shan Li et al., 2017)
circulating fluidized Household + industrial Zn, Cu, Cr, Pb, Ni, Ba, Mn,
mono- full-scale plant China (Y. Lietal., 2017)
bed sludge (1:1) and As
cylindrical down fired SS (dry)+bituminous Germany,
co- 500 kW Cr, Hg, Mn, Ni, Pb and Zn (Cenni et al., 1999)
furnace coal Denmark
(Nadziakiewicz and Koziot,
stoker-fired boiler co- SS + coal laboratory SO2, NOx, CO and dust Poland
2003)
As, Cd, Co, Cu, Cr, Hg,
fluidized bed co- SS + coal pilot Portugal (Lopes et al., 2003)
Mn, Ni, Pb and Zn
circulating fluidized Hg, Pb, Cd, Cr, Cu, Ni, Mn,
co- SS + coal/wood 12 MW Sweden (Amand and Leckner, 2004)
bed Co, As, Sb, V, and Zn
As, Cd, Co, Cr, Cu, Hg,
circulating fluidized
co- SS + wood laboratory Mn, Ni, Pb, Se, Sb, Tl, V Sweden (Elled et al., 2007)

bed

and Zn

SS: sewage sludge; mono-: mono-combustion; co-: co-combustion.
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Table 1-1. Literature review for sewage sludge incineration. (continued)

Mono-/co-
Incinerator type combustion  Feed Scale Target elements Country Reference
chemical and sewage
Cr(total), Pb, Ni, Zn, Hg,
sludge (3% mass full-scale WTE
grate furnace co- As, Cd, Cu, Se, soluble Cu  Italy (Biganzoli et al., 2012)
substitution rate) plant
and Cr(VI)
+MSW
Cd, Cr, Cu, Co, Mn,
fluidized bed co- SS + coal pilot Portugal (Gulyurtlu et al., 2006)
Ni, Pb, Zn, and Hg
SS (5%, 10%, 15%, pulverized coal PCDD/Fs and Hg, Cd, Pb,
power plants co- China (Zhang et al., 2013)
20%) + coal power plant Cr, and Cu
SS + wood sawdust Pb, Zn, Cu, Cr, Cd, As and
grate boiler co- PF 2000 Kg/h China (Xiao et al., 2015)
(pelletized fuel) Ni
drop tube combustion coal + SS (dried) (coal : Hg (unburned carbon, Cl,
co- laboratory Korea, USA  (Lee and Wilcox, 2017)
system sludge=3:1 or 5:1) Cu, and Fe)
bubbling fluidized bed  co- SS + cotton stalk 5kW As China (Zhao et al., 2017)
cement kiln co- SS (25%)+raw meal - Cu, Ni, Pb, and Zn China (Yuetal., 2017)
coal-fired boiler co- SS + coal - - China (Chen et al., 2017)
municipal/coal-coking
industrial sludge Cd, Zn, Cr, Ni, Pb, Zn and
tubular-furnace reactor  co- laboratory China (Zhao et al., 2019)

(10~50%)+bituminous

coal

gas pollutants

SS: sewage sludge; mono-: mono-combustion; co-: co-combustion.
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1.4 Sewage sludge carbonization

In recent years, carbonization has attracted extensive attention as a promising SS
handling method. Carbonization transforms SS into a carbon-containing product as bio-
coal (Sang W. Park and Jang, 2011; Sang Woo Park and Jang, 2011), which is considered
as a storable energy carrier (Axelsson et al., 2012; Titirici et al., 2007). With the
characteristics of brown coal, the bio-coal can be co-fired with fossil coal to generate
electricity in power plants (Sang W. Park and Jang, 2011; Sang Woo Park and Jang, 2011).

Sewage sludge carbonization mainly includes conventional carbonization,
hydrothermal carbonization (HTC) and torrefaction. Conventional carbonization is often
carried out in an inert atmosphere at temperatures of 277~677 °C (Maschio, G., Koufopanos,
C., Lucchesi, 1992). Torrefaction also heat the biomass in an inert or nitrogen atmosphere,
but at a lower temperature of 200~300 °C than conventional carbonization (Prins et al.,
2006). HTC is defined as a thermochemical process used to convert organic feedstock into
a carbonaceous product (hydrochar) in the presence of water under moderate temperatures
(180~350 °C) and pressures (2~10 MPa) (Mumme et al., 2011). During HTC, two distinct
phases, i.e., solid and liquid, are formed (He et al., 2013). The evolved gas is small and
mainly consists of carbon dioxide (Berge et al., 2011).

During SS carbonization, the heavy metals in the SS may distribute into the biochar,
flue gas, or wastewater from the APCDs. Amongst, Hg emission is of great concern because
of its high toxicity. However, to date, no report is available about the behavior of Hg in SS

carbonization process.

1.5 Gaseous Hg removal technology

1.5.1 Hg emission inventory

Ever since 1956, the breakout of the Minamata disease, mercury has attracted
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extensive attention all over the world. Mercury, as a dangerous toxin that harms human
health and the environment, it can be emitted to the atmosphere from natural and
anthropogenic sources and then transported globally in the atmosphere and impacts areas
far away from the source (Pacyna et al., 2010). The global mercury assessment revealed
that human activities had increased total atmospheric mercury concentrations by about
450% above natural levels (Global mercury assessment, 2018). Amongst, the majority of
emissions occurred in Asia (49%), of which 39% in East and South-east Asia.

Worldwide, the predominant source sector is artisanal and small-scale gold mining
(~38%), while the stationary combustion of other fuels, including biomass, accounts for
3% of the anthropogenic mercury emission to air. In Japan, however, waste incineration is
the primary source for mercury emission, as shown in Figure 1-4 (Ministry of the
Environment, 2018). Since the Minamata Convention on mercury (UN environment
programme) entered into force on 16 August 2017, in which mercury emission from waste
incineration is also under regulation, the control of mercury emission in the waste

incineration process, €.g., sewage sludge thermal treatment, is of great importance in Japan.
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Figure 1-4. Inventory of atmospheric mercury emission in Japan (FY 2014)

1.5.2 Hg removal by air pollution control devices

The flue gas arising from the combustion of SS can be wet or dry, depending on the
moisture content of the fuel used (Singh and Shukla, 2014). Also, with different types of
fuel and methods used, the composition of the flue gas varies. The flue gas contains
particulate matters and toxic gases. The particulate matters can be removed by dry methods
with cyclones, electrostatic precipitators, and filters. The toxic gases, in which some
components are solvable, can be absorbed and removed by the wet methods such as wet
scrubbers and wet electrostatic precipitators. However, insolvable gaseous components,
e.g., vapor-phase elemental Hg (Hg), may escape from the APCDs.

The APCDs are designed to remove particulates, water-soluble emissions, NOyx, and

toxic materials. Alongside, Hg?>" can also be removed due to its high solubility.

1.5.2.1 Dry methods

Cyclones
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Mainly cyclones are solid-gas separation systems widely used in different industries
for cleaning of the waste gas/flue gas. Sometimes cyclones are also used as the primary
system to reduce the burden on the expensive secondary system used for further cleaning.
For example, studies show that cyclones have been very useful as pre-cleaning devices of
particles larger than 10 pm aerodynamic diameter. At high temperature and pressure,
cyclones are more efficient even for a fine particle size of 2~3 pum in diameter, which makes
them more economical for use in process industries (Singh and Shukla, 2014).

Electrostatic precipitator

Electrostatic precipitators (ESPs) are particle control device utilizing the electrical
forces to move particles out of the exhaust gas stream. The pollutant particles are given an
electric charge, which led them to pass through a region where gaseous ion flows called the
corona. The electrical field provided to particulates comes from electrodes mounted on the
surface of the wall and maintains a high voltage in the center of the corona. ESPs are
extensively used as capable pollutant control systems. Their major merits of high collection
efficiency and a wide range of operating temperatures make them appropriate solutions for

various applications in industry.

Filters
One of the major advantages of filters is that their high removal efficiency of
particulate is almost independent of the size distribution of particulates in the flue gas. A
fabric filter is a very successful option used were not only particulates but gaseous
impurities, e.g., SO> and HCI need to be removed. However, one major limitation of the
fabric filter is that the flue gas must be dry otherwise particulate cannot be removed

properly from the flue gas.
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1.5.2.2 Wet methods
Scrubbers

Wet scrubbers (WS) have been widely used for the collection of acidic gases, mists,
and particles with significantly reducing risks of fire, explosion, and erosion. Many WS
operates around the water dew point of the exhaust gas from biomass combustion. One
major disadvantage in WS is the water pollution and foul smell due to the deposition of salt
as water is frequently used as a scrubbing agent and associated cost in treating the sludge
before disposal. Another problem is the freezing of the scrubbing agent, which is usually

water, due to the low temperature in cold climates.

Wet electrostatic precipitator (Wet ESP)
In the wet ESP, the dust is absorbed in the liquid and drained off from the collecting
plates, which is also a major benefit of the wet ESP with comparison to ESP that dust

resistivity does not play a major role in the wet ESP.

1.5.3 Hg removal by various sorbents
Various adsorbents are used for the Hg removal in the flue gas, which can mainly be

classified as carbon-based and non-carbon based sorbents.

1.5.3.1 Carbon-based sorbents

Activated carbon (AC) is a typical carbon-based sorbent and has a long history to be
used for gaseous phase pollutants removal. For example, AC made from coconut shell is
reported excellent Hg” removal performance due to the large specific surface area. Also,
ACs derived from corn straw, bamboo powder, sawdust (Hong et al., 2019), seaweed (Liu

et al., 2019), and SS (Park and Lee, 2018), are studied as the carrier for active sites which
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can adsorb Hg chemically. Moreover, ACs modified by halogens showed even higher Hg’
removal efficiency (Rungnim et al., 2016; Tong et al., 2017; Yang et al., 2018b; Zhou et al.,
2017, 2015).

Besides the AC, biochar derived from the biomass such as bamboo (Tan et al., 2012,
2011), seaweed (Park and Lee, 2018; Xu et al., 2019), sargassum (Yang et al., 2018b), wheat
straw (Zhang et al., 2019), com straw (Zhang et al., 2019), sunflower seed shells (Zhang et
al., 2019), coconut pitch (Johari et al., 2016; Saman et al., 2019), and SS, are also reported
excellent Hg removal performance after impregnation or other pretreatments.

Among all these carbon-based sorbents, the AC is most suitable for the Hg removal
due to its large specific surface area (Kim et al., 2011). It can, on the one hand, adsorb the
Hg’ physically, on the other hand, it serves as an excellent carrier for modifiers, which can

further elevate the Hg removal performance.

1.5.3.2 Noncarbon-based sorbents

In addition to the traditional carbon-based sorbents, some non-carbon based sorbents
are also studied by many researchers. For example, red mud (Yang et al., 2018a), clay (Cai
et al., 2014; Shen et al., 2016), fly ash (Wang et al., 2016), and bentonite (Shao et al., 2016)
are tested for Hg removal after the chemical impregnation of halogens.

Metal oxides, e.g., Fe>Os nanoparticles (Borderieux et al., 2004), V»0s-TiO>
(Borderieux et al., 2004), CeO,-TiO> (Li et al., 2011), Mn-a-Al>O3 (Jia, 2010), CoTiO (Liu
et al., 2011), and MnO,-CeO-TiO; catalysts (Li et al., 2012), which can oxidize the Hg’
into Hg?" then adsorb the Hg chemically, are also reported excellent performance. These
noncarbon-based sorbents usually have a lower cost than the AC, and therefore are also

very promising sorbents for Hg removal.
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1.6 Research objectives and the structure of the dissertation

With the small land area available for sewage sludge disposal, thermal treatment,
especially sewage sludge mono-incineration, is most widely used in Japan due to its
advantage in minimizing the volume of sewage sludge. However, heavy metals are of great
concern for the thermal treatment process. The concentrations of heavy metals limit the
recycling and disposal of wastewater, ash, and flue gas. Previous research revealed that
unless other heavy metals that can be treated by the APCDs, a significant amount of
mercury is emitted from flue gas. Moreover, Hg emission from the flue gas is associated
with its speciation, for which the HgP can be collected in the ashes, Hg?" can be absorbed
by water at the WS, while Hg® may distribute mainly in the flue gas. Hence, Hg® emission
in flue gas is a critical issue in sewage sludge incineration that needs further investigation.
Besides, carbonization, as an emerging thermal treatment technology, also poses a potential
risk in Hg® emission, which is rarely studied so far.

Hence, the objectives of this research are, firstly, to investigate the concentrations of
heavy metals in each stream generated in the full-scale sewage sludge mono-incinerators;
then, use these data, combining with the practical flow rates, to calculate the mass balance
and distribution of heavy metals and speculate the specific problem in the sewage sludge
mono-incineration process. After that, in an attempt to solve the problem revealed from the
above research, which is mainly Hg emission from the flue gas, continuous monitoring of
Hg emission and speciation in sewage sludge thermal treatment process was conducted. At
last, sorbents for Hg® removal were developed and the mechanism for Hg® adsorption by
prepared sorbents was clarified.

The final goal of this dissertation is to develop effective sorbents for Hg removal in
sewage sludge thermal treatment process, which is sewage sludge mono-incineration and

carbonization in this study. The dissertation is organized as follows (Fig. 1-5):
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Sewage sludge thermal treatment

!
Mono-incineration is dominant in Japan
i
Heavy metals in ash, wastewater, and flue gas during sewage
sludge mono-incineration (Chapter 2)
i
Distribution and mass balance of heavy metals during mono-
incineration (Chapter 3)
i
Hg emission from the flue gas is a potential risk
— S ————— sy
| Relationship between Hg speciation and its distribution Carbonization is an
' | in different streams: emerging technology
Hg speciation for sewage sludge '
| in flue gas: Hg’, Hg**, Hg?; ) thermal treatment
' | in wastewater: Hg dissolved, Hg in suspended solids. i
' Hg removal by commercial
' | Relationship between Hg speciation and temperature sorbents i
(Thermodynamic calculations) (Chapter 4) !
U g L_ ___________________________________________________________________ -1
Hg? removal is hard to achieve and needs further study
v
Sorbent development for Hg® removal and the clarification of the adsorption mechanism
(Chapter 5)

Figure 1-5. Research outline for the behavior and control of mercury in sewage sludge

thermal treatment process.

The first chapter generally introduces the background of this dissertation and generally
survey literature concerning the studies conducted in the following chapters.

Chapter 2 describes the general concentrations of elements in the input (SS, recycling
water) and output (ash, wastewater, and flue gas) in SS mono-incinerators and compares
with reported data in Japan and other countries.

Chapter 3 investigates the behavior of elements during the SS mono-incineration. Two
types of typical SS mono-incinerators, one step grate stoker and two fluidized bed
incinerators, are studied. Use the same sludge as the feed, the differences in the distribution

of elements in the output caused by different types of incinerators are clarified. All the
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target elements are classified into three groups, and the thermodynamic calculation
identifies the phases of incineration products responsible for the different distributions for
each group with the FactSage software.

Chapter 4 further discusses mercury behavior in the SS treatment process. Mercury
continuous emission monitors (Hg-CEM) are used to monitor the Hg emission in SS mono-
incinerators and a carbonization plant. Thermodynamic calculations are also conducted and
compared with the experiment data.

Chapter 5 is a study on mercury removal by activated carbons (ACs) impregnated with
iodine and bromine. The objective of this chapter is to produce adsorbents with high
adsorption performance and clarify the mechanisms for Hg removal by the prepared ACs.
The form of the precursors which impregnated on the ACs as well as the species of Hg on
the used ACs are identified by methods such as XRD, XPS, and XAFS. Possible reactions
responsible for the adsorption are assumed and confirmed by the Gibbs free energy, which
is calculated by the FactSage software.

Chapter 6 concludes the dissertation by discussing the key findings.
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Chapter 2 Concentrations of elements in sludge, recycling water, wastewater, and

ash

2.1 Introduction

An unfavorable aspect of the sludge combustion is the partitioning of the heavy metals
in ash, wastewater, and flue gas. Various research has been conducted on heavy metals
distribution in sewage sludge fluidized bed incinerators. In the wastewater treatment
process, both organic and inorganic pollutants were found to be accumulated in sewage
sludge (Hargreaves et al., 2016; Karvelas et al., 2003; Goldstone et al., 1990), and the
majority of metals and metalloids further accumulated in the incineration ash (Yoshida et
al., 2015). Heavy metals (e.g. As, Cd, Cr, Cu, Ni, Pb, and Zn) were efficiently captured in
fly ash except for Hg. Hg, Pb, and Cd were also significantly present in the stack emission
for their high volatility (Van de Velden et al., 2008). Cd, Cr, Ni, and Pb were found to be
mainly enriched in coarse particles, while As content was higher in fine particles (<PM2.5).
All these elements were effectively removed in ash, whereas Hg was mainly distributed in
flue gas and removed in wastewater (Pudasainee et al., 2013).

Pilot tests results (Marani et al., 2003) indicated higher enrichment of Cd and Pb in
fly ash (recovered in the final bag filter) than in ashes from the cyclone immediately
following the fluidized bed incinerator, and this was mainly affected by chlorine
concentration in the feed sludge (0.2~0.3%). Chlorides and operational conditions were
also reported to affect the distribution and speciation of heavy metals (Liu et al., 2015).
Combined experimental results from simulated laboratory tubular furnace reactor with
calculation results using the FactSage software showed that the volatility of heavy metals
(Pb, Zn, Cr, Cu, Mn, and Ni) was enhanced as the chlorine concentration increased.
Inorganic Cl influenced the volatilization of heavy metals in the following order of Pb >
Zn > Cr > Cu > Mn >Ni. However, the effect of increased retention time was insignificant

(Liu et al., 2015).
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A few researchers also studied the role of spent water from the flue gas treatment
process and paradoxical results were reported (Balogh and Nollet, 2008; Van de Velden et
al., 2008; Yoshida et al., 2015). Approximately 14.4~14.9% of Hg partitioned into spent
scrubber water and returned to the wastewater treatment process as it was reported by
Balogh (Balogh and Nollet, 2008) and Van de Velden (2008) and Yoshida et al. (2015)
found that only negligible amounts of elements (0.023% for Cd and 0.0024% for Hg) in
wastewater from the flue gas treatment process were back to the inlet of wastewater
treatment.

Since the concentrations of elements in sludge, ash, wastewater, and flue gas are
associated with the recycling and disposal of these streams during sewage sludge
incineration and reflect the effectiveness of the whole wastewater treatment process, the
purpose of this chapter is to survey the elemental concentrations in sludge, ash, wastewater,
and flue gas during SS mono-incineration. A wastewater treatment plant (WWTP) located
in western Japan is selected, and a comprehensive survey of elemental concentrations,

especially heavy metals, in SS mono-incinerators was conducted.

2.2 Methodology

2.2.1 Basic information about the wastewater treatment plant

The WWTP selected in this study treats mainly domestic wastewater from about
871,900 population equivalent in western Japan with a capacity of 1,031,000 m>*/day. The
incoming wastewater is physically treated by the primary sedimentation process and
biologically treated in parallel by activated sludge process, anaerobic-anoxic aerobic
process, anaerobic-aerobic activated sludge process and step-feed multistage
nitrification/denitrification, respectively. Additionally, a small amount of sludge from water

purification plant is also transported to WWTP by pipeline and treated together.
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Primary sludge is gravity thickened and anaerobically digested. Waste activated
sludge (WAS) is mechanically concentrated with belt-type concentrator. Anaerobically
digested primary sludge and concentrated WAS are dewatered with screw press dehydrator

to a moisture content of about 80%.

2.2.2 The incineration of dewatered sludge

Two types of incinerators, a step grate stoker (GS) and two fluidized bed (F-type)
incinerators with different dust collectors, are operated in the WWTP. The schematics are
shown in Figure 2-1. Since all three incinerators treat the same sewage sludge, the
characterization of feed is identical, as shown in Table 2-1.

The capacity of the GS is 150 tons/day for dewatered sludge at a moisture content of
80%. In this incinerator, dewatered sludge is first dried within the indirect heating sludge
dryer, using steam derived from the waste-heat boiler, to achieve a moisture content of
~40%. Then, this dried sludge is combusted at temperatures of 850-950°C without
auxiliary fuel.

After combustion, residues are discharged mainly as bottom ash (also called main ash)
and riddling ash (small quantities that drop between the grates of the GS). The heat of the
flue gas is recovered at the boiler to produce the steam used in the sludge drier. At the boiler,
the fine particles are removed from the flue gas and collected as boiler dust. Then, the
particulate matter is removed by a multi-cyclone. Meanwhile, the flue gas is cooled to
~250°C and then directed to a wet scrubber (WS) and a wet electrostatic precipitator (ESP),
where acid gas (mainly SO, and SO3) is absorbed by caustic soda solution and the dust is
removed. Finally, the treated flue gas is emitted through the stack to the atmosphere.

The F-types are operated in parallel, with a capacity of 150 tons/day each. These
incinerators are equipped with similar air pollution control devices (APCDs) except for

their dust collectors; one utilizes a bag filter (denoted as FB), and the other uses a ceramic
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filter (denoted as FC). In contrast to the GS, in FB and FC, the dewatered sludge is directly
combusted at 850-950°C, with no pre-drying. Instead, auxiliary fuel (heavy oil) is used.

Moreover, FB and FC generate only fly ash.

(a)
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Figure 2-1. Schematic of sample collection from the (a) step grate incinerator (GS) and (b)
fluidized bed incinerators (F-types) equipped with bag (FB) and ceramic (FC) filters. The
green arrow shows the flow of steam. The black, blue, and orange arrows (dots) show the
mass flows (sampling points) of solids, water, and flue gas, respectively. Hg-CEM: mercury
continuous emission monitor. In GS: ash samples included bottom ash (main ash, dominant
among all types of ash generated in the GS), riddling ash (dropped from the gap between
grates, minor component), boiler dust, and multi-cyclone dust. The boiler and multi-

cyclone dust are also classified as fly ash in the GS.

2.2.3 The sampling process

The sampling event took place between December 2016 and February 2017, including
batch sampling and continuous sampling. For the batch samples, dewatered or dried sludge,
ash, and drainage, in total 227 samples, from the step grate stoker and the fluidized bed
incinerators (Fig. 2-1).

For the incinerator GS, batch sampling was applied on December 22, 2016, and

February 15, 2017. During the sampling, 1000 g of dewatered sludge, 1000 g of dried
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sludge, and 1000 g of ash samples, including bottom ash, riddling ash, boiler dust, and
multi-cyclone dust, were collected. These solid samples were stored in double zip-lock bags
and kept refrigerated (4 °C) and lightproof until analysis. For water samples, including
secondary treated water for drying, secondary treated water for wet scrubber (WS), the
water of wet ESP, wastewater from mist separator, wastewater from WS, wastewater from
wet ESP and wastewater from ash conveyor, 2 L of each were collected with polypropylene
bottles. And the storage of these samples was the same as sludge and ash samples.

In order to confirm the reliability and representativeness of the batch samples, which
were used in the later calculation of mass balance, continuous sampling was performed as
well. A two-week continuous sampling was conducted in December 14~27, 2016. Sludge,
ash and water samples were collected daily. As other ashes were minor in the hourly amount,
only bottom ash was sampled to represent the ash samples. All continuous samples were
collected for 500 g (for solid samples) or 500 ml (for water samples) with 500-ml
polypropylene bottles. A total number of 150 samples, including 24 samples for batch
(twice) and 126 samples for continuous sampling, were collected in incinerator GS.

For incinerators FB and FC, batch and continuous sampling were also conducted. For
incinerator FB, batch sampling was performed on December 21, 2016, and February 14,
2017. Solid samples including 1000 g of dewatered sludge, 1000 g of bag filter ash, and
1000 g of fluidized sand were collected. Two liters of drainage water, such as secondary
treated water for wet scrubber and wastewater from wet scrubber were sampled at the same
time. A one-week continuous sampling was conducted in February 15~21, 2017. All
continuous samples were collected for 500 g or 500 ml with 500-ml polypropylene bottles
and kept refrigerated and lightproof until analysis. A total of 35 samples (10 for batch
sampling and 25 for continuous sampling), were collected in incinerator FB.

Similar batch sampling for incinerator FC (December 21, 2016, and January 23, 2017)

and continuous sampling (January 16~24, 2017) were conducted. Different from
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incinerator FB, ash sample here was ceramic filter ash. A total of 42 samples, including 10
samples for batch and 32 for continuous sampling, were collected in incinerator FC.

All of the collected solid samples were stored in double Ziplock bags and kept
refrigerated (4 °C) in the dark until analysis. The liquid samples were collected in 2-L
polypropylene bottles and were also stored at 4 °C in the dark until analysis.

During the continuous sampling event, two sets of speciation mercury continuous
emission monitors (Hg-CEM; SGM-8T for Hg?" and SGM-8E for Hg’; Nippon Instruments)
were also set on the spot. The outlet of multi-cyclone/ bag filter/ ceramic filter and the front
of the stack were continuously monitored (Fig.2-1). Concentrations of O, were measured
by a continuous analyzer (CGT-7000, Shimadzu, Kyoto, Japan). The flue-gas temperature
was measured by a thermocouple. The emission concentrations of heavy metals in flue gas
were corrected for 12% oxygen concentration. The stability and repeatability were ensured
by twice samplings and double or triple measurements for each sample. Fig.2-1

summarizes the schematic and sampling points of incinerators GS, FB and FC.
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Table 2-1. General characterization of dewatered and dried sludge. Contents of C, H, and N were measured with CHN analyzer, and contents of other elements were measured with XRF.

shidge Category Incinerator Date TS VTS C H N S (¢} Si Al P Ca Fe K Mg Cl

% %TS %TS %TS %TS %TS %TS %TS %TS %TS %TS %TS %TS %TS %TS

S 12/22/2016 20.3 79.9 39.7 6.2 4.9 0.9 28.4 2.7 2.6 2.2 0.9 0.9 0.4 0.4 0.06

2/15/2017 19.8 82.5 41.9 6.7 4.7 0.8 28.8 2.1 2.0 2.0 0.9 0.7 0.4 0.3 0.06

Batch FB 12/21/2016 18.8 80.6 41.2 6.5 4.6 0.9 27.8 2.6 23 2.1 1.0 0.9 0.4 0.4 0.06

2/14/2017 16.7 82.4 41.9 6.6 4.6 0.8 28.7 2.3 2.0 2.0 1.0 0.7 0.4 0.4 0.06

FC 12/21/2016 18.5 80.8 41.6 6.5 4.6 0.8 27.6 2.7 22 2.1 0.8 0.8 0.4 0.4 0.06

1/23/2017 14.3 79.3 40.3 6.1 3.6 0.9 28.8 2.8 2.5 2.2 1.0 0.8 0.4 0.4 0.07

12/14/2016 21.1 79.1 40.0 6.0 4.5 0.9 28.1 29 2.4 2.0 0.9 1.0 0.4 0.4 0.06

12/15/2016 21.7 77.6 39.2 5.8 3.6 0.7 28.5 35 2.4 1.7 0.8 0.9 0.4 0.3 0.05

12/16/2016 19.6 78.2 393 5.9 43 0.9 28.1 3.1 2.6 2.0 0.8 1.0 0.4 0.3 0.06

12/17/2016 17.0 75.1 37.8 5.7 4.8 1.0 26.1 3.6 32 2.3 0.9 1.1 0.5 0.4 0.07

12/18/2016 19.4 76.9 38.6 5.8 4.6 0.9 273 33 29 23 1.0 1.0 0.5 0.4 0.06

12/19/2016 18.8 76.5 38.7 6.0 4.8 0.9 26.4 32 2.9 23 1.0 1.0 0.5 0.4 0.06

S 12/20/2016 20.2 79.2 39.8 6.2 4.8 0.9 27.9 2.7 2.6 2.1 1.0 0.9 0.4 0.4 0.06

12/21/2016 18.6 77.0 38.7 6.0 4.8 0.9 27.0 32 29 23 1.1 0.9 0.4 0.4 0.07

12/22/2016 19.4 79.5 39.8 6.1 5.1 0.9 27.8 2.7 2.6 23 1.0 0.9 0.4 0.4 0.07

12/23/2016 222 78.8 39.6 6.0 4.7 0.9 27.8 3.0 2.5 2.1 1.0 0.9 0.4 0.4 0.06

12/24/2016 20.9 80.4 40.2 6.2 4.7 0.8 28.8 2.7 2.4 2.0 0.9 0.8 0.4 0.3 0.06

Dewatered 12/25/2016 20.7 80.7 40.3 6.1 4.7 0.8 29.0 2.7 2.4 2.0 0.8 0.8 0.4 0.3 0.06

12/26/2016 20.7 81.1 40.7 6.2 5.1 0.8 28.6 2.5 2.4 2.1 0.8 0.8 0.4 0.3 0.06

12/27/2016 20.8 81.2 40.8 6.2 5.1 0.8 28.6 2.4 2.4 2.1 0.8 0.7 0.4 0.3 0.06

Continuous 1/16/2017 19.7 79.5 40.8 6.5 4.4 0.9 272 2.5 2.7 2.1 1.0 0.8 0.4 0.4 0.06

1/17/2017 20.5 81.0 41.0 6.4 4.2 0.8 28.8 2.4 2.4 2.1 1.0 0.7 0.4 0.4 0.06

1/18/2017 20.4 83.2 40.8 6.4 4.0 0.8 315 2.6 2.4 2.0 1.0 0.8 0.4 0.4 0.06

1/19/2017 19.1 81.6 40.9 6.4 4.0 0.7 29.8 2.5 22 2.0 1.0 ND ND 0.3 0.05

FC 1/20/2017 20.4 82.4 41.4 6.5 4.1 0.9 29.8 2.5 1.8 2.0 1.0 0.8 0.4 0.4 0.06)

1/21/2017 20.3 81.2 40.9 6.5 4.0 0.9 29.2 2.6 2.1 2.1 1.0 0.8 0.4 0.4 0.06

1/22/2017 19.6 80.0 40.3 6.4 4.2 0.8 28.5 2.7 2.6 2.1 1.0 0.8 0.4 0.4 0.06

1/23/2017 18.9 80.3 40.5 6.4 4.3 0.9 28.5 2.5 2.6 2.2 1.0 0.8 0.4 0.4 0.07

1/24/2017 19.3 82.8 41.1 6.5 42 0.8 30.4 22 22 2.1 0.9 0.7 0.4 0.3 0.06

2/15/2017 20.3 83.9 42.0 6.2 4.8 0.8 30.3 22 1.9 2.1 1.0 0.7 0.4 0.4 0.06

2/16/2017 20.4 82.4 41.6 6.1 4.7 0.8 29.5 2.3 23 2.0 0.9 0.7 0.4 0.4 0.06

2/17/2017 19.8 83.5 423 6.2 4.9 0.8 29.6 22 1.8 2.0 1.0 0.7 0.4 0.4 0.06

FB 2/18/2017 20.3 84.6 43.2 6.2 4.8 0.8 29.9 2.0 1.7 1.9 0.9 0.6 0.4 0.3 0.06)

2/19/2017 20.6 84.4 433 6.1 4.7 0.8 29.7 2.0 1.8 1.9 0.9 0.6 0.4 0.3 0.06

2/20/2017 20.2 83.9 43.0 6.1 5.0 0.9 29.1 2.0 1.9 2.0 1.0 0.7 0.4 0.4 0.06

2/21/2017 223 83.9 42.8 6.2 4.7 0.8 29.6 2.2 1.7 1.8 1.0 0.6 0.4 0.3 0.05

Batch S 12/22/2016 55.4 81.1 40.7 6.5 5.5 0.9 27.8 2.5 22 2.2 0.9 0.9 0.4 0.4 0.06

2/15/2017 59.5 84.6 43.2 6.9 53 0.7 28.8 1.9 1.6 1.8 0.8 0.6 0.3 0.3 0.05

12/14/2016 61.5 80.3 40.8 6.4 4.9 0.9 27.6 2.7 2.4 2.0 0.8 0.8 0.4 0.3 0.05

12/15/2016 64.0 79.7 40.3 6.1 39 0.8 28.9 3.0 2.1 1.6 0.8 0.9 0.4 0.3 0.06

12/16/2016 58.9 79.7 40.5 6.3 4.6 0.8 27.9 29 22 1.8 0.8 0.9 0.4 0.3 0.05

12/17/2016 58.7 79.2 40.1 6.3 5.1 0.9 27.1 3.0 23 2.1 0.8 0.9 0.4 0.4 0.06

12/18/2016 56.1 77.8 39.2 6.2 5.1 0.9 26.8 32 2.7 2.2 0.9 0.9 0.4 0.4 0.06

Dried 12/19/2016 57.1 78.7 39.6 6.2 52 0.9 27.1 29 2.5 2.2 0.9 0.9 0.4 0.4 0.06

. 12/20/2016 58.6 80.2 40.4 6.3 5.0 0.8 28.0 2.5 2.4 2.1 0.9 0.9 0.4 0.4 0.05
Continuous S

12/21/2016 60.0 79.6 40.6 6.4 53 0.9 26.7 2.5 22 2.2 1.0 0.9 0.4 0.4 0.06

12/22/2016 58.5 80.9 41.0 6.5 5.4 0.9 27.4 2.4 22 2.1 0.9 0.8 0.4 0.4 0.06

12/23/2016 61.4 80.8 41.3 6.5 5.1 0.8 273 2.5 22 2.0 0.9 0.8 0.4 0.3 0.05

12/24/2016 59.5 81.4 41.4 6.5 4.9 0.8 28.1 2.5 2.0 1.9 0.8 0.8 0.4 0.3 0.06

12/25/2016 61.8 81.6 41.3 6.4 4.7 0.8 28.7 2.5 2.1 1.9 0.8 0.7 0.4 0.3 0.06

12/26/2016 60.9 81.6 41.2 6.5 5.0 0.8 28.4 2.5 23 2.0 0.8 0.8 0.4 0.3 0.06

12/27/2016 58.8 82.7 41.8 6.6 5.1 0.7 28.7 2.1 2.1 1.9 0.7 ND ND 0.3 0.05
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2.2.4 The general characterization of sludge

The total solids content (715) of dewatered sludge was measured from the difference
between the weight of the sludge before and after baking at 105 °C for 24 hours. The
volatile total solids content (V'7S) was measured by weighing of the sludge after baking at
625 °C for four hours with a muffle furnace. The contents of C, H, and N were analyzed
with the CHN analyzer (CHN, Micro Corder JM10) and the elemental contents (S, O, Si,
AL P, Ca, Fe, K, Mg, Cl, and so forth) were determined with the X-ray fluorescence analysis
(XRF, Lab Center XRF-1800, Shimadzu Corp. Kyoto, Japan). All these data are shown in

Table 2-1.

2.2.5 Analytical methods

Solid (dewatered sludge, dried sludge, ash) and water samples were digested with
concentrated hydrochloric acid and nitric acid using the hot plate method (Japan Sewage
Works Association, 2012) (JIS K 0102). The mass of samples used for digestion was 10 g
for dewatered sludge, 5 g for dried sludge, 0.5 g for ash, and 100 mL for water. After
filtration with paper filter (5B, Kiriyama glass corp., Tokyo, Japan), the digested solution
was analyzed with inductively coupled plasma atomic emission spectroscopy (ICP-AES,
Thermo Fisher Scientific Waltham, USA) for contents of Al, P, Ca, S, Fe, Mg, K, Mn, Zn,
Cu, Na, Pb and Ni, and with the inductively coupled plasma mass spectrometry (ICP-MS,
Thermo Fisher Scientific Waltham, USA) for contents of Cr, Ag, As and Cd. Reference
material BCR176 (Takaoka et al., 2000) was used to confirm the reliability of the procedure

(Table 2-2).
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Table 2-2. Analytical results of elements in reference material BCR No. 176 (n = 4).
Certified

Element T (paiin) AV (mg/kg) SD (mg/kg) RSD (%) Recovery (%)
Al 94,000 68.411 3.657 53 73
P 5.540 3.831 353 9.2 69
Ca 81,000 86.450 1.781 2.1 107
S 34.900 32,507 1,682 52 93
Fe 21,300 19.434 761 3.9 91

Mg 20.000 15.428 1.117 7.2 77
K 41,000 31.622 1,159 3.7 77
Mn 1.400 1.474 423 29 105
Zn 25,770 27,171 676 25 105
Cu 1,302 1.300 33.2 2.6 100
Na 31,000 26.412 885 3.4 85
Cr 863 633 56.0 8.8 73
Pb 10.870 10,354 402 3.9 95
Ni 123.5 118.2 5.6 4.7 96
Ag 65 N.A. - - -
As 93.3 N.A. - — -
cd 470 511 9.0 1.8 109

AV: Average; SD: Standard deviation; RSD: Relative standard deviation; N.A.: Not analyzed.

Total Hg concentrations in sludge, ash, and water samples were determined
quantitatively by the heat-vaporizing method using an MA-2000 (Nippon Instruments
Corp., Osaka, Japan) without acid digestion or heat pretreatment of the samples.

In total, eighteen elements (Al, Cu, Fe, Mn, Ni, Pb, Zn, Ca, K, Mg, Na, Cd, Cr, As,
Ag, P, S, and Hg) were measured. All analyzed results are shown in Tables 2-1 and 2-3,
and concentrations in solid samples (sludge and ash) are based on dry materials. While
concentrations in recycling water and wastewater, fluid sand, and flue gas, are shown in

Table 2-5~2-8.

2.3 Results and Discussion

2.3.1 Sludge

The proximate properties of dewatered sewage sludge are summarized in Table 2-3.
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The dewatered sewage sludge had high VTS content, which usually means high calorific

value; therefore it is feasible for mono-incineration.

Table 2-3. General characteristics of dewatered and dried sludges in GS, FB, and FC. Data
are based on average results from batch sampling between December 2016 and February
2017.

Incinerator GS FB FC Average Yahya (2018)

Sludge Dewatered  Dried Dewatered  Dewatered = Dewatered  Dewatered

TS (wt %) 201 £ 03 57521 155+13 186+ 02 181+% 21 202= 34

VIS(mwt%) 812+ 13 829+ 18 8.8+ 15 80.7+02 8.9+12 799+ 6.6
Elemental analysis (wt %)

C 408+ 1.1 419+ 12 415+ 04 409+ 07 4111X09 398+ 35
H 64+ 02 67+02 66+01 63+02 64FX02 65+05

N 4.8 + 0.1 54+ 0.1 46+ 003 41+ 05 45* 04 57+ 1.1

S 0.9 + 0.1 08+ 01 08+002 08+001 08F005 13+ 04

fe) 373+ 03 363+ 01 367+01 376+ 10 372X07 271+ 3.1
Si 24403 22+03 25+02 28+01 26%X03 22+ 08

Al 23+ 03 1.9+03 22+02 24%01 23t 02 1.2+ 06

P 21£01 20+02 20%004 21+004 21%X01 28+ 07

Ca 0.9 + 0.002 0.9 + 0.1 1.0+ 001 09+01 09%01 1.3+ 05

Fe 08+01 07+01 08+01 08+003 08FX01 22+ 15

K 04+ 002 04+ 004 044001 04+001 04F002 04+0.1

Mg 04+ 002 03+003 04+002 04+001 04F002 06+ 03

Cl 0.06 + 0.004 0.06 + 0.01 0.06 + 0.002 0.07 + 0.01 0.06 £ 0.01 ND.

TS: total solids contents; V'TS: total volatile solids content; N.D.: No data.

In average, the dewatered sludge had a high VTS content of 80.9 = 1.2%, with the
contents of C, H, N, Sand O as 41.1 £0.9%, 6.4 + 0.2%, 4.5+ 0.4%, 0.8 £ 0.05% and 37.2
+ 0.7%, respectively. Other elements (P, Ca, K and Mg) showed comparable contents to the
average value reported in Japan (Yahya, M.,2018) and were lower than previous
investigations conducted elsewhere (Cieslik and Konieczka, 2017; Ronda et al., 2019;
Thomsen et al., 2017). The content of Al, however, was 2.3 £+ 0.2%, higher than the average
content (1.2%) in Japan (Yahya, M., 2018). The high Al is caused by the mixed sludge from

the water treatment plant, in which polychlorinated aluminum is used as flocculants. The
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CI content in SS was 0.06%, being lower than 0.2-0.3% that reported to affect the

speciation of heavy metals in SS combustion (Marani et al., 2003).

Table 2-4. Elemental concentrations in sludges in GS, FB, and FC. All concentrations are
based on dry matter.

Incinerator GS FB FC
Sample Dewatered sludge Dried sludge Dewatered sludge Dewatered sludge
Element ¢ (mg/kg)

Al 23200 * 2190 17600 * 2430 21800 * 2210 20800 * 2090
P 18700 * 957 16000 + 1220 18300 * 1810 15600 * 2090
Ca 7650 * 292 6780 * 542 8370 * 1030 7060 * 212
S 7820 * 413 6660 * 479 7740 * 710 7030 * 630
Fe 8140 * 853 7060 * 1140 7670 * 696 6420 * 278
Mg 2590 £ 92 2300 * 195 2580 * 271 2320 * 185
K 2370 * 64 2240 * 255 2500 * 183 2160 * 190
Mn 783 £ 39 671 * 87 747 £ 63.9 627 * 89.1
Zn 426 £ 9 382 £32 458 * 50.8 470 £ 41.5
Cu 219 £ 7 204 =17 235 £ 29.7 227 £ 20

Na 225 £ 19 238 £ 41 210 = 573 240 * 104

Cr 295 £ 1.5 305 £ 25 255175 27.0 £ 6.0
Pb 27.1 £33 243 £ 16 271 £ 28 28.6 £ 3.7

Ni 174 £ 2.7 16.6 £ 2.2 19.1 £538 17.6 £ 1.6
Ag 6.5 £ 0.5 6.0 0 5505 9.0 £ 1.0

As 45 15 5505 5515 50 1.0

Hg 1.6 £ 0.1 1.4 £ 0.1 14 £0.2 2003

Cd 1.0 £0 1.0 0 1.0 0 1.0 £0

The concentrations of elements in the ISSA are directly affected by the composition
of the sludge. Table 2-4 illustrates the composition of the sludge that fed to incinerators
GS, FB, and FC, and elemental analyses showed consistent trends with the proximate
analysis results in Table 2-3. Besides, some heavy metals were also detected in dewatered
sludge under the regulation for fertilizer production. In GS, for example, the concentrations
of Cr, Pb, Ni, As, Hg and Cd in sludge were 29.5 + 1.5, 27.1 £ 3.3, 174 +£2.7,4.5 £ 1.5,

1.6 £ 0.1, 1.0 = 0 mg/kg, respectively (Table 2-4). Concentrations of Cr, Pb, Ni, and Hg
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were generally lower than reported data in China (Chen et al., 2012), Korea (Pudasainee et
al., 2013), and Italy (Marani et al., 2003); while As, and Cd showed comparable
concentrations to sludge reported in Korea (Pudasainee et al., 2013). All these values were
higher than the data reported in Sweden (Bhasin, 2017).

To conclude, the SS had major elements as Si, Al, P, Ca, Fe, K, Mg, with comparable
value with the average content in Japan. For heavy metals, Cr, Pb, Ni, and Hg had relatively
lower concentrations than reported data in other countries like China, Korea, and Italy.
Moreover, even fluctuated to some extent for the different sampling periods, concentrations

of target elements in sludge were of the same range.

2.3.2 Recycling water and wastewater

During the combustion of the SS, recycling water was used for generating the steam
for SS drying, flue gas washing, and cooling down the temperature of ashes. Studies show
that, the recycling water may bring a significant amount of heavy metals to the total mass
balance for the SS incineration process due to the large volume used (Balogh and Nollet,
2008). The concentrations of elements in the recycling water and wastewater in GS, FB,
and FC are summarized in Table 2-5.

The element concentrations, including heavy metals (Table 2-5) measured in the
recycling water were low, and even below the standards for tap water (MHLW) or sewage

effluent (Ministry of the Environment).
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Table 2-5. Elemental concentrations (c[mg/L]) in recycling water in GS, FB, and FC.

Incinerator
Sample

Element
Al
P
Ca
S
Fe
Mg
K
Mn
n
Cu

Cr
Pb
Ni
Ag
As
Hg
Cd

Treated water

for drying

0.07 = 0.04
1.0 = 0.1
176 £ 0.3
158 £2
0.29 = 0.14
41 £ 0.1
7.7 £ 04
0.04 £ 0.02
0.03 £ 0.002
0.01 * 0.001
362 £ 1.6
01=*0
0.006 = 0.003
N.D.

001 £0

GS

Treated water

for WS

0.07 £ 0.04
1.0 £0.1
176 £ 0.3
158 £ 2
029 = 0.14
41 £ 0.1
7.7 =04
0.04 * 0.02
0.03 £ 0.002
0.01 £ 0.001
362 £ 1.6
01 *0
0.006 = 0.003
N.D.

0.01 £0

Water
for wet ESP
¢ (mg/L)
0.001 %= 0.03

N.D

143 £ 04
45 £ 05

0.7 £ 0.21
2.4 + 0.02
1.3 = 0.03
0.004 £ 0
0.01 £ 0.01
0.001 £ 0.001
82 03
010

N.D.

0.006 = 0.005
001 £0

H + H+

FB

Treated water

for WS

0.06 = 0.05
0.8 £ 0.04
183 =04
13.8 £ 25
0.15 = 0.07
41 £ 0.1
7.1 £ 05
0.08 £ 0.003
0.05 £ 0.01
0.01 = 0.002
36.8 £53
<0.2
0.001
0.002
<0.01
<0.01
0.00004
<0.003

+

0.01
0.009

H+
o

FC

Treated water

for WS

0.08 £ 0.06
0.7 £ 0.03
184 =02
133 £35
0.08 = 0.02
41 0.1
7.0 £ 0.8
0.06 £0
0.04 = 0.01
0.01 £ 0.001
348 £ 7
<0.2

N.D.

0.008 = 0.009
<0.01

<0.01

0.004 £ 0
<0.003

In wastewater, however, significant increases in concentrations of S and Na were
observed from WS in F-types (Table 2-6). The increase in S concentration in wastewaters
may be related to the accumulation of S in the slurry at WS and the possible inhomogeneity
that can hardly be avoided by the one-spot sampling of wastewater from WS. The increase
in Na concentrations in wastewaters is by large caused by the addition of caustic soda that
used for acid gas (SO; and SO3) removal at WS. Since no specific Na removal procedures

were adopted in SS mono-incineration process, the concentration of Na was accumulated

and elevated in wastewaters from WS.
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Table 2-6. Elemental concentrations (c[mg/L]) in wastewater in GS, FB, and FC.

Incinerator GS FB FC
Wastewater  Wastewater =~ Wastewater =~ Wastewater ~ Wastewater ~ Wastewater
S figm ‘mls’.( fromWS  from wet ESP fiom ash‘ from WS from WS
separator conveyor
Element ¢ (mg/L)
Al 0.09 £ 005 0.13 £005 0.02 005 219 0.5 0.1 £ 0.04 0.17 £ 0.07
P 1.0 £ 0.02 1.5 =03 6.1 £ 14 20.1 £2.0 0.8 £0.2 0.9 = 0.3
Ca 16.6 £ 0.9 183 £ 0.5 172 £ 0.3 325 £1.1 17.6 £ 0.5 17.8 £0.2
S 142 * 1.7 598 2.7 274 £ 15 20.7 £ 0.8 485 £ 8 56.6 = 8.2
Fe 0.09 £0.01 021 £0.17 0.07 £0.01 9.6 £0.3 0.13 £0.09 0.23 £0.17
Mg 39 0.2 43 £ 0.1 4.1 £ 0.1 7.6 =03 4 0.1 4.0 £ 0.1
K 7.0 £ 04 79 £ 04 84 £ 0.2 12.0 £ 0.3 8.1 £0.7 79 £ 0.9

I+

Mn 0.02 = 0.0004 0.02 £ 0.001 0.02 £0.001 1.0 £ 0.04 0.06 = 0.01 0.07 £ 0.01

Zn 0.04 £0.01 0.52 £0.07 107 £1.5 0.4 = 0.08 0.04 £ 0.004 0.05 £ 0.02

Cu 0.01 £0 0.02 £ 0.003 0.12 £0.01 0.27 £0.03 0.01 =0.002 0.01 £ 0.004

Na 349 £5.0 342 £ 1.7 349 £32 36.9 £3.2 100.7 £ 94 99.1 £ 125
Cr 01 %0 01 %0 010 0.1 £0 <0.2 <0.2

Pb 0.003 £ 0.005 0.046 £ 0.003 1.1 £ 0.2 0.04 £ 0.004 0.003 = 0.002 N.D.

Ni 0.005 £ 0.002 0.006 = 0.007 N.D. 0.04 = 0.004 0.005 £ 0.002 0.005 = 0.004
Ag 0.01 £0 0.01 £0 00 0.01 £0 <0.01 <0.01
As 0.01 £0 0.01 £0 0.2 = 0.02 0.01 £0 <0.01 <0.01

+
Hg 0.002 = 0.002 0.01 = 0.001 0.01 = 0.001 88835_ 0.003 = 0.003 0.01 £ 0.003
Ccd 0.002 £ 0 0.002 £ 0 0.04 = 0.005 0.002 =0 <0.003 <0.003

ESP: electrostatic precipitator; WS: wet scrubber; N.D.: not detected; < 0.01: concentration lower than

the limit of quantification.

2.3.3 Ash

After the combustion, the residues generated, namely the ISSA, are of great concern.
On the one hand, nutrients such as P enriches in the ISSA and can be recycled for fertilizer
production; on the other hand, heavy metals also condensed in the ISSA. Therefore, a
comprehensive survey of elemental concentrations in the generated ISSA from the
incinerator GS, FB, and FC were conducted, as shown in Table 2-7. Compared with the
SS, the ISSA showed significant enrichment in concentrations of most elements. The major

elements in the ISSA were Al, P, Ca, and Fe, being consistent with that reported in the
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literature (Donatello and Cheeseman, 2013). Amongst, P showed high concentrations as
86,400~92,000 mg/kg-dry, higher than the reported data from Germany (Kriiger et al.,
2014), but comparable with the average value worldwide (Donatello and Cheeseman, 2013).
Meanwhile, some elements, e.g., Hg, showed even lower concentrations in the ISSA than
in the SS. With higher P content but lower concentrations of heavy metals, the ISSA has
the potential to be recycled in the fertilizer production.

Moreover, different tendencies in concentrations of heavy metals such as Zn, Pb, Ag,
As, and Cd were found among ISSA in GS, FB, and FC. These differences associated with
the incinerator type may significantly affect the recycling and disposal of the ISSA in these

incinerators, and therefore, should be further clarified.

Table 2-7. Elemental concentrations (c[mg/kg-dry]) in ashes GS, FB, and FC.

Incinerator GS FB EC
Sample Bottom ash Riddling ash Boiler dust Multi-yelome Bag filter ash Cerandle filtex
dust ash

Element ¢ (mg/kg-dry)
Al 99,300 = 8,840 108,000 £ 3,480 102,000 £ 4,400 106,000 = 3,020 110,000 = 7,160 123,000 * 4,880
P 92,000 = 13,400 94,800 = 3,480 87,700 * 6,120 92,700 = 4,300 87,700 * 6,560 86,400 * 609
Ca 41,900 £ 7220 42,700 £ 3,070 40,300 £ 4,180 44,100 = 3,130 39,500 £ 3,520 36,900 £ 3,750
S 1,610 = 374 1,570 = 180 3,410 £ 711 3,510 £ 129 3,900 £ 352 4,110 £ 269
Fe 39,800 £ 2,730 41,500 * 2,820 42,700 £ 2,510 43,700 = 2,180 41,600 £ 3,190 42,700 * 3,280
Mg 15,800 £ 2,600 16,200 = 1,160 15,000 = 1,520 16,300 = 1,160 14,400 = 1,320 13,700 £ 435
K 14,000 £ 2,320 14,500 £ 512 13,000 = 978 13,700 £ 713 13,700 £ 1,030 13,600 £ 378
Mn 4,110 * 488 4300 * 46 3,950 £ 192 4200 * 56 3,880 £ 230 3,680 * 228
Zn 1,270 £ 293 1,380 £ 171 4,330 £ 369 4,520 £ 1,020 2,430 £ 294 2,430 £ 873
Cu 1,200 £ 246 1,240 £ 145 944 £ 115 994 £ 97 1,130 £ 117 1,070 £ 41.8
Na 4,000 £ 377 4,090 £ 236 3,620 £ 195 3,780 = 65 3,020 = 264 2,840 £ 162
Cr 190 = 10 220 £ 0 345 £ 15 210 = 10 185 £ 5 175 £ 5
Pb 53 = 31 63 * 31 399 £ 51 445 £ 97 163 £ 31 167 £ 19
N1 122 = 18 112 £ 9 200 = 14 129 = 4 110 £ 9 112 £ 8
Ag 235 £ 35 240 £ 40 49.0 £ 9.0 525 £ 65 305 £ 05 325 £ 45
As 10.0 £ 1.0 155 £ 35 80.5 + 295 40.0 £ 4.0 325 £ 05 335 = 3.5
Hg 0.1 £0.1 0.1 £0.1 0.1 £0.1 02 £ 0.1 05 0.1 0.018 £ 0.002
Cd 1.1 £09 1.1 £09 120 £ 20 105 £ 0.5 45 £ 15 35105

2.3.4 Flue gas

Apart from the ISSA, a small fractions of heavy metals are considered to be emitted
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from the flue gas. The monitoring results of concentrations of heavy metals are shown in
Table 2-8. Concentrations of all monitored elements, except for Hg, were under the limit
of quantification (LOQ). The concentrations of these heavy metals are associated with their
species during the combustion. The speciations of Pb and Cd are reported to be affected by
the CI content (Marani et al., 2003; Yu et al., 2017), for which the higher CI enables higher
volatilization of these elements. However, Pb and Cd were unable to be detected in the flue
gas, which may be related to the relatively lower Cl content of ~0.06% in the SS (Table 2-

3).

Table 2-8. Elemental concentrations (c[pug/Nm?]) in flue gases in GS, FB, and FC.

: Incinerator
Element (ug/Nm”) = = —
Cr <0.01 <0.01 <0.01
Pb <0.01 <0.01 <0.01
Ag <0.01 <0.01 <0.01
As <0.01 <0.01 <0.01
Hg 0.014 = 0.003 0.018 = 0.002 0.005 = 0.003
Cd <0.01 <0.01 <0.01

2.4 Summary

The concentrations of elements in sludge, water, ash, and flue gas were monitored in
all three SS mono-incinerators. Since the same dewatered sludge was used as the feed, the
composition of SS was found to be comparable. In SS, major elements are C>O>H >N
> Si > Al > P> Ca > S > Fe in the decreasing order. In the recycling water, the
concentrations of all the elements were below the standards for tap water (MHLW) or
sewage effluent (Ministry of the Environment). In ashes, concentrations of almost all the
elements, e.g., P, showed significant increases. However, the concentration of Hg was lower

in the ashes than in the SS. Moreover, different enrichment behaviors of heavy metals in
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the ISSA were found in incinerators GS, FB, and FC, which may also affect the recycling
and disposal of the ISSA. In flue gas, only Hg was detected and concentrations of other

elements were lower than the limit of quantification.
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Chapter 3 Mass balance and distribution of elements in incinerators
3.1 Introduction

Understanding the environmental fate of metals, including their transformation and
distribution pathways, is essential for improving the operating conditions of incineration
plants to control behavior and emission of the pollutants. Previous studies mostly focused
on co-combustion of sewage sludge with municipal solid wastes (MSW), coal (Lee and
Wilcox, 2017; Nadziakiewicz and Koziol, 2003; Niu et al., 2018; Spliethoft et al., 2000;
Zhang et al., 2013; Zhao et al., 2019) or wood (Amand and Leckner, 2004; Elled et al.,
2007). Few researchers investigated heavy metals during incineration of sewage sludge
(Balogh and Nollet, 2008; Kasina et al., 2017; Pudasainee et al., 2013; Takaoka et al., 2012;
Van de Velden et al., 2008; Yoshida et al., 2015) and mostly concentrated on behavior of
heavy metals in fluidized bed incinerators as they are applied widely. However, step grate
incinerators also have advantages associated with the lower construction investment, lower
exploitation cost, and simple operation. Therefore, investigation of the behavior of heavy
metals in such stokers should be of high significance including differences between
fluidized bed and step grate incinerators.

Moreover, Chapter 2 demonstrated different enrichment behaviors of heavy metals
in ISSA from the step grate stoker and fluidized bed incinerators, which may further affect
the recycling and disposal of the ISSA. Therefore, the purposes of this chapter are: (1) to
investigate the distribution of heavy metals in the ISSA; (2) to compare the differences in
the behavior of heavy metals between the step grate stoker and fluidized bed incinerator;

and (3) to evaluate the potential of the ISSA for fertilizer production.
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3.2 Methodology

3.2.1 The calculation of enrichment factor and mass balance

Based on experimental data in Tables 2-4 and 3-1, we calculated the enrichment factor
in ashes and the mass balance in incinerators GS, FB, and FC.

During combustion, elements in sludge were either concentrated in the solid phase
(e.g., particles or adsorbed on particles then collected as ash) or emitted into the gas phase
and treated by the APCDs. The enrichment factor (Ef) of elements in ash was therefore

defined as in equation (1):

Ef: Cash (1)

Csl udge

Where ¢, (mg/kg) andc,, , , (mg/kg) represent the concentrations of elements in the

sludge

ash and sludge, respectively.

The recycling water contains significant amounts of heavy metals (Balogh and Nollet,
2008; Van de Velden et al., 2008); therefore, it was also included as the input for mass
balance calculation in both sludge drying unit in GS and the whole combustion process in
each incinerator.

The input to incinerator GS included four streams: dewatered sludge, treated water for
drying, treated water for WS, and water for wet ESP. The output included eight streams in
three kinds: ash (bottom ash, riddling ash, boiler dust, and multi-cyclone dust), wastewater
(wastewater from mist separator, WS, and wet ESP) and flue gas.

For the drying process in GS, the input included dewatered sludge and treated water
for drying, while the output consisted of dried sludge and wastewater from mist separator.

The input to FB (FC) included two streams: dewatered sludge and treated water for
WS. The output consisted of three streams: bag filter ash (ceramic filter ash), wastewater
from WS, and flue gas.

The fraction of each stream (sludge and recycling water) to the total input for each
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element was calculated by equation (2):

Mass fraction (%) = QQ—’ (9, = ZQ 0, =¢-4,) 2

124

where Q; represents the quantity of each stream (mg/h), Oin represents the quantity of
total input (mg/h), with ¢; (mg/kg or mg/L) and ¢; (kg/h or L/h) denotes the concentration
and flow rate of elements in each stream of input, respectively.

The mass balance of each element during combustion was assessed by the recovery
rate. The recovery rate was defined as the ratio of the total output of each element to the

input, as shown in equation (3):

Recovery rate (%) = % (O, = Z 0,.0,=¢,q,) (3)

m

where Qoue denotes the output quantity (mg/h); cx (mg/kg or mg/L) and g (kg/h or L/h)
represents the concentration and flow rate of elements in each stream of output, respectively.
In the flue gas, elements with concentrations under the limit of quantification (LOQ),
namely Cr, Pb, Ag, As, and Cd (Table 2-8), were not included in the calculations of

recovery rates in all incinerators. Only Hg in the flue gas was involved in the mass balance.

3.2.2 Thermodynamic calculation

Thermodynamic equilibriums across the GS, FB, and FC were estimated using
FactSage software (version 6.1) under Equilib mode (Bale et al., 2016). This mode assumes
that chemical equilibrium is achieved in the combustion chamber.

All parameters were set according to the operating conditions in each incinerator. The
input mass of each element was calculated based on concentrations and flow rates of sludge
using the data collected in Tables 2-4 and 3-1. Calculations were conducted at 850 °C
(combustion) and 250 °C (secondary interactions at dust collectors: multi-cyclone, bag, and
ceramic filters in the GS, FB, and FC, respectively) at atmospheric pressures of 100.485,

100.805, and 100.915 Pa in the GS, FB, and FC, respectively.
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Table 3-1. Flow rates (¢) of sludge, water, wastewater, ash, and flue gas in a step grate stoker (GS) and fluidized bed incinerators equipped with

the bag (FB) and ceramic (FC) filters.

Input Output
; Treated Treated Wastewater Wastewater e Multi-
Sample Usmatmred ol Air water for ~ water for Matesir from mist N et from ash | Main ash” Rudilng Boiler dust  cyclone Flue gas
sludge sludge . - wet ESP T from WS from wet ESP T ash i
Flow rate (g) (t/h wet basis) (Nm’/h) (m’ /) (/) (ke/h) (Nm*/h)
GS 55+£02 21+0.04 |5810 72.5+£0.5 1300 58+£03 |75.9+0.7 131+ 0 6+0 443+03 (212423 29+£08 0.05+0.0040.6£0.2 |11200+250
FB 24+08 10869 140.5 £ 8.5 145.6 £10.6 88.3 £33.0 13200 £ 250
FC 3.7+06 11259 149.5£0.5 151.2£0.8 120+ 34 16000 £ 1250
T5/55 % (wt %) (mg/L) (mg/L) (wt %a)
GS 20:1 803 57.53.2:1 2 2 +0 0.5+0 185%+15 35+05 350 205+25
FB 185513 41+0.7 254+£219 99.7 £ 0.02
FC 18.6 £0.2 3+05 255222 99.9 £ 0
VTS/VSS (wt %) (mg/L) (mg/L) (wt %)
GS 812+1.3 B29+18
FB 80.8£1.5 3.2x04 TT 0 0.6 £0.02
FC 80.7£0.2 0.8=0.3 2:34°1:5 0.5+0.1

“Main ash refers to bottom ash in the GS, bag filter ash in FB, and ceramic filter ash in FC.

53




Different input data were used for the simulation at 250 °C. In the GS, since the bottom
and riddling ashes are removed at the combustion unit, only combustion components in the
gas phase from 850 °C were used in the simulation at 250 °C, while in FB and FC, the
simulations at the dust collectors (250 °C) were performed using the same input data as for
combustion. The input data for the thermodynamic calculations are summarized in Tables

3-2, 3-3, and 3-4. Equilibriums are summarized in Table 3-5.

Table 3-2. Input data to the FactSage software for GS. In the GS, since the bottom and
riddling ashes are removed at the combustion unit, only combustion components in the gas
phase from 850 °C were used in the simulation at 250 °C for the secondary reactions of the
combustion components at the APCDs.

Combustion condition
Temperature 850 °C
Pressure 100.485 kPa
Flow rate (kg/h)
Dried sludge . .
. X Combustion air
Combustible component Incombustible component
C 525.9 H>O 887.7 N 7,872
0] 483.5 Si 34.1 02 2,408
H 82.2 Al 29.3 H.O 83
N 64.3 P 26.1
S 10.9 Fe 11.0
Ca 10.8
K 5.1
Mg 43
Mn 0.8
Cl 0.7
Zn 0.5
Na 0.3
Cu 0.2
Cr 0.04
Pb 0.03
Ni 0.03
Ag 0.01
As 0.01
Hg 0.002
Cd 0.001
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Table 3-3. Input data to the FactSage software for FB. The combustion components were
calculated at 850 °C, and the secondary reactions of combustion components at the APCDs
were estimated at 250 °C, with other conditions consistent with the combustion at 850°C.

Combustion condition
Temperature 850 °C
Pressure 100.805
kPa
Flow rate (kg/h)
Dewatered sludge ) .
Combustion air
Combustible component | Incombustible component
C 251.0 H>O 2,650 N» 10,517
O 223.8 Si 16.1 02 3,217
H 39.6 Al 14.3 H>O 77
N 27.9 P 12.6
S 52 Ca 5.9
Fe 52
K 2.5
Mg 2.4
Mn 0.43
Cl 0.39
Zn 0.25
Na 0.15
Cu 0.13
Pb 0.015
Pb 0.014
Ni 0.013
Cr 0.011
As 0.004
Ag 0.004
Hg 0.001
Cd 0.0006
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Table 3-4. Input data to the FactSage software for FC. The combustion components were
calculated at 850 °C, and the secondary reactions of combustion components at the APCDs
were estimated at 250 °C, with other conditions consistent with the combustion at 850 °C.

Combustion condition
Temperature 850 °C
Pressure 100.915 kPa
Flow rate (kg/h)
Dewatered sludge ) .
Combustion air
Combustible component | Incombustible component
C 3227 H>O 3,454 N2 10,895
0] 284.1 Si 21.0 07 3,332
H 50.2 Al 17.4 H>O 80
N 35.8 P 16.3
S 6.5 Ca 6.3
Fe 59
K 3.0
Mg 2.7
Mn 0.56
Cl 0.48
Zn 0.40
Cu 0.19
Na 0.11
Pb 0.023
Cr 0.016
Ni 0.013
Ag 0.008
As 0.005
Hg 0.001
Cd 0.001

3.3 Results and Discussion

3.3.1 Enrichment factor

During the incineration of dewatered sludge, organic matter, characterized as VTS,
turned into the flue gas. Inorganic matter, on the other hand, is expected to remain in the
solid phase as the ash. Thus, after combustion, the mass of solid phase (turned into ash)
decreased to the same as the inorganic matter contained, which would be 19.1% (VTS:
80.9%) as the original amount of sludge on a dry matter basis. Assume that compounds

formed by inorganic elements during the incineration were in the solid phase, then
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concentrations of these elements in the incineration ash would consequently be elevated to
about 5-fold compared with their concentrations in the sludge (dry matter basis).

However, depending on the thermodynamic characteristics of elements contained, a
certain fraction of inorganic matter may also distribute into the gaseous phase. To discuss
the enrichment behavior of elements clearly in the incineration ash, we classified all target
elements into three groups according to their dominant species and practical partitioning in
ashes as non-volatile elements (Al, P, Ca, Fe, Mg, K, Mn, Cu, Na, Cr, and Ni), semi-volatile
elements (Zn, Pb, Ag, As and Cd), and volatile elements (Hg and S). It should be born in
mind that, due to the different feed and type of incinerators used, the definition of each
group varies (Elled et al., 2007; Gerstle and Albrinck, 1982; Marani et al., 2003; Yang et
al., 1994).

3.3.1.1 Enrichment of elements in ashes in the step grate stoker

In GS, non-volatile elements, except for Na, showed Er as about 5.0 (Fig.3-1), which
is in agreement with the previous hypothesis. Sodium, however, enriched 16~18 folds in
all ashes, indicating extra input of Na. This extra input is considered to be introduced by
the recycling water, in which significant concentrations of Na detected (Table 2-5), used
for cooling down the flue gas temperature.

Moreover, Cr and Ni enriched more than 5-fold in all ashes, with unusually high Ef of
12 present in the boiler dust. Since only a low concentration of Cr and no Ni were detected
in the recycling water (Table 2-5), the high Er (> 5.0) may be caused by the underestimated
amount of Cr and Ni in the dewatered sludge for the fluctuation and heterogeneity. The
high enrichment in the boiler dust, however, is contradictory to the thermodynamic results,
from which all generated compounds of Cr and Ni are in the solid-phase. Therefore, it is
expected to distribute comparably in different ashes. Nevertheless, similar high
concentrations of Cr and Ni were also reported in ashes with smaller particle sizes in a
fluidized bed incinerator for sewage sludge and wood co-combustion, although Cr and Ni

were also predicted to be non-volatile (Elled et al., 2007).
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Semi-volatile elements, such as Zn, Pb, Ag, As, and Cd, featured unique enrichment
behavior among ashes. Compared with the bottom and riddling ashes (Er < 4), these
elements enriched greater in the boiler and multi-cyclone dust (Er: 8~18). Previous research
(Huang et al., 2004; Meij and te Winkel, 2007; Zhang et al., 2008) on coal-fired plants and
municipal solid waste incinerators, in which similar APCDs and ash removal procedures to
the step grate stoker were used, reported similar tendency that Zn, Pb, As, and Cd enriched
greater in fly ashes than the bottom ash. The different enrichment in various ashes may be
caused by the combined effect of temperature and particle size, which would be discussed
later in this section.

Volatile elements, namely S and Hg, almost not enriched in ashes, which is in
agreement with the thermodynamic results both at 850 and 250 °C (Table 3-5). The
extremely low enrichment (Er <0.1) of Hg, was comparable to the previous research
(Pudasainee et al., 2013; Takaoka et al., 2012), even we used different sludge and
incinerators. The detected enrichment of S, which was very low in all ashes (£r<0.4), could
be ascribed to the inorganic S (Sommers et al., 1977) contained in the sludge which is
expected to settle in the ash rather than gas phase (Pilch and Grill, 1995). While the higher
enrichment of S in boiler and multi-cyclone dust may be caused by the secondary
interactions of SO> and SOz with metals in the flue gas, enabling the formation of fine
particles. Moreover, ash particles also adsorbed some S compounds, and smaller-sized fly
ash (boiler and multi-cyclone dust) having larger surface area are consequently more
favorable for the adsorption.

In GS, bottom and riddling ashes, which were mainly coarse particles (Table 3-6),
were discharged at the combustion temperature of 850 °C. At this temperature, semi-
volatile elements such as Pb, Ag, As and Cd in combustion products were present in the
gas phase (Table 3-5). Only a small amount of these gaseous components were adsorbed
on coarse particles and discharged right after combustion, leading to a low enrichment of
these elements in the bottom and riddling ashes. The remaining of these elements,

subsequently, were entrained in the flue gas.
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During the treatment of the flue gas, the temperature decreased from 850 to 250 °C.
With the decrease of temperature, the vapor pressures of semi-volatile elements and their
salts also drop drastically (Van de Velden et al., 2008), which favor the transition of phase
from gas to the solid. Consequently, at 250 °C, combustion products of semi-volatile
elements tend to exist in their solid phase. Besides, secondary interactions may also occur
among combustion products due to the decrease in temperature. At 250 °C, new combustion
products for Pb, Ag, As, and Cd was formed, of which are the solid phase (Table 3-5).

Furthermore, the boiler and multi-cyclone dust also have smaller particle sizes than
the bottom and riddling ashes (Table 3-6). These smaller-sized fly ash particles themselves
may, on the one hand, be composed of small heavy metal particles, representing a
condensation of the heavy metal atmosphere (Y. Li et al., 2017); on the other hand, it
enables a larger surface area that favorable for adsorption (Elled et al., 2007). As a result,

semi-volatile elements enriched higher in fly ash (boiler and multi-cyclone dust) in GS.

20

O Bottom ash
oRiddling ash r
B Boiler dust

B Multi-cyclone dust

Enrichment factor

Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd
Element

Figure 3-1. Enrichment factors of elements in ashes from the GS.
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Table 3-5. Thermodynamic equilibriums of elements in GS, FB, and FC. The combustion
temperature was 850 °C; the temperature at dust collectors was 250 °C.

Temperature 850° C 250° C
Incinerator GS FB FC GS FB FC
Element Compound Mass fraction (%)
AIPO; (s) 58 55 61 0 64 71
IALSIOs (s) 0 0 0 0 11 28
[KAI3Si3010(OH):2 (s) 0 0 0 0 23 0
ZnALO; (s) 0 0 0 0 1 2
Al Mg2AlsSisO1s (s) 24 27 21 0 0 0
[KAISi206 (s) 12 12 12 0 0 0
Mn2AlsSisO1s (s) 3 3 3 0 0 0
NaAlSi308 (s) 1 1 1 0 0 0
ZnALOs (s) 1 1 2 0 0 0
KAL(SO4)2 () 0 0 0 100 0 0
IAIPOs4 (s) 15 72 75 0 84 87
p  [MeP20s () 4 4 5 0 16 13
Ca3(PO4)2 (s) 21 24 20 0 0 0
FePOs (s) 0 0 0 100 0 0
Ca CaSOs4 (s) 0 0 0 100 100 100
Cas(PO4)2 () 100 100 100 0 0 0
SO, (2) 98 85 86 0 0 0
SO; (2) 2 15 14 2 0 0
CaSO, (s) 0 0 0 0 91 78
S [K,S0,(s) 0 0 0 0 1 15
K3Na(SO,), (s) 0 0 0 0 8 5
MgSO,(H,0) (s) 0 0 0 0 0 2
0,S(OH), (2) 0 0 0 97 0 0
[Fe,05 (s) 98 95 94 0 100 100
Fe  [CuO)Fe,05)(s) 0 4 6 0 0 0
Cu,0)(Fe,05) (5) 2 0 0 0 0 0
[Fe,(SOy); (s) 0 0 0 100 0 0
Mg;P,0s (s) 25 27 38 0 100 96
Mg [Mg2Al4S8i5018 (s) 75 73 62 0 0 0
MgSO,(H,0) (s) 0 0 0 100 0 4
K,SO, (s) 0 0 0 0 5 82
K K3Na(SO,), (s) 0 0 0 100 32 18
KAl,Si;0,,(OH), (s) 0 0 0 0 64 0
IKAISi,O5 (s) 100 100 100 0 0 0
MnO, (s) 0 0 0 0 100 100
Mn  Mn,ALSisO;g (5) 100 100 100 0 0 0
MnSO, (s) 0 0 0 100 0 0
Zn ZnAl,O, (s) 100 100 100 0 100 100
ZnSO, (s) 0 0 0 100 0 0
CuCl (g) 4 2 1 0 0 0
CuO (s) 0 0 0 0 100 100
Cu  |(CuO)(Fe,03) (5) 0 98 99 0 0 0
(Cu,0)(Fe,05) (s) 96 0 0 0 0 0
CuSO, (s) 0 0 0 100 0 0
K3Na(SO,), (s) 0 0 0 10 100 100
Na  NaAlSi;Oq (s) 100 100 100 0 0 0
Na,SO, (s) 0 0 0 90 0 0
Cr,0; (s) 0 0 0 0 100 100
Cr |(MgO)(Cr,05) (s) 100 100 100 0 0 0
Cr,(SO,); (s) 0 0 0 100 0 0
PbO (2) 79 97 97 0 0 0
PbCl, (2) 19 2 2 0 0 0
Pb  [PbCl (g) 2 0 0 0 0 0
(PbO)(ALO3)s (5) 0 0 0 0 100 0
[PbSO, (s) 0 0 0 100 0 100
Ni (NiO)(Fe,05) (s) 100 100 100 0 100 100
INiSO, (s) 0 0 0 100 0 0
Ag (2) 2 2 2 0 0 0
By IAgCl (g) 98 98 98 0 0 0
IAgCl (s) 0 0 0 0 100 100
Ag,S0, (s) 0 0 0 100 0 0
As (SO (@ 100 100 100 0 0 0
5,05 (s) 0 0 0 100 100 100
He (2) 100 98 98 0 0 0
Hg HeO (9) 0 2 2 0 0 0
HeCl, (2) 0 0 0 100 100 100
Cd(OH), (2) 62 87 388 0 0 0
cd [Ci® 33 6 6 0 0 0
CdO (g) 5 7 6 0 0 0
CdSO, (s) 0 0 0 100 100 100

(g): gas-phase; (s): solid-phase.
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Table 3-6. Particle sizes of various ash.

Incinerator Sample average (im)
Boiler dust 141.0
GS Multi-cyclone
dust 157.5
B Fluidized sand 843.5
Bag filter ash 67.1
Fluidized sand 947.4
FC Ceramic filter
ash 62.1
31.7-44 16-31.7
>44 mm mm mm <16 mm
GS Riddling ash 0% 2% 6% 94%
Bottom ash 23% 0% 21% 56%

3.3.1.2 Enrichment of elements in ashes from the fluidized bed incinerators

In incinerators FB and FC, both non-volatile (except for Na) and semi-volatile
elements primarily enriched in ashes, with Er of about 5.0 (Fig. 3-2). This enrichment
behavior agrees well with the thermodynamic results (Table 3-5), in which all combustion
products of non-volatile and semi-volatile elements were in the solid phase at both 850 and
250 °C. The same tendency of these elements was also reported in previous research on
sewage sludge incineration using the fluidized bed incinerator (Van de Velden et al., 2008).
Sodium (Na), as an exception, enriched 14 folds in bag filter and 12 folds in ceramic ash.
The high enrichment of Na in FB and FC were also caused by the use of recycling water
in the cooling process of flue gas temperature.

Generally, ceramic filter ash has higher Er for most elements than that in bag filter ash.
The higher enrichment in FC was in agreement with the overall enrichment factor
calculated by the ratio of ash and sludge in amount (Table 3-1), for which the theoretical
Erwas 4.9 for FB and 5.1 for FC. However, slight fluctuations also appeared in some trace
elements like Pb, Ag, and Cd, which may be caused by the inhomogeneity of the feed sludge.

Volatile elements (S and Hg) showed low enrichment (£r< 0.6) in ashes in FB and FC.
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For Hg, the main combustion component was Hg(g) at 850 °C and HgClx(g) at 250 °C,
respectively. Both of these two components exist in the gas phase at 250 °C. Therefore,
instead of ash, Hg was mainly entrained in the flue gas, which is in agreement with previous
research (Pudasainee et al., 2013; Van de Velden et al., 2008).

For S, the main phase of the combustion components at 250 °C was in the solid phase.
However, due to the short retention time of the flue gas, secondary interactions of
combustion products at 250 °C can hardly proceed to the equilibrium. Thus, only a part of
S transformed into the solid phase, while the remaining were still in the form of SO»(g) and
SO3(g). Hence, even a bit higher than Hg (Er<0.4), low Ef of 0.5~0.6 was found in ashes

from FB and FC.
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Figure 3-2. Enrichment factors of elements in ashes from FB (bag filter ash) and FC
(ceramic filter ash).

3.3.1.3 Comparison of the enrichment of elements in incinerator GS, FB, and FC

Enrichment behavior of non-volatile and volatile elements was comparable between
GS and F-types, while that of semi-volatile showed differences. In GS, semi-volatile
elements enriched greater in boiler and multi-cyclone dust than the bottom and riddling
ashes. In contrast, semi-volatile elements also enriched to 5-fold as the non-volatile
elements in FB and FC.

According to the thermodynamic equilibriums, the incineration can be divided into
two stages. Stage 1: combustion stage, which is at 850 °C, non-volatile exist in the solid

phase while semi-volatile and volatile elements present in the gas phase; stage 2:
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condensation stage, which is at about 250 °C. In this stage, both the non-volatile and semi-
volatile elements generally exist in the solid phase and the volatile elements still in the gas
phase. Meanwhile, the adsorption occurs in each stage, for which the smaller particle size
is preferable. Thus, based on the thermodynamic results, we can make the hypothesis that
non-volatile elements enrich in ashes in stage 1, semi-volatile elements condense into ashes
in stage 2, while volatile elements are not expected to enrich in ashes.

The way that the incinerators GS and F-types discharge the ash, as explained in 2.2.2,
enabled different types of ashes associated with different temperature and particle size.
Generally, GS discharged the bottom and riddling ashes, mainly of larger particle sizes
(Table 3-6), at stage 1. Smaller-sized particles in stage 1 were partially entrained in the flue
gas and discharged as the boiler and multi-cyclone dust at stage 2, with semi-volatile
elements condensed, leading to a comparable Er of non-volatile elements while higher
enrichment of semi-volatile elements. The F-types, on the other hand, discharged all ashes,
including ashes in stage 1, as the fly ash only at stage 2. Hence, all elements, except for the
volatile elements, enriched in the fly ash. Moreover, no difference in the enrichment is
expected in FB and FC. The above hypothesis agrees well with the experimental data with
some exceptions.

To conclude, the enrichment of different groups of elements in ashes is associated with
the incinerator type, especially the way they discharge ash. Thermodynamic equilibriums
can predict the behavior of elements well with some exceptions. Also, both the temperature
and particle size influence the enrichment behavior of elements significantly: lower
temperature and smaller particle size enable higher enrichment of semi-volatile elements.
The GS can combust the sewage sludge; meanwhile, to some extent, it separates heavy
metals in the ashes. Therefore, compared with FB and FC, the incinerator GS is favorable

for ash recycling and disposal for its separate ash discharge at different units.
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3.3.2 Mass balance of elements
3.3.2.1 Step grate stoker

The mass fractions of elements in the input and their recovery rates in the output of
the GS are shown in Figure 3-3. As mentioned in section 2.2.2, dewatered sewage sludge
was dried with the use of internal recycling water prior to combustion in the GS. The
element concentrations including heavy metals (Table 2-5) measured in the recycling water
were low, and even below the standards for tap water (MHLW) or sewage effluent (Ministry
of the Environment). Nonetheless, mass fractions of these elements could have additional
inputs into their total mass flow (Fig. 3-3). After the drying process, the recovery rates (85—
134%) for all of the elements were reasonable. Moreover, the distributions of elements
between sludges and water in the output and input were consistent, indicating that the

drying process (110-130 °C) did not affect the behavior of the elements.

Input Output

Mass fraction (%)
Recovery rate (%)

Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd
Element Element
@ Dewatered sludge BTreated water for drying | Dried sludge B8 Wastewater from mist separator

Figure 3-3. The mass fractions and recovery rates for the drying process in the GS.

There are four input streams into the GS (Fig. 3-4). Among them, the dewatered
sewage sludge is the primary source of elements such as Al, P, Fe, Mn, Zn, Cu, Pb, and Ni,
with their mass fractions > 93%. The treated waters (for drying, WS, and ESP) are the
primary sources of Na (97%) as well as Ca, S, Mg, K, Cr, and Cd with mass fractions
between 22—-38%. Such metal distributions might be linked-to the low solubility of various
forms of these elements in the water. The extremely high mass fraction of Na in the treated

waters may be associated with its extensive accumulation due to the use of caustic soda in
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the desulfurization process.

In the output, most elements showed reasonable overall recovery rates of 77-126%.
The only low recovery rates were observed for Hg (57%), Cd (61%), and Pb (68%). The
significant inaccuracies in Hg and Cd may be related to underestimating amounts in stack
emission (Van de Velden et al., 2008), and the low recovery rates of Pb may be associated
with overestimating input of Pb from sludge due to its nonhomogeneity.

Among the eight output streams in the GS, the solids (ash and dust) were found to be
the main sink for the non-volatile elements (Al, P, Ca, Fe, Mg, K, Mn, Cu, Na, Cr, and Ni)
while the wastewater, particularly from the WS, were the main sinks for the volatile
elements (S and Hg) (Fig. 3-4).

The semi-volatile elements (Zn, Pb, Ag, As, and Cd) showed specific distribution
behaviors between ash and wastewater. Compared with the input, where considerable mass
fractions (78-99%) were found in the sludge, only 15-52% of these elements were
recovered in the total ash in the output. Extremely low fractions appeared for Pb and Cd,
for which solid phases were 95% and 78% in the input, but 28% and 15% in the output,
respectively. The lower mass fractions in ash indicate that at 250 °C, not all of the
incineration products evolved into the solid phase (Marani et al., 2003). Instead, only a part
of the products shifted to the solid phase, and an equal part of gaseous components was
absorbed into the water at the WS and ESP, while the remainder was emitted from the stack.
Additionally, despite the higher concentrations of semi-volatile elements in the fly ashes
(boiler and multi-cyclone dust), they recovered less than 1% of these elements due to the
small flow rate (Table 3-1) (Zhang et al., 2008). The recovery was much less than that of
the bottom and riddling ashes (15-51%). Wastewater discharged 16—40% of these elements.

Small fractions (1-8%) of Ag, As, and Cd was found in the flue gas.
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Figure 3-4. The mass fractions and recovery rates for the GS. In the output, only Hg in the
flue gas was involved in the calculation of recovery rate because concentrations of other
elements were under the LOQ.

3.3.2.2 Fluidized bed incinerators

Mass fractions and recovery rates for the F-types are shown in Figures 3-5 and 3-6.
In the input of FB (Fig. 3-5), dewatered sewage sludge was the primary source (> 89%) of
almost the same elements as in the GS (Al, P, Fe, Mn, Zn, Cu, Pb, Ni), with the addition of
Hg, while the recycling water provided a considerable fraction of Na (98%). For the other

elements, both the sludge and treated water contributed significantly to the mass flow.

Input Output

Mass fraction (%)
Recovery rate (%)

Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd
Element Element
B Dewatered sludge @ Treated water for WS @Bag filter ash z Wastewater from WS @Flue gas

Figure 3-5. The mass fractions and recovery rates for the FB. In the output, only Hg in the
flue gas was involved in the calculation of recovery rate because concentrations of other
elements were under the LOQ.

In the output, all elements showed reasonable recovery rates ranging from 96—-138%,
except for Na. The extremely high recovery rate for Na (284%) was caused mainly by the

use of caustic soda for acid gas (mainly SO; and SO3) removal in the WS. The treated water,
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which is used for flue-gas cooling, also contributed an extra input of Na to the ash, resulting
in a higher fraction in ash than in the input sludge.

Non-volatile elements, among which Al, P, Fe, Mn, Cu, and Ni were primarily sourced
from the sludge, were almost entirely recovered in the bag filter ash (95-111%). Semi-
volatile elements (Zn, Pb, Ag, As, and Cd) showed comparable recovery rates (51-96%) in
bag filter ash to the mass fraction (40—102%) in the sludge. Inconsiderable amounts of the
volatile elements (S and Hg) were recovered in the solid phase (bag filter ash) despite their
dominant mass fraction in the sewage sludge. Instead, most of the S (132%) and Hg (96%)
was recovered in wastewater from the WS. Moreover, a significant recovery rate of 33% of
Hg was detected in the stack emission.

Figure 3-6 shows the mass balance and distribution in FC. Since both the incinerator
type and the feed sludge of FC were the same as FB except for the filter unit of the APCDs,
the mass fractions in the input to FC were almost the same as FB. In the output, all elements
except for Na showed recovery rates of 75-141%. As in FB, the recovery rate of Na in FC
was very high (287%), and for the same reason. Non-volatile and semi-volatile elements
showed a similar distribution to FB, with dominant discharges in the filter ash. These results
are similar to previously reported studies on fluidized bed incinerators (Elled et al., 2007).
Hg, however, scarcely discharged from ash in FC, and the fraction in the flue gas was also
smaller than that in FB. For S (134%), Na (281%), and Hg (83%), the highest recovery
rates were found in the wastewater. The extremely high recovery rate for Na in wastewater

was associated with the use of caustic soda for acid gas removal, the same as in FB.
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Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd Al P Ca S Fe Mg K Mn Zn Cu Na Cr Pb Ni Ag As Hg Cd
Element Element
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Figure 3-6. The mass fractions and recovery rates for the FC. In the output, only Hg in the
flue gas was involved in the calculation of recovery rate because concentrations of other
elements were under the LOQ.

3.3.2.3 Comparison between the step grate stoker and fluidized bed incinerator

Detailed analyses of the GS and the F-types showed similar mass fractions in the
inputs. The outputs, however, showed different distributions between the GS and the F-
types for semi-volatile elements. These semi-volatile elements are discharged in
wastewater rather than in ash in the GS, while in the F-types, the ashes are the primary
sink for the semi-volatile elements. Particular differences were observed for Pb, As, and
Cd, for which recovery rates in ashes from the F-types were almost 50% higher than in the
GS, reaching 87-99%, 70—82%, and 38-40%, respectively.

The different distributions of semi-volatile elements were caused by the distinct
differences in ash discharge procedures between the GS and the F-types. Since the bottom
and riddling ashes were already removed at the bottom of the GS, the gaseous components
could scarcely be absorbed by particles, even though a small amount of new fine particles
may form with the decrease of temperature at APCDs. By contrast, in the F-types, all ash
was entrained in the flue gas, which enabled sufficient contact for the adsorption of gaseous
components. Additionally, the smaller particle size of fly ash in the F-types compared to
the GS (Table 3-6) also favors adsorption (Y. Li et al., 2017). In addition to adsorption,
light metal elements (Al, Ca, K, and Na) create a multilayer external shell that encapsulates
heavy metals distributed in discrete pockets toward the core of the particle (Rink et al.,

1995). Therefore, the different ash discharge locations in the incinerators significantly
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affect the distribution of semi-volatile elements (Lopes et al., 2003). The GS favors the
separation of semi-volatile elements from the main ash, while the F-types tend to discharge
non- and semi-volatile elements almost completely in the fly ash.

The volatile elements, especially Hg, are mainly distributed in wastewater in all
incinerators (Pudasainee et al., 2013; Takaoka et al., 2012). the GS and FC showed similar
distribution tendencies in wastewater (51-83%), ash (< 1%), and flue gas (6%). However,
FB showed higher recovery rates in all streams, at 96%, 5%, and 33% for wastewater from
the WS, ceramic filter ash, and flue gas, respectively. The higher overall recovery rates may
be due to the underestimated input of Hg in sludge and treated water. Besides, the much
higher recovery rate in flue gas before with the different species of Hg (Meij et al., 2011;
Pudasainee et al., 2013). Due to the short residence time at dust collectors, the combustion
components of Hg were a mixture of Hg, HgO, and HgCl>. The fractions of these species
are considered responsible for the different distributions in the GS, FB, and FC. However,
further information is required for this assumption. S, as discussed in section 3.3.1,
predominantly exists in the gas phase as SO> and SOs, and was therefore chemically
absorbed by the caustic soda solutions added at the WS. As a result, S was mostly

distributed in wastewater in all three incinerators.

3.3.3 Recycling and disposal of dewatered sewage sludge and incineration ash
Generally, the monocombustion process can efficiently decrease the volume of
dewatered sewage sludge waste to about 3.2-3.9% and turn it into ISSA. The generated
ISSA is enriched in non-volatile elements, of which P, Mg, and K represent valuable
nutrients (Table 2-7). However, this ISSA cannot be used as fertilizer due to the presence
of heavy metals such as Cr, Pb, Ni, As, and Cd. Moreover, as was previously reported, the
P concentrated in ISSA must be transformed into a more biologically available form
(Ohtake and Okano, 2015; Ottosen et al., 2013). Considering that the content of P was very
high (86,400-94,800 mg/kg) in all ashes, these ISSAs from the GS and the F-types can be

considered a valuable secondary source for P recovery.
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Significant differences were found in the concentrations of the aforementioned heavy
metals in ashes generated by the GS and the F-types. In the bottom and riddling ashes of
the GS (Table 2-7), the contents of the heavy metals were well below the standards
regulated by the Ministry of Agriculture, Forestry and Fisheries (MAFF), while the
concentrations of Pb and Cd exceeded the regulated limits of 100 and 5 mg/kg in dusts
(boiler and multi-cyclone), as well as in ashes generated in the F-types. The bottom and
riddling ashes accounted for 99.7% of the total amount of ash generated in the GS, which
means that ~99.7% of P have the potential to be recycled as the fertilizer. Our data clearly
indicate that incineration of sewage sludge in the GS provides ISSA of much lower toxicity
than that of the F-types. In the same manner, more versatile disposal options can be taken
into consideration for the ash generated from the GS. Future practice of sewage sludge

incineration should focus on GS rather than fluidized bed incinerator technology.

3.4 Summary

During the sewage sludge mono-incineration, non-volatiles were generally distributed
in ashes while volatiles were significantly discharged in wastewater. However, the behavior
of semi-volatiles depended on the incinerator type: these elements showed similar behavior
to non-volatiles in F-types, but were less enriched in the bottom and riddling ashes from
the GS. With lower concentrations of Pb and Cd than regulated limits, the bottom and

riddling ashes from the GS (99.7% in total amount) can be considered a valuable secondary
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source for P recovery. Therefore, the GS has an advantage over the F-types in terms of the
recycling of the ISSA.

The recycling water used for heating and flue gas treatment brought a considerable
amount of soluble elements, especially for the Na (97-98%), to the input. Mass balance
calculations indicated sufficient recoveries for most elements, being 80-120%, except for

Na in F-types, which was 284-287% due to the usage of caustic soda for acid gas absorption.

71



References

Amand, L.E., Leckner, B., 2004. Metal emissions from co-combustion of sewage sludge
and coal/wood in fluidized bed. Fuel 83, 1803-1821.
https://doi.org/10.1016/;.fuel.2004.01.014

Bale, C.W., Bélisle, E., Chartrand, P., Decterov, S.A., Eriksson, G., Gheribi, A.E., Hack, K.,
Jung, .H., Kang, Y.B., Melancon, J., Pelton, A.D., Petersen, S., Robelin, C., Sangster,
J., Spencer, P., Van Ende, M.A., 2016. Reprint of: FactSage thermochemical software
and databases, 2010-2016. Calphad Comput. Coupling Phase Diagrams Thermochem.
55, 1-19. https://doi.org/10.1016/j.calphad.2016.07.004

Balogh, S.J., Nollet, Y.H., 2008. Mercury mass balance at a wastewater treatment plant
employing sludge incineration with offgas mercury control. Sci. Total Environ. 9,
125—131. https://doi.org/10.1016/j.scitotenv.2007.08.021

Elled, A.L., Amand, L.E., Leckner, B., Andersson, B.A., 2007. The fate of trace elements
in fluidised bed combustion of sewage sludge and wood. Fuel 86, 843-852.
https://doi.org/10.1016/j.fuel.2006.08.014

Gerstle, R.W., Albrinck, D.N., 1982. Atmospheric emissions of metals from sewage sludge
incineration. J. Air Pollut. Control Assoc. 32, 1119-1123.
https://doi.org/10.1080/00022470.1982.10465519

Huang, Y., Jin, B., Zhong, Z., Xiao, R., Tang, Z., Ren, H., 2004. Trace elements (Mn, Cr,
Pb, Se, Zn, Cd and Hg) in emissions from a pulverized coal boiler. Fuel Process.
Technol. 86, 23-32. https://doi.org/10.1016/j.fuproc.2003.10.022

Kasina, M., Kowalski, P.R., Michalik, M., 2017. Seasonal changes in chemical and
mineralogical composition of sewage sludge incineration residues and their potential
for metallic elements and valuable components recovery. Energy Procedia 125, 34—
40. https://doi.org/10.1016/j.egypro.2017.08.049

Lee, S.S., Wilcox, J., 2017. Behavior of mercury emitted from the combustion of coal and
dried sewage sludge: The effect of unburned carbon, CI, Cu and Fe. Fuel 203, 749—
756. https://doi.org/10.1016/j.fuel.2017.04.104

Li, Y., Cui, R., Yang, T., Zhai, Z., Li, R., 2017. Distribution characteristics of heavy metals
in different size fly ash from a sewage sludge circulating fluidized bed incinerator.
Energy and Fuels 31, 2044-2051. https://doi.org/10.1021/acs.energyfuels.6b02676

Lopes, M.H., Abelha, P., Lapa, N., Oliveira, J.S., Cabrita, 1., Gulyurtlu, 1., 2003. The
behaviour of ashes and heavy metals during the co-combustion of sewage sludges in
a fluidised bed. Waste Manag. 23, 859-870. https://doi.org/10.1016/S0956-
053X(03)00025-4

Marani, D., Braguglia, C.M., Mininni, G., Maccioni, F., 2003. Behaviour of Cd, Cr, Mn,
Ni, Pb, and Zn in sewage sludge incineration by fluidised bed furnace : Marani, D. et

al. Waste Management, 2003, 23, (2), 117-124. Fuel Energy Abstr. 44, 403.
72



Meij, R., te Winkel, H., 2007. The emissions of heavy metals and persistent organic
pollutants from modern coal-fired power stations. Atmos. Environ. 41, 9262-9272.
https://doi.org/10.1016/j.atmosenv.2007.04.042

Nadziakiewicz, J., Koziol, M., 2003. Co-combustion of sludge with coal. Appl. Energy 75,
239-248. https://doi.org/10.1016/S0306-2619(03)00037-0

Niu, S., Chen, M., Li, Y., Song, J., 2018. Co-combustion characteristics of municipal
sewage sludge and bituminous coal. J. Therm. Anal. Calorim. 131, 1821-1834.
https://doi.org/10.1007/s10973-017-6716-3

Ohtake, H., Okano, K., 2015. Development and implementation of technologies for
recycling phosphorus in secondary resources in Japan. Glob. Environ. Res., 19, 49—
65.

Ottosen, L.M., Kirkelund, G.M., Jensen, P.E., 2013. Extracting phosphorous from
incinerated sewage sludge ash rich in iron or aluminum. Chemosphere 91, 963-969.
https://doi.org/10.1016/j.chemosphere.2013.01.101

Peccia, J., Westerhoft, P., 2015. We should expect more out of our sewage sludge. Environ.
Sci. Technol. 49, 8271-8276. https://doi.org/10.1021/acs.est.5b01931

Pilch, B., Grill, D., 1995. Determination of organic and inorganic sulphur byi on
chromatography in small quantities of plant material. J. Plant Physiol. 146, 10-14.
https://doi.org/10.1016/S0176-1617(11)81960-7

Pudasainee, D., Seo, Y.C., Kim, J.H., Jang, H.N., 2013. Fate and behavior of selected heavy
metals with mercury mass distribution in a fluidized bed sewage sludge incinerator. J.
Mater. Cycles Waste Manag. 15, 202-209. https://doi.org/10.1007/s10163-013-0115-
z

Rink, K.K., Kozinski, J.A., Lighty, J.S., 1995. Biosludge incineration in FBCs: Behavior
of ash particles. Combust. Flame 100, 121-130. https://doi.org/10.1016/0010-
2180(94)00076-5

Sommers, L.E., Tabatabai, M.A., Nelson, D.W., 1977. Forms of sulfur in sewage sludge 1.
J. Environ. Qual. 6(1), 42—46.

Spliethoff, H., Scheurer, W., Hein, K.R.G., 2000. Effect of co-combustion of sewage
sludge and biomass on emissions and heavy metals behaviour. Process Saf. Environ.
Prot. 78, 33-39. https://doi.org/10.1205/095758200530420

Takaoka, M., Domoto, S., Oshita, K., Takeda, N., Morisawa, S., 2012. Mercury emission
from sewage sludge incineration in Japan. J. Mater. Cycles Waste Manag. 14, 113—
119. https://doi.org/10.1007/s10163-012-0044-2

Van de Velden, M., Dewil, R., Baeyens, J., Josson, L., Lanssens, P., 2008. The distribution
of heavy metals during fluidized bed combustion of sludge (FBSC). J. Hazard. Mater.
151, 96-102. https://doi.org/10.1016/j.jhazmat.2007.05.056

Yang, H., Seo, Y., Kim, J., Park, H., Kang, Y., 1994. Vaporization characteristics of heavy

73



metal compounds at elevated temperatures. Korean J] Chem Eng. 11(4), 232-238.

Yoshida, H., Christensen, T.H., Guildal, T., Scheutz, C., 2015. A comprehensive substance
flow analysis of a municipal wastewater and sludge treatment plant. Chemosphere 138,
874-882. https://doi.org/10.1016/j.chemosphere.2013.09.045

Zhang, G., Hai, J., Ren, M., Zhang, S., Cheng, J., Yang, Z., 2013. Emission, mass balance,
and distribution characteristics of PCDD/Fs and heavy metals during cocombustion of
sewage sludge and coal in power plants. Environ. Sci. Technol. 47, 2123-2130.
https://doi.org/10.1021/es304127k

Zhang, H., He, P.J., Shao, L.M., 2008. Fate of heavy metals during municipal solid waste
incineration in Shanghai. J. Hazard. Mater. 156, 365-373.
https://doi.org/10.1016/j.jhazmat.2007.12.025

Zhao, Z., Wang, R., Wu, J., Yin, Q., Wang, C., 2019. Bottom ash characteristics and
pollutant emission during the co-combustion of pulverized coal with high mass-
percentage sewage sludge. Energy 171, 809-818.
https://doi.org/10.1016/j.energy.2019.01.082

74



Chapter 4 Mercury speciation and emission in sewage sludge thermal treatment

process: mono-incineration and carbonization
4.1 Introduction

Mercury is a toxic pollutant, which is harmful to humans after intake through fish
consumption or inhalation (Holmes et al., 2009; Zhang and Wong, 2007). It can be emitted
to the atmosphere from both natural and anthropogenic sources (Pacyna et al., 2010). Coal-
fired power plants are considered to be the most significant anthropogenic source for
mercury emission in most countries (Friedli et al., 2004; Pacyna et al., 2010; Srivastava et
al., 2006; Yang et al., 2007). Besides, municipal solid waste and sewage sludge incineration
are also essential sources for anthropogenic mercury emission (Takaoka et al., 2012, 2011).

Because of its high volatility and the toxicity of methylmercury (MeHg), special
attention was paid to the transfer behavior of Hg from wastewater treatment to sewage
sludge incineration. It was reported that mercury emission from municipal sewage might
be a primary source for the direct release of total anthropogenic mercury (THg) into aquatic
environments in China (Liu et al., 2018). Studies revealed that, in the wastewater treatment
process, THg was mostly concentrated in the sewage sludge (Gbondo-tugbawa et al., 2010),
while more than 70% of the initial mass of MeHg was degraded (Mao et al., 2016).
Volatilization was a minor part of the total amount of Hg at the WWTPs (Gbondo-tugbawa
et al., 2010). When combusted, Hg mainly was emitted in the stack gas (Van de Velden et
al., 2008).

As already discussed in Chapter 3, Hg was mainly discharged from wastewaters
generated at the APCDs, especially wastewater from the WS. Only a small amount of Hg
was emitted from the stack, and almost no Hg was found in ashes. The distribution of Hg
in wastewater, flue gas, and ash is considered to be associated with the different species of

Hg. In the flue gas, Hg exists in three forms: oxidized mercury (Hg?"), particulate-bounded
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mercury (HgP), and elemental mercury (Hg") (Galbreath and Zygarlicke, 2000). The
APCDs, such as bag filter (BF) , electrostatic precipitator (ESP), and wet flue gas
desulfurization (FGD), can remove some HgP and Hg*" (Sun et al., 2017), and discharge
Hg through wastewaters and ashes. However, Hg’ often escapes from these devices due to
its low water solubility and high vapor pressure (Galbreath and Zygarlicke, 1996; Yang et
al., 2007).

On the other hand, sewage sludge carbonization, as a promising method to convert the
SS into a storable feedstock and reduce the odor problem, also has the potential risk in
emitting Hg. However, so far, Hg emission from the SS carbonization furnace is rarely
mentioned.

The emission and speciation of Hg (Hg® and Hg?") in the stack gas is mainly affected
by the different APCDs used (Takaoka et al., 2012). Also, the temperature has a significant
influence on the speciation of Hg in the flue gas (Grace et al., 2001). However, reports on
the revolution of dominant species of Hg at APCDs in sewage sludge thermal treatment
processes, especially for carbonization, are rare. Moreover, the thermodynamic calculations
on the species of Hg for these processes are less mentioned.

Therefore, the objectives of this chapter are: (1) to specify the dominant species of Hg
in the flue gas at the APCDs in sewage sludge incinerator and carbonization furnace; (2) to
clarify the relationship between the dominant species of Hg and temperature; (3) to evaluate
the adsorptive removal performance of Hg” by sorbents. Continuous Hg emission monitors
were set up at SS mono-incinerators and carbonization furnace, and the Hg emission
profiles in these incinerators were compared. Further, based on the composition of the
sewage sludge, the species of Hg generated in the studied furnaces were simulated by the
thermodynamic calculation with a wide temperature range of from 100 to 1000 °C for

incinerators and 240420 °C for the low-temperature carbonization furnace. The role of the
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temperature on the revolution of the dominant species of Hg was evaluated. Further, for the
carbonization process, the adsorptive removal of Hg® by sorbents was conducted, and the

performance of activated carbon and polymer was compared.

4.2 Methodology

4.2.1 Incinerators and carbonization furnace

In order to identify the mercury behavior in the sewage sludge thermal treatment
process, mercury emission through the flue gas from one step grate stoker, three fluidized
bed incinerators, and one carbonization furnace, were monitored. Among these furnaces,
the step grate and two fluidized bed incinerators were already introduced in chapter 2. In
addition to these incinerators, another fluidized bed incinerator (denoted as FD) and a
carbonization furnace (C-F), was also studied. Figure 4-1 shows the schematics of these

furnaces.

4.2.2 The sampling process

The sampling process at incinerators GS, FB, and FC has already described in
Chapter 3. Similarly, batch sampling was conducted at FD and C-F. At FD, solid samples,
including dewatered sludge and incinerated ash, and water sample as wastewater from WS
was collected. At the C-F, solid samples included the dewatered sludge, dried sludge, and
generated biofuel. For water samples, wastewater from the wet scrubber at the drying unit,

wastewater from WS at the APCDs, and wastewater from ESP were collected at C-F.
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Figure 4-1. Schematics of sample collection from the (a) step grate incinerator (GS), (b)

fluidized bed incinerators equipped with the bag (FB) and ceramic (FC) filters, (c) sewage

sludge fluidized bed incinerator (FD), and (d) carbonization furnace (C-F). The green

arrow shows the flow of steam. The black, blue, and orange arrows (dots) show the mass

flows (sampling points) of solids, water, and flue gas, respectively. Hg-CEM: mercury

continuous emission monitor.

Flue gases in GS, FB and FC were manually and sequentially sampled three times at

various sampling points, in front of the WS and the stack (Fig. 4-1), using impingers,

according to the Japanese Industrial Standard (JIS K 0222). The flue gases were passed
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through a glass filter and bubbled through a bottle containing 100 mL of 15 wt% H2>O>
solution and two bottles containing 100 mL of 5.75 w/v % sulfuric acid solution with 0.15
w/v % KMnOs at all sampling points. The sampling time was approximately 20 min. H2O>
solution was used to remove high concentrations of SO», and we may expect some oxidized
mercury to become absorbed into this solution.

Ontario Hydro Method was used in the sampling of flue gases in FD and C-F. In this
method, a sample is withdrawn from the flue gas stream isokinetically through a probe and
filter system, maintained at 120 °C or the flue gas temperature (whichever is greater),
followed by a series of impingers in an ice bath. Particle-bound mercury is collected on the
quartz fiber filter. Oxidized mercury is collected in impingers containing a chilled 1.0 mol/L
KCI solution.

Elemental mercury is collected in subsequent impingers (one impinger containing a
chilled 5% HNO3 and 10% H>O: solution and three impingers with a chilled 10% H>SO4
and 4% KMnOy solution) (Standard, ASTM, 2008).

Besides manual sampling and measurement of the flue gases, speciation mercury
continuous emission monitors (Hg-CEM) was also set at the GS, FB, FC, F-D, and C-F,

as shown in Figure 4-1.

4.2.3 Analytical methods
Analysis of solid and liquid samples
The solid and liquid samples were measured using the heat-vaporization method with
the analyzer MA-2000 (Nippon Instruments Co., Ltd., Japan) soon after sampling. Mercury
was collected as a gold amalgam and detected using cold-vapor atomic absorption

spectrometry (Lothgren et al., 2007). The detection limit of this analyzer was 0.002 ng.
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Manual gaseous mercury measurement
For flue gases, after sampled into the solution with the impinger, the Hg concentration
was measured using a frameless reduction vaporization atomic absorption mercury
analyzer (RA-4300; Nippon Instruments Co. Ltd., Japan). Stannous chloride (SnCly) was
used as a reducing agent, and the bubbling transformed the mercury ions into mercury vapor,
which was directed onto an absorption cell. All the concentrations of Hg in the flue gas

were corrected for 12% oxygen concentration.

Mercury continuous emission monitor

The Hg-CEM was developed by Nippon Instruments and the Central Research
Insititute of the Electric Power Industry in Japan.

One set of the Hg-CEM consists of a pre-treater of MS-1A and the detector DM-6B
(Nippon Instruments)(Takaoka et al., 2012). In the pretreatment process at MS-1A, an
aqueous solution of 1 mol/L KCl is used. Flue gas passes through the dust filter at a flow
rate of 0.5 L/min and is mixed with the KCI solution in the gas/liquid contact coil, thus
oxidized mercury (Hg?") was transferred into the liquid phase. Then, the gas and solution
are separated in the gas/liquid separating tube. The elemental Hg (Hg’) in the gas phase is
washed with 1 mol/L KOH to remove the acid gas, and the excess moisture in the gas is
condensed with an electric cooler. After that, the gas that including Hg® is fed into the first
detection device DM-6B (Hg"), which is an atomic absorption mercury analyzer. The
aqueous solution in the gas/liquid separating tube is directed into another gas/liquid contact
coil and then mixed with 1% SnCl, and 10% H>SOs. In this process, the Hg?" in solution is
reduced, liberating gaseous Hg®, which passes through another gas/liquid separating tube
before it is fed into the second detection device DM-6B (Hg?") to quantify the Hg?>*. Here,

the gas flow rate must be identical to that in line DM-6B (Hg").
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The other set of the Hg-CEM consists of WLE and EMP-2, also developed by the
Nippon Instruments. The WLE is the pretreatment system, in which the flue gas reacts with
a tin (II) chloride (SnCl,) solution in the first bottle, then the Hg?" is converted to Hg"
before flowing into a potassium hydroxide (KOH) solution in the second bottle to remove
acid gases. Excess moisture in the gas is condensed with an electric cooler. After that, the
Hg® is detected in the EMP-2 with an atomic absorption spectrophotometer. The detection

limit of this device is 0.1 pg/Nm? (Takaoka et al., 2018).

4.2.4 Thermodynamic calculation

As already introduced in chapter 3, the thermodynamic calculation was utilized to
simulate the effect of temperature on the species of Hg in the furnaces. A wide temperature
range of 100—-1000°C was selected for sewage sludge incinerators GS, FB, FC, and FD.
For carbonization furnace C-F, the species of Hg component was estimated at a
temperature range of 240—420°C. The experimental data on the composition of the feed
sludge was used as the input data for the software FactSage. Even though Cl is not the
primary element in sludge, it was also involved in the thermodynamic calculations due to
its significant influence on the speciation of Hg. The input data for incinerators GS, FB,
and FC have already explained in Chapter 3 (3.2.2). The input data for FD and C-F are

shown in Tables 4-1 and 4-2, respectively.
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Table 4-1. Input data to the FactSage software for FD. The combustion components were
estimated at a wide temperature range of 100—1000°C, with other conditions consistent
with the combustion at 850°C.

Combustion condition
Temperature 850 “C
Pressure 100.78 kPa
Flow rate (kg/h)
Sludge (dried and dewatered)
: o Combustion
Combustible component Incombustible Digestion gas dir
component
C 505 HO 3636 CO, 100 N2 8,198
0] 318 Si02 205.3 CH4 79 02 2,507
N 77 ALO3 79.7 N2 19 H>O 82
H 74.8 P20s 533 H>O 2
S 18.0 Fe 03 41.6
CaO 37.1
MgO 11.2
NaO 5.0
K20 4.2
MnO 0.9
Cl 2.32
Zn 1.2
Cu 0.6
Cr 0.2
As 0.003
Pb 0.02
Cd 0.0017
Hg 0.0016
Se 0.0015
CN 0.000029
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Table 4-2. Input data to the FactSage software for C-F. The combustion components were
estimated at a low-temperature range of 240—420°C, the practical temperature for the low-

temperature carbonization process.

Carbonization condition
Temperature 250~350 C
Pressure 101.325 kPa
Flow rate (kg/h)
Dried sludge
: Carbonization furnace
Combustible component incombusible purge gas
component
C 409 HxO 397 N 457
0] 258 SiO2 139 HxO 55
H 57.7 AlLOs 84.4 CO, 64
N 57.6 P20s 76.8 0] 47
S 15.3 Fe 03 37.0
CaO 29.7
MgO 15.4
K20 7.3
SO 5.8
NaO 4.8
TiO; 2.7
BaO 24
ZnO 1.3
CuO 0.7
MnO 0.7
Cr03 0.6
V105 0.2
NiO 0.1
Cl 1.7
Hg 0.0015

4.2.5 Adsorptive removal of mercury by commercial sorbents in the carbonization
furnace
Figure 4-2 shows the schematics for Hg removal tests conducted at the C-F. Two

kinds of commercial sorbents, modified activated carbon (Shirasagi, MAC, Osaka Gas
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Chemicals Co. Ltd.) and Composite polymer (W. L. Gore & Associates, Inc.), were used.
These sorbents were set in front of the stack and tested during the same period in parallel
(Fig. 4-1 (d)).

The AC tower was compiled with 4 layers, and each layer is a cylinder occupied with
MAC. The diameter for each layer is 300 mm, and the height is 100 mm. The flue gas flows
from the bottom to the top of the AC tower.

The polymer for Hg removal has been recently adopted in coal-fired plants or sewage
sludge incinerators in the US as the GORE Mercury Control System (GMCS). This system
normally comprises a tower with several layers (Fig. 4-3), and an eight-layer tower was
adopted in this study. The fixed sorbent can capture elemental and oxidized gas phase

mercury from industrial flue gas.

@ 300 mm Layer |Layer |Layer |Layer
> 2 3 6 7

A

T Hight:
100 mm .
Hight:
300
Layer |Layer |Layer |Layer mm

1 o

Hg ﬂHgH LxW xH:
127x127x300 mm

AC tower Polymer tower

Figure 4-2. Schematic of the adsorption units for AC tower and polymer tower. Flue gas
flows from the bottom to the top of the AC and polymer tower.
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Figure 4-3. The GORE Mercury Control System (GMCS).

4.3 Results and Discussion

4.3.1 Concentration and speciation of mercury in sludge, ash, water, and flue gas

The concentrations of Hg, as well as other elements, in sludge, water, ash, and flue
gas in GS, FB, and FC are shown in Tables 2-4~2-8 in Chapter 2, respectively. The
concentrations of Hg in all streams as sludge, ash, water, and flue gas in FD and C-F are

summarized in Tables 4-3 and 4-4 in this chapter, respectively.

Sludge
Incinerators GS, FB, and FC combusted the same sludge. The concentration of Hg
was 1.4~2.0 mg/kg-dry (Table 2-4) in sludge that fed to GS, FB, and FC. In FD and C-F,
the concentration of Hg was of an identical range of 1.1~1.2 mg/kg-dry (Tables 4-3 and 4-
4). These measured Hg concentrations were also comparable with previous research

conducted in Japan, which was 1.24~1.29 mg/kg-dry (Takaoka et al., 2012).

Ash
In the ISSA, Hg concentrations were 0.1~0.2 mg/kg, 0.5 mg/kg, and 0.02 mg/kg in

GS, FB, and FC, respectively. As we already defined the enrichment factor as the ratio of
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elemental concentration in ash to that in sludge on a dry basis, the Er in these ashes were
calculated to be 0.06~0.07, 0.4, and 0.01 in ashes from GS, FB, and FC, respectively. In
FD, the Hg concentration was 0.37 mg/kg in the ISSA, and the Erin ash was 0.3. Thus, in
all the sewage sludge incinerators, GS, FB, FC, and FD in this study, Hg concentrations
decreased significantly in the ISSA, resulting in low Er as 0.01~0.4. These enrichment
factors were of the same ranges as previous research, which were 0.003~0.2 (Takaoka et
al., 2012) and 0.04~0.1 (Pudasainee et al., 2013), under the same calculation as this article.
For the C-F, Hg concentration also decreased in the generated biofuel, which was 0.05

mg/kg-dry in the biofuel, being 24 folds lower than that in sludge.

Recycling water and wastewater

For water samples, an increase in the Hg concentration in wastewater, primarily from
WS, was found in all the incinerators and the carbonization furnace. In GS, low
concentrations of Hg as 0.003~0.004 mg/L were found in recycling waters (treated water
for drying, WS; water for wet ESP), while the concentration increased to 0.01 mg/L in
wastewater from WS and ESP (Table 2-5). Similarly, in FB and FC, Hg concentration was
0.0004~0.004 mg/L in the treated water but gained significant increases in the Hg
concentrations in wastewater from WS to 0.003~0.01 mg/L. In all these incinerators GS,
FB, and FC, Hg was condensed to 3~10 folds in wastewater from WS.

On the other hand, the Hg concentration in treated water was less than 0.0005 mg/L
but elevated to 0.089 mg/L and 0.017 mg/L at FD and C-F, respectively. The Hg
concentration in wastewater from WS was condensed to more than 34 folds. Therefore, at
the APCDs, the Hg in the flue gas is significantly removed in the WS and discharged in the
wastewater from WS. The high removal rate of Hg in the WS is considered to be associated

with the speciation of Hg, for which the Hg>" would be more easily to be absorbed in the
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water at WS, while the Hg” escapes in the flue gas (Yang et al., 2007).

Flue gas

After combustion, the flue gases were directed to the APCDs. As shown in Table 4-5,
in the inlets to WS, the average THg concentrations were 10.0 pg/Nm?, 20.3 ug/Nm?, 40.9
ng/Nm?, and 77.3 ug/Nm?® in GS, FB, FC, and FD, respectively. After the treatment at the
WS, the THg concentrations in FB, FC, and FD generally decreased to 5.3 pg/Nm?, 7.9
ng/Nm?, and 7.6ug/Nm?, respectively. GS, however, showed an even higher average THg
concentration as 11.3 pg/Nm? in the inlet of the stack.

The dominant species of Hg in the flue gas evolved after the treatment at the WS. In
GS, Hg*" was the dominant species of Hg in the inlet of WS, which was 50~84%. However,
after the APCDs, which was WS and ESP in GS, the dominant species of Hg shifted to Hg”
(83~96%). Notably, the daily data on 17 December 2016 shows that Hg>" and Hg® shared
the same fraction as 50% for each in the inlet of WS, but after the WS and ESP, Hg*>* turned
out to be 96% in the flue gas. This tendency is considered to be caused by the re-emission
of Hg from the water in WS (Chang, 2003; Chang and Zhao, 2008; Cheng et al., 2018;
Mercedes et al., 2007). Moreover, the re-emission of Hg’ is possibly associated with the
lower Hg removal efficiency in GS.

In FB, the dominant species of Hg in front of WS was also Hg>* (96~99%). The WS
removed more than 75% of the THg in the inlet because of the high solubility of Hg".
However, in the outlet of WS, a higher concentration of Hg?" than in GS was found, which
may be caused by the higher O2 atmosphere in FB. FC showed a similar tendency as FB,
with some discrepancies in daily data on 22 January and 23 January 2017 that the outlet
concentrations exceeded the inlet. This increase in THg concentration in the outlet is also

considered to be caused by the re-emission of Hg from the water in WS (Andersson et al.,
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2007).

In FD, Hg?" dominantly exists in the inlet of WS as 73 ug/Nm?® (Table 4-3). After the
WS, THg was efficiently removed, which is in accordance with the high concentration of
Hg in wastewater from WS, as described previously in the recycling water and wastewater

section. As a result, the Hg concentration in the flue gas was ~7.5 pg/Nm?.

Table 4-3. Concentration and speciation of Hg in sewage sludge, ashes, wastewater, and

flue gas in FD.
Solid Water Flue gas
Dewatered Treated =~ Wastewater | Outlet of  Inlet of
sludge Ashes water from WS |incinerator WS Stack
Flow rate t/day m’/day Nm?/h (dry)
201.12 11.02 - 2.650 12.000 12,000 12.000
TS/SS % mg/L
17.4 99.9 2 1.7
VTS %
68.5
cryg (overall) mg/kg-dry mg/L ng/Nm?
1.1 0.37 <0.0005 0.017 5.26 77.28 7.64
Cyg in SS mg/kg
1.8 1900
jg/Nm?
Chg0 Zaseous 4.6 3.9 1.5
CHg+ Zaseous 0.66 73 0.14
cyg particluate <0.92 0.38 <0.1

WS: wet scrubber; TS: total solids content; SS: suspended solids content; V'7S: volatile total solids

content.

Moreover, in all incinerators, the Hg removal performance showed relevance to the
Hg concentrations in the inlet. As shown in Figure 4-4, with higher Hg concentrations in
the inlet of WS, the higher THg removal rates were also found in incinerators GS, FB, FC,
and FD. A significant deviation was found at lower inlet THg concentrations of ~10
ug/Nm?. This deviation may, on the one hand, caused by the relatively higher fraction of
the re-emitted Hg’, which led to the higher THg emission from the stack; on the other hand,

the WS used in these incinerators may also affect the THg removal rates.
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Figure 4-4. The relationship between the removal rate and the THg concentration in the

flue gas.

In C-F, however, the dominant species of Hg in the inlet of WS was Hg® (Table 4-4),
and this may be caused by the low oxygen content in the carbonization process. Due to the
low solubility of the Hg’, almost no Hg was removed at the WS in C-F. Thus, a comparable
concentration of Hg in the flue gas as 98.17 ug/Nm?® to that in the inlet was emitted in the

flue gas.

Table 4-4. Concentration and speciation of Hg in sewage sludge, biofuel, wastewater, and

flue gas in C-F.

Solid Water Flue gas
Dewatered  Dried X Treated Wastewater Inlet of Outlet of
Biofuel - Stack
sludge sludge Water fromDWS from WS Synthetic wSs ws
Flow rate t/day m’/day Nm*/h (dry)
152.2 373 20.5 = 1.654 147 2,195 5.400 5.300 5.700
TS/SS % mg/L
18.2 74.2 95.1 2 5.1 70 250
crag (overall) mg/kg-dry mg/L ng/Nm?*
12 13 0.05 <0.0005 <0.0005 0.089 0.0091 108 93.7 98.17
Chg in SS mg/kg
1.8 0.95 520 15
ng/Nm?*
Crgo gaseous 79 88 97
CHg- gaseous 29 2.3 0.88
Cig particluate <0.1 34 0.29

WS: wet scrubber; TS total solids content; SS: suspended solids content; V'TS: volatile total solids

content.
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Table 4-5. Concentration and speciation of Hg in the inlet and outlet of the WS in the flue
gas from the GS, FB, FC, and FD (incinerator GS: WS+ESP). Some daily data were not
available due to mechanical failure and were excluded consequently. Mercury
concentration in the stack was monitored separately in species of Hg’ and Hg?*, and average

concentrations within 24 hours of continuous monitoring were shown here.

Inlet of WS Outlet of WS(ESP)
THg Hg® Hg? THg Hg® Hg?* Removal
Incinerator Date
(ng/Nm’) (%) (%) | (ngNm) (%) (%) rate
15-Dec-16 3.8 16% 84% 10 90% 10% -
16-Dec-16 11.9 20% 80% 9.3 93% 7% 22%
G5 17-Dec-16 14.5 50% 50% 14.5 96% 4% 0%
Average 10.0 34% 66% 11.3 93% 7% -
18-Jan-17 37.2 22% 78% 32 19% 81% 91%
19-Jan-17 48.4 10% 90% 4.1 33% 67% 92%
20-Jan-17 11.6 11% 89% 2.8 29% 71% 76%
FC 21-Jan-17 13.6 55% 45% 5.4 29% 71% 60%
22-Jan-17 5.6 19% 81% 8.4 32% 68% -
23-Jan-17 5.7 7% 93% 8.2 47% 53% -
Average 20.3 19% 81% 53 34% 66% 74%
17-Feb-17 38.8 4% 96% 8.1 89% 11% 79%
18-Feb-17 38.4 4% 96% 8.1 76% 24% 79%
19-Feb-17 35.7 3% 97% 7.3 29% 71% 79%
o 20-Feb-17 56.5 1% 99% 7.2 14% 86% 87%
21-Feb-17 35.1 1% 99% 8.9 29% 1% 75%
Average 40.9 3% 97% 7.9 48% 52% 81%
FD - 773 5% 94% 7.6 98% 2% 90%

4.3.2 Hg emission profiles in mono-incinerators GS, FB, FC, and FD

Figures 4-5~4-8 show the average hourly mass flow of THg in incinerators GS, FB,
FC, and FD. Values in the area surrounded by a dotted line have been calculated by addition,
subtraction, or both, of measured values. The values surrounded by the solid lines are

calculated by the Hg-CEM results and flow rates.
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Step grate stoker

Figure 4-5 shows the average hourly mercury mass flow in GS. The average hourly
mass flow rate of Hg entering the plant was 1.8 g/h, and nearly no mercury loss occurred
during the sludge drying process. In the sludge dryer, secondary treated water for drying
also brings 0.3 g Hg in hourly. However, after that, 0.2 g Hg was trapped in wastewater
from mist separator. Thus, the amount of Hg after the sludge drier almost the same as the
feeding sludge.

In the stack, the average concentrations of Hg’ and Hg** were 7.2 pg/Nm?® and 7.3
pg/m? at the outlet of multi-cyclone (before wet scrubber) but turned out to be 13.9 pg/m?
and 0.6 ug/Nm?® at the inlet of induced draft fan, which is directly in front of the stack
(Table 4-5). According to the results obtained, APCDs of the step grate incinerator showed
poor removal ability of THg in the flue gas. Rather than remove T-Hg, with gas-cooling
desulfurized (wet scrubber) and electrostatic precipitator between multi-cyclone and stack,
the APCDs, to some extent, converted Hg?" into Hg". Thus Hg was mainly emitted into the
atmosphere in the form of Hg" in the step grate incinerator investigated in this study.

Through the mass balance evaluation, as defined in Chapter3, the WS also discharged
42% (1.1 g/h) of Hg, and 8% of THg was emitted from the stack. Based on the CEM results,
the THg in the inlet to WS was calculated to be 0.2 g/h, being much lower than the
calculated results as 1.9 g/h, and the closure of the overall THg recovery rates across GS
was unable to obtain. Since the amount of Hg in the sludge and wastewater from WS
showed a relatively small discrepancy, the Hg-CEM results monitored at the outlet of multi-

cyclone may be underestimated.
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Figure 4-5. The average hourly mass flow of Hg in GS (Unit: g/h).

Fluidized bed incinerators

As shown in Figure 4-6, in FB, the average hourly mass rate of THg from dewatered
sludge was 0.6 g and treated water for WS also brought 0.1 g of THg into the whole process.
Among the output, 0.04 g/h of THg was discharged in ash hourly, whereas 0.7 g of THg
was discharged in wastewater from WS, for which the amount was even more considerable
than the input from dewatered sludge. The increase in the amount of THg discharged at WS
may be associated with the accumulation of Hg in the WS. Flue gas also emitted 0.2 g THg
into the atmosphere, which is 30% of the input from the sludge. Moreover, peaks for Hg
emission were found in the outlet of WS, but the timing of these peaks was not consistent
with the peaks in the inlet. This phenomenon indicates the possibility of the accumulation
and re-emission of Hg at WS in FB.

Overall, the total output of THg exceeded the input, thus resulting in a recovery rate
of 134%, amongst 100% was discharged through the wastewater from WS. At the WS, the
THg in the flue gas calculated based on the CEM results were also comparable to the batch

sampling results, and closure in the mass balance was obtained.
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Figure 4-6. The average hourly mass flow of Hg in FB (Unit: g/h).
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Fluidized bed incinerator FC (Fig. 4-7) showed comparable removal rates of mercury

as incinerator FB. Wastewater from WS also discharged 79% of THg brought in by the

sewage sludge and recycling water to WS, while the flue gas discharged 7% of the THg.
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Figure 4-7. The average hourly mass flow of Hg in FC (Unit: g/h).

Figure 4-8 shows the average hourly mass flow of Hg in FD. The dewatered sludge
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brought 1.60 g THg hourly to the incinerator FD, and 0.17 g/h was discharged from the
ISSA. After that, the remaining THg (1.43 g/h) was entrained in the flue gas and was
directed to the WS. At WS, 1.88 g THg was discharged from the wastewater, even exceeded
the total input of Hg of 1.60 g/h. The recovery rate, which is defined as the ratio of the
amount discharged to the amount brought to the incinerator by sewage sludge, is calculated
to be 118% in wastewater from WS. That is to say, almost all of the THg brought to the FD
was discharged in wastewater from WS in FD. The high recovery rates here in WS is
associated with the dominant species of Hg, which was Hg?". The high solubility of Hg?"
makes it easier to be removed at WS, as we already discussed in 4.3.1. After that, about
0.092 g/h was emitted from the stack, with a low recovery rate in this stream as 5.8%.
Therefore, similar to the emission in FB and FC, the APCDs, especially the WS, can
effectively remove the Hg** by absorption in FD. However, the re-emission of Hg” by the
reduction of Hg?" also raises the concern in Hg emission from sewage sludge mono-

incinerators at the WWTPs.
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Figure 4-8. The average hourly mass flow of Hg in FD (Unit: g/h). SS: suspended solids.

To conclude, in sewage sludge incinerators, Hg was almost not concentrated in
incineration ash, and most Hg was discharged into the environment through wastewater
and flue gas. Since wastewater from wet scrubber was returned to the front of the
wastewater treatment process without special Hg treatment, Hg partially kept an internal

circulation and accumulating in the system. A small part of THg was emitted into the
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atmosphere from the stack, and Hg® was dominantly distributed in GS and FD, contrarily
Hg?" occupied an equal or more significant proportion of THg emitted from flue gas in
fluidized bed incinerator FB and FC. Thus, although not primarily emitted to the
atmosphere, the THg entered the WWTP was accumulated in wastewater, which may pose

potential risks to fish and humans after discharging into waters or the sea.

4.3.3 Hg emission profiles in the carbonization furnace

The hourly flow of Hg in C-F is shown in Fig. 4-9. From the sewage sludge, 1.39 g
of THg was fed to the furnace. During the drying process, less than 0.03 g/h of THg was
discharged. Then, 1.50 g/h of THg was found in the dried sludge before feeding to the
carbonization furnace. The higher amount in THg than the dewatered sludge is mainly
caused by the inhomogeneity of sludge and discrepancies in sampling and measurement.
After carbonization, only 0.04 g/h of THg was discharged in the generated biofuel, with a
low recovery rate of 2.9%. The remaining THg was entrained in the flue gas and treated at
the following APCDs. After the cyclone, 0.59 g/h of THg was detected, and Hg® dominantly
accounted for 73% of THg in amount. Then, from the WS, ESP, to the stack, the amount of
THg in the flue gas was almost the same, with no removal in THg emissions from these
units. The dominant species of Hg may cause the extremely low removal efficiencies of
THg at WS and ESP as Hg’, which is hard to be absorbed in water because of its low
solubility. However, still, 0.54 g/h of THg was discharged in wastewater from WS, and the
mass balance was unable to get a reasonable closure at the WS. The discrepancy here may,
on the one hand, be caused by the underestimated THg, especially Hg?" in the flue gas to
the WS; on the other hand, it may be related to the re-emission of Hg from the wastewater
in WS.

Generally, in C-F, the WS and ESP in C-F can hardly remove THg due to its dominant
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species of Hg as Hg". Therefore, a specific Hg’ removal process should be taken into

consideration in Hg emission control in sewage sludge thermal treatment process.
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Figure 4-9. The average hourly mass flow of Hg in C-F (Unit: g/h). SS: suspended solids.

4.3.4 The evolution of Hg species with temperature in sewage sludge incinerators and
carbonization furnace

Figure 4-10 shows the thermodynamic calculation results of Hg species in flue gas
generated in sewage sludge incinerators GS, FB, FC, and FD. For all these incinerators,
the primary species of Hg is Hg’ at temperatures higher than 600 °C, while the Hg**
dominantly exists when the temperatures decreased to lower than 400 °C. This tendency is
in accordance with the Hg-CEM results in 4.3.1 for GS and FD that the Hg** dominantly
exists in the flue gas in front of WS, in which the temperature is lower than 400 °C. At the
temperature range of 500~800 °C, very small fractions of HgO also appeared in FB, FC,
and FD as 1~4%, but no HgO is expected to appear at these temperatures in GS. The small
fractions of HgO in FB, FC, and FD is caused by the oxidation of the excess air used in

these fluidized type incinerators.
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Figure 4-10. Thermodynamic calculation results on the species of Hg in the flue gas in

sewage sludge mono-incinerators GS, FB, FC, and FD.
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Figure 4-11. Thermodynamic calculation results on the species of Hg in the pyrolysis gas
in C-F.

The evolution of Hg species in the pyrolysis gas in the carbonization furnace is shown
in Figure 4-11. From 240 to 420 °C, the primary Hg species is always Hg’. The dominant
existence of Hg” in the carbonization furnace is caused by the reduction atmosphere inside

the furnace, in which oxygen is almost not existing; instead, nitrogen was used. The
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estimated result compares well with the Hg-CEM results in 4.3.1, in which the Hg was
dominantly detected in the inlet and outlet of WS, as well as in the stack emission.
Besides the speciation, a relevant relationship between the THg concentration in the
pyrolysis gas, especially Hg’, and the temperature was found in C-F (Fig. 4-12). By
extracting the Hg’ concentration and the temperature data, a linear relationship was
discovered (Fig. 4-13). Thus, with the increase in temperature between 240 and 340 °C, the
Hg® concentration in the flue gas also increases. Since the dominant species of Hg in C-F
is Hg’, according to the thermodynamic calculation results (Fig. 4-11), the increase of the
Hg® may be caused by the vapor pressure change with temperature that liberates the Hg’

adsorbed in the sludge.
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Figure 4-12. Concentrations of Hg® and Hg?" in the pyrolysis gas and the temperature in
C-F.
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Figure 4-13. Relationship between the Hg’ concentration in the pyrolysis gas and the

temperature in C-F.

To conclude, from the thermodynamic calculations, Hg>* was the primary species of
Hg in the flue gas in sewage sludge incinerators at temperatures lower than 400 °C, while
Hg® dominant exists in the pyrolysis gas in carbonization process due to its reduction
atmosphere. These thermodynamic calculation results are in accordance with the

experimental data from the Hg-CEM.

4.3.5 The absorptive removal of Hg in sewage sludge carbonization furnace

Since the Hg® dominant in the flue gas at the C-F, the adsorptive removal of Hg’ by
sorbents was studied using modified activated carbon tower and polymer tower, as
explained in 4.2.4. Fig. 4-14 shows the concentrations of Hg" in the inlet and outlet AC
tower at C-F. The average Hg concentration in the inlet was 70.6 ug/Nm?® but decreased to
0.3 ug/Nm? in the outlet of the first layer of the AC tower, leading to an average removal

rate of Hg? by the AC tower as 99.6%. The continuous adsorption test showed a stable Hg’
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removal performance. With excellent Hg’ removal performance, the MAC is a kind of

promising sorbent for Hg’ control in flue gas.
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Figure 4-14. The concentrations of Hg' in the inlet and outlet of the first layer of the AC
tower at C-F.

The adsorptive removal performance of Hg® by polymer tower is shown in Fig. 4-15.
The average Hg’ concentration in the inlet to the polymer tower was 67.5 ug/Nm?®. After
the first layer of the polymer, the Hg® concentration decreased to about 30 ug/Nm?, then
decrease to 23.3 pg/Nm?and 11.2 pg/Nm?at the second layer and third layer, respectively.
After three layers of polymer embedded in the tower, 83.4% of the Hg® was effectively
removed.

Therefore, both the MAC and polymer tower can remove Hg’ in the flue gas in the
carbonization furnace effectively. Compared with polymer tower, the AC tower provided
higher Hg? efficiency with only one layer and, consequently, is considered more feasible

for Hg’ removal in the carbonization furnace in this study. However, the disadvantages
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were mainly found in its operation on the spot for the AC tower. For example, moisture was
found to weaken its performance and the dust blocking also pose difficulties in its

utilization and maintenance.
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Figure 4-15. The concentrations of Hg’ in the inlet and outlet of the polymer tower at C-
F.

4.4 Summary

In this chapter, the continuous Hg emissions in SS mono-incineration and
carbonization processes were monitored, and the thermodynamic calculations were
conducted in all studied furnaces. In sewage sludge incinerators GS, FB, FC, and FD,
despite the different types of incinerators and different sludge used, thermodynamic
calculations show that the dominant species of Hg in the flue gas was Hg?" at temperatures
lower than 400 °C. The Hg-CEM also confirmed the dominant existence of Hg>" at the inlet
of WS in GS and FD, but FB and FC showed a higher fraction of Hg?* in the outlet of WS.

The Hg?" in the flue gas was then removed at the WS, with high recovery rates of Hg in
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wastewater from WS in all these incinerators as 61~118%, while the flue gas emitted
6~33% of THg. Moreover, the re-emission of Hg® due to the reduction of Hg?" possibly
occurred at WS in GS and FB.

In contrary to the sewage sludge incinerators, Hg is the dominant species of Hg in the
pyrolysis gas after the carbonization with a low-temperature range of 240~420 °C. The Hg-
CEM results showed stable Hg® concentrations in the pyrolysis gas from the inlet of WS to
the stack emission. Thus, 42% of Hg was emitted from the stack, with 40% as the Hg’. The
Hg® can be effectively removed by the MAC and polymer tower, and MAC is more feasible
for its higher removal efficiency as 99.6% than that of polymer (83.4%) in this study, but

also has the difficulties in operation.
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Chapter 5 Investigation of mercury adsorptive removal using impregnated activated
carbon

5.1 Introduction

In 2017, the Minamata Convention (United Nations Environment Programme) entered
into force, and is expected to lead to a reduction in the emission and release of Hg (UNEP).
To remove Hg? from flue gas, virgin and chemically treated activated carbons (ACs) have
been studied extensively (Krlshnan et al., 1994; Yang et al., 2007). For example, ACs
impregnated with halogens (Y. Chen et al., 2018; Vidic and Siler, 2001) and sulfur (Lee and
Park, 2003; Li et al., 2018) are reported to exhibit excellent Hg® removal performance
(Ghorishi et al., 2002; Suresh Kumar Reddy et al., 2014), and even greater Hg" removal
efficiency was observed when Cl and S were co-impregnated (Sano et al., 2017). Among
the halogen-impregnated ACs, Hg” removal efficiency significantly decreases in the
following order: I-AC > Br-AC > CI-AC. Meanwhile, the activation energy barrier
associated with HgX formation increases in the following order: Hgl < HgBr < HgCl
(Rungnim et al., 2016). Another advantage of using an iodine-impregnated sorbent is the
lower volatility of Hgl, (higher boiling point) compared to other mercury halides, which
enhances the stability of the spent sorbent (Li et al., 2009). Therefore, iodine-impregnated
ACs are promising sorbents for Hg” removal.

The mechanisms underlying Hg® removal by both virgin and impregnated ACs involve
activated sites on the surfaces of the ACs. Oxygen functional groups (OFGs), especially
ester groups (C-O) and carbonyl groups (C=0), contribute significantly to mercury removal
by providing activated sites for Hg® binding (Li et al., 2018, 2002, 2003; Z. Liu et al., 2018;
Sun et al., 2017). Furthermore, O> also promotes Hg” removal by oxidizing Hg’ (Kong et
al., 2011; Z. Liu et al., 2018). For iodine-impregnated ACs such as potassium iodide (KI)-
impregnated ACs, molecular iodine (I2) formed from the oxidation of KI is speculated to
participate in the primary mechanism of Hg® removal, according to the following proposed
reaction: 4 KI + O2 = 2 K>O + 2 I (Li et al., 2009; Tong et al., 2017). However, starch-

iodine tests showed that I can barely formed at temperatures lower than 300°C (Li et al.,
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2009), and the Gibbs free energy for the proposed reaction has a positive value even at
1,000°C (Table 5-1). Hence, the mechanism of Hg’ adsorption by KI-impregnated sorbents
needs further clarification. Moreover, other than results from the starch-iodine test (Li et
al., 2009; Zhang et al., 2009) and surface morphology characterization (Lee et al., 2004),
there is little evidence regarding the crystalline phase or chemical state of .. Therefore,
additional investigation regarding the presence of Iz, and the form and chemical state of the

iodine impregnated in the ACs, is necessary to clearly elucidate the reaction pathways.

Table 5-1. Thermodynamic results for the equation 2 KI + 1/2 O2 = I + K2O. The
calculations were conducted with FactSage software and the Fact53 database.

T (C) AH (k) ASUKY  AG(K)
25 294 97.2 323
105 295 94.1 331
140 356 45.0 337
200 356 44.2 335
300 355 429 330
400 354 414 326
500 353 39.6 322
600 351 375 318
700 349 35.3 315
800 347 338 311
850 347 33.1 309
900 346 324 308

1000 344 30.6 305

Furthermore, existing research concerning iodine-impregnated ACs is mostly
concerned with KI impregnation; precursors other than KI are scarcely used. Consequently,
the influence of the cation element on Hg? adsorption performance is rarely discussed.

The purpose of this chapter was to (1) investigate Hg’ removal performance using
iodine-impregnated ACs with different precursors, such as KI, ammonium iodide (NHa4I),
potassium iodate (KIO3), and a co-impregnation of KI followed by CuSOs; (2) explore the

mechanism underlying I, formation in iodine-impregnated ACs and cation effects; and (3)
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propose pathways for Hg” removal by the prepared ACs.

Different measurement methods, including Brunauer-Emmett-Teller (BET) specific
surface area analysis, X-ray diffraction (XRD), X-ray photoelectron spectroscopy (XPS),
and X-ray absorption near-edge structure analysis (XANES), were used to confirm the
texture characteristics of the ACs, as well as the species and chemical state of the
compounds impregnated in and adsorbed on the ACs. Based on these experimental results,
putative pathways for Hg® removal by the prepared ACs were proposed and evaluated

according to the Gibbs free energy value.

5.2 Methodology

5.2.1 Sorbent preparation
Granular AC based on coconut shells (SHIRASAGI C2¢20/48; Osaka Gas Chemicals,

Osaka, Japan) was used as the carrier and control sorbent in this study (Table 5-2).

The AC samples were dried at 105°C for 12 h before impregnation. The raw AC was
impregnated with iodides of different cations—KI and NHs[—via one-step impregnation
to compare the effects of different cations on Hg" adsorption performance. The AC was
also prepared with KIOs using one-step impregnation to analyze the effects of using iodine
with different valences. Additionally, co-impregnation with KI and CuSO4 (impregnation
with KI followed by impregnation with CuSO4) was conducted in an attempt to precipitate
Cul and I, into the AC. The impregnation procedures were explained in a previous study
(Sano et al., 2017).

Sorbents were denoted as AC-virgin for non-impregnated ACs, and as AC-KI, AC-
NH4l, and AC-KIO; for ACs one-step impregnated with KI, NH4l, and KIOs3, respectively.

The co-impregnated AC was denoted as AC-KI+CuSOa.

Table 5-2. Elemental content of raw AC (Sano, A. et al., 2017; Nishimura K. et al., 2004).
Element S Cl P Ca Mg Fe Ti Cu Pb Mo
mmol/g 0.02 0.05 0.06 0.009 0.01 0.01 0.004 0.0002 0.0006 0.0001
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5.2.2 Sorbent characterization

The BET specific surface area (Sget) of the sorbents was determined using nitrogen
adsorption at —196°C with an ASAP 2020 analyzer (Micromeritics, Norcross, GA, USA).
All sorbents were degassed at 25°C before BET measurements. The average pore size and
pore size distribution were determined using the Barrett, Joyner, and Halenda method. The
crystal structure of the sorbents was determined using XRD (RINTUItima+/PCQ2; Rigaku,
Tokyo, Japan). The Hg Lm-edge and I K-edge XANES spectra were collected using a
beamline BLO1B1 at the SPring-8 synchrotron radiation facility in Hyogo, Japan. Mercury
reference components including elemental Hg and solid materials, such as Hg>Clo, HgClo,
Hgl, Hglb, HgO (red), HgO (yellow), HgS (black), HgS (red), Hg>SO4, HgSO4, and
HgsS>Cl, were selected based on the precursors used for impregnation and possible
products after the adsorption test (Sano et al., 2017). lodine components (Shimamoto and
Takahashi, 2008), including solid materials such as KI, Nal, NH4l, Cul, Cal,, Hgl, Hgh, I,
KIO3, and NalOs, triiodide ions (I37) in a KI-I, saturated solution (1 mol/L KI solution with
1:1 I, added), were used to identify the species of iodine in the ACs. All spectra were
collected in transmission mode, except for Hg Lii-edge samples, which were recorded in
fluorescent mode due to the low concentrations. By applying principal component analysis
(PCA) and target transformation, irrelevant reference materials were excluded, and linear
combination fitting (LCF) of the XANES data was conducted using relevant reference
materials with ATHENA software (Ravel and Newville, 2015) to estimate the proportions
of all species of Hg or I contained in the samples. The XPS analysis was performed using
an ESCA-3200 system (Kratos Analytical Ltd., Manchester, UK). The detection sensitivity
of XPS is 0.1 at%. Spectra were collected using Mg Ka radiation at 1,253.6 eV. Data
processing was conducted using COMPRO12 software (COMPRO), and all spectra were

calibrated to the Cls peak located at 284.6 eV.

5.2.3 Mercury adsorption experiment

The adsorption tests were conducted using an apparatus that comprised a mercury

generator, pre-heater, fixed-bed column, and continuous mercury monitor (Fig. 5-1) (Sano
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et al., 2017). A dehumidification column and an activated column were placed in front of
the air inlet. To avoid adsorption of Hg? onto the tube wall, all tubes used in this study were

made from Teflon or glass.
Air
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Figure 5-1. Schematic of the elemental mercury adsorption fixed-bed reactor.

The mercury generator consisted of a glass impinger connected to a temperature
controller. Metallic mercury was placed at the bottom of the impinger. The dehumidified
air flowed at a rate of 0.5 L/min and carried Hg vapor to the adsorption column. After
vapor-phase elemental Hg had been generated, the Hg gas was pre-heated to 90°C in a pre-
heating column. Then, the Hg" gas entered the up-stream fixed-bed column, which was
maintained at 140°C with a ribbon heater. The diameter of the fixed-bed column was 10
mm. Glass beads and quartz wool were used to conceal and fix samples inside the column,
as well as to homogenize the gas flow and prevent short flow. The Hg” concentration was
adjusted to approximately 1,500 pg/m? to transfer as much Hg’ as possible to the AC
samples. Each sorbent (1.0 g) was exposed to the flowing flue gas simulant at 140°C for
10 h for the impregnated ACs, whereas AC-virgin was only exposed for 3 h because it
exhibited an early breakthrough (Sano et al., 2017).

The mercury concentration was detected using continuous mercury monitors,
including a pretreatment instrument (MS-1A) and a DM-6B detector (Nippon Instruments
Co., Ltd., Tokyo, Japan), which can measure different species of Hg such as Hg® and Hg*".

The Hg? content was confirmed to be more than 97.9% in the inlets for all tests (Table 5-
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3); therefore, Hg?" is neglected in the following equation.

The average mercury removal efficiency 7. (%) was calculated as follows:

77“ — Cinac_ Couta X 100% (1)

ina

wherec, andc,  denote the average Hg” concentration (ug/m®) at the inlet and

outa

outlet of the reactor, respectively.

Table 5-3. The Hg? content in the inlet during the adsorption tests.

Sorbent c(Hg) u g/m? c(Hg*") 1 g/m? Hg’ content
AC-virgin 1,510 1.4 99.9%
AC-KI 1,130 8.3 99.3%
AC-NH4I 1,950 13.1 99.3%
AC-KIO; 1,680 7.6 99.6%
AC-KI+CuSO4 1,640 35.2 97.9%

5.3 Results and Discussion

5.3.1 Mercury adsorption performance of the sorbents

The results of the adsorption tests are summarized in Figure 5-2. Because the duration
of each adsorption test was only 3 or 10 h, the breakthrough curves and saturated adsorption
capacities of the sorbents were not obtained. All impregnated ACs exhibited better Hg"
removal performance than AC-virgin, and #. values ranged from 97.2% to 99.9% in the
following order: AC-KI+CuSO4 > AC-NH4l > AC-KIO3; > AC-KI > AC-virgin. This result
demonstrated that co-impregnating with KI and CuSO4 is more efficient for Hg® removal
than the one-step impregnations used in this study. Moreover, with the same I anion, the
type of cation precursor used for impregnation (K* and NH4") significantly affected the Hg”
removal rate, with NH4l being more efficient than KI. Further, the valence of iodine used
in this study—i.e., I°" (KIOs3) and I (KI)—also affected the Hg® removal performance

significantly.
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Figure 5-2. The removal rate of Hg? for sorbents.

5.3.2 BET surface area analysis (surface morphology)

Table 5-4 summarizes the Sger, pore volume (Viotal), and pore size (dpore) data. The
surface area of AC-virgin was 1,200 m?/g, which was larger than that reported in other
studies (Jang et al., 2017; Li et al., 2018; Sun et al., 2017; Wu et al., 2017; Zhong et al.,
2017). After impregnation, the Sger of the ACs decreased, with AC-KI+CuSO4 having the
smallest surface area of 1,000 m?/g, which was 83.3% that of AC-virgin. The decrease in
Sper may have been caused by blockage and collapse of internal pores (Z. Liu et al., 2018;
Wu et al., 2017; Zeng et al., 2004). Because the average pore size of all impregnated ACs
also increased, blockage mainly occurred in micropores, in accordance with a decrease in
the volume of the micropores (Vmicro) (Shao et al., 2016). Moreover, the largest Viotal Was
observed for AC-KIO3, which indicates that both micropores and mesopores had collapsed,
perhaps in relation to oxidation by KIOs. As a result, all pore sizes increased, such that Vigtal
also increased.

During Hg” removal, micropores can serve as a source of activated sites, and
mesopores may function as transmission channels of mercury (Li et al., 2018). Therefore,
a decrease in Sget and Vmicro Will negatively affect physical adsorption performance (Wu et
al., 2017). However, despite a decrease in Sget and Vicro, all impregnated ACs exhibited
greater Hg® removal efficiency (Fig. 5-2). Hence, rather than physical adsorption,
chemisorption dominates Hg” removal, as reported in previous studies (Sano et al., 2017;

Tong et al., 2017; Van Stipdonk et al., 2000; Zhou et al., 2015).
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Table 5-4. Brunauer-Emmett-Teller specific surface area (Sger) and microstructure
parameters of virgin and impregnated activated carbons (ACs).

Sample Sger (M%/g) Vimicro (cm®/g)  Vioral (cm*/g) Viicro/ Viotal (%) dpore (NM)
AC-virgin 1,200 0.43 0.62 68.9 2.36
AC-KI 1,050 0.37 0.58 63.6 3.09
AC-NH4I 1,110 0.37 0.62 60.1 3.12
AC-KIO; 1,180 0.40 0.66 60.3 3.15
AC-KI+CuSO4 1,000 0.34 0.55 61.4 3.11

Vmicro, micropore volume; Viotal, pore volume; dpore, pore size.

5.3.3 XRD analysis

The results of the XRD analysis of virgin and impregnated ACs are presented in

Figure 5-3. Two strong and broad peaks for AC-virgin were detected at 26 = 23.80° and

43.22°. (Wu et al., 2017) The peak at 23.80° can be attributed to amorphous carbon (C)

structures, whereas the peak at 43.22° may be due to the a axis of the graphite structure

(Liu et al., 2010; Okamura et al., 2006). After impregnation, the intensities of these two

peaks decreased, indicating that the structure of the ACs was affected by the impregnation.

The crystalline phase of KIO; was found in AC-KIO3; both before and after the

adsorption test. After the adsorption test, the intensity of KIO3 decreased, indicating that

KIO; had been consumed, possibly in association with Hg’ removal. The proposed

reactions are as follows:

3 Hg (g) + KIOs3 (s) = KI (s) + 3 HgO (s)

)

ArG®(413 K) = —134.7 kJ-mol”!

2 KIO;(s) + 3 C (s) =2 KI(s) + 3 CO2(g)

3)

ArG®(413 K) = —1,054 kJ-mol”!

A faint crystalline phase of Cul was found in AC-KI+CuSO4 before the adsorption test

(not marked in Fig. 5-3), whereas Cu,Hgls was observed after the adsorption test. We

speculate that the reactions proposed in Eq. (4) and (5) occurred on the surface of the AC

during impregnation and adsorption of AC-KI+CuSO4 (Shaffer and Hartmann, 1921;
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Ahmad, 2011).
2 CuSO4(aq) +4 Kl (aq) =2 Cul (s) + I (s) + 2 K»2SO4 (aq) (4)

4 Cul (s) + Hg (g) = CuxHgls (s) + 2 Cu (s) (5)
However, no peaks associated with the crystalline phase of KI, NH4l, or I were visible

for the other sorbents, and could also not be detected using XRD.
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Figure 5-3. X-ray diffraction analysis of virgin and impregnated ACs (a) before and (b)
after the adsorption tests.

5.3.4 XPS analysis (surface chemistry of the sorbents)

To confirm the surface chemical composition and chemical states of the sorbents, the
XPS wide-scan spectrum was employed initially. Strong peaks for Cls, Ols, and I3d were
detected (Fig. 5-4); however, peaks ascribed to mercury were not found during the XPS
analysis because the concentration of mercury in all samples was less than 0.1 at%, which
is the detection sensitivity of XPS. The results revealed that C and oxygen (O) were
consumed during the chemisorption of Hg’ (Fig. 5-5). The decrease in C and O on the
surfaces of the sorbents indicated that a gaseous phase product—possibly CO>—may have
formed and escaped into the carrier gas during this process (Eichberger and Stieglitz, 1994),

in accordance with the XRD results for the sorbent AC-KIO3 and Eq. (3).
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Figure 5-4. Results of XPS wide-scan analysis of the sorbents.
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Figure 5-5. Surface elemental composition derived from wide-scan analysis (based on
atomic concentration). After adsorption, the ratio of I/C in impregnated ACs increased due
to the decrease in the amount of C. Additionally, the O/C ratio decreased for all sorbents
except AC-KI+CuSOs, which implies that the amount of O also decreased after adsorption.
These results indicate that C and O were consumed during chemisorption of Hg’. Further,
the decreased C and O on the surfaces of the sorbents suggests that a gaseous phase
product—ypossibly CO>—might have formed and escaped into the carrier gas during this
process (Eichberger and Stieglitz, 1994).

The corresponding high-resolution XPS spectra in Figure 5-6 exhibit the
characteristic peaks of Cls, Ols, and 13d for the virgin and impregnated ACs. Because the
shapes of the Cls spectra were similar for all sorbents, which featured three typical peaks
both before and after the adsorption tests, only the spectra for AC-virgin are shown in
Figure 5-6(a) (the XPS C1s spectra for the other sorbents are shown in Fig. 5-7). The peaks

at 284.6, 285.1-285.3, and 287.4-288.7 eV in the deconvoluted C1s XPS spectra (Fig. 5-
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6(a)) are attributed to C-C/C-H, C-O, and COOH/C(0O)-O-C/C=0, respectively (Li et al.,
2018, 2015; Zhang et al., 2015). After adsorption, the relative intensity of C-C increased,
whereas the relative intensity of OFGs, namely C-O and COOH/C(0)-O-C/C=0, decreased
on the surfaces of the sorbents (Li et al., 2018, 2003), as summarized in Table 5-5. However,
the relative intensity of OFGs increased slightly for AC-KIOs, possibly due to the
consumption of C, as implied by Eq. (3).

The Ols high-resolution spectra for all sorbents except AC-KI+CuSO4 were very
similar; therefore, only the spectra for AC-virgin and AC-KI+CuSO4 are shown in Figure
5-6(b) and 5-6(c), and the spectra for the remaining sorbents are presented in Figure 5-8.
After fitting, the Ols spectrum can be resolved into two individual component peaks at
530.3-530.5 and 532.7-533.2 eV for all sorbents, except AC-KI+CuSOs, before the
adsorption test. The shoulder peaks at 530.3-530.5 eV are attributed to C=0O groups,
whereas the higher binding energy component is probably due to C-O groups or
chemisorbed O, such as COOH carboxylic groups (Altenor et al., 2009; Harijan et al., 2018;
Li et al., 2010). After adsorption, the shoulder peak disappeared in all sorbent spectra
(Table 5-6), indicating that this form of O interacted with other components during the
adsorption test at 140°C.

Hence, the XPS Cls and Ols spectra confirmed that OFGs were present on the
surfaces of the sorbents. OFGs such as carbonyl and ester groups on the surfaces of the
sorbents enhance mercury removal performance by providing activated sites for Hg’
binding (Li et al., 2003, 2002). From the Cls and Ols spectra (Tables 5-5 and 5-6), it
appears that OFGs, particularly C=0, were consumed, which is in accordance with the
wide-scan results (Fig. 5-5). However, the sorbent AC-KI+CuSQO4, which has the lowest
content among OFGs (Table 5-5) and almost no C=O groups (Fig. 5-6(c¢) and Table 5-6),
exhibited the greatest Hg’ removal efficiency. This indicates that besides the active sites,
such as OFGs, the reaction proposed in Eq. (5) also significantly enhanced Hg" removal
performance for AC-KI+CuSOs. Furthermore, other chemical components, such as O and

I, may also play essential roles in Hg” oxidation (Kong et al., 2011; Li et al., 2009; Tong
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etal., 2017).
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Figure 5-6. High-resolution spectra generated by X-ray photoelectron spectroscopy
(XPS) of (a) Cls for AC-virgin, (b) Ols for AC-virgin, and (c) Ols for AC-KI+CuSOs.

Table 5-5. Functional groups of the sorbents before and after the adsorption tests (Cls

high-resolution spectra).

Relative intensity

AC-virgin AC-KI AC-NH4l AC-KIO;  AC-KI+CuSO4
Binding energy
Functional group before after before after before after before after before after
(eV)
C-C/C-H 284.6 031 036 035 039 034 038 036 034 037 041
C-0 285.1-2853  0.43 039 044 040 038 041 037 044 038 044
COOH/C(0)-O-C/C=0  287.4-288.7 0.27 025 021 0.19 028 0.22 027 021 0.24 0.15
Oxygen functional groups 0.69 0.64 0.65 059 0.66 0.62 0.64 065 0.63 0.59
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Figure 5-7. XPS high-resolution Cls spectra before and after the adsorption tests.
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Figure 5-8. XPS high-resolution Ols spectra for sorbents AC-KI, AC-NHal, and AC-KIO3
before and after the adsorption tests.
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Table 5-6. Functional groups of the sorbents before and after the adsorption tests (O1s high-
resolution spectra).

Relative intensity

AC-virgin AC-KI AC-NH4I AC-KIO3 AC-KI+CuSO4

Functional Binding energy
before after before after before after before after before after

group (eV)

Cc=0 530.3-530.5 0.04 0.12 0.07 0.15

C-O0 532.7-533.2 096 099 088 1.00 093 098 085 095 1.00 1.00
537.4-538.6 0.01 0.02 0.05

To confirm the chemical state of the iodine impregnated in the ACs, 13d high-
resolution spectra were recorded. Deconvolution of the 13d spectra revealed that two or
four peaks were produced by the impregnated ACs (Fig. 5-9). Doublet peaks at 618.8—
618.9 and 630.3—-630.5¢V, which are assigned to I" 3ds and I' 3d3» (Han et al., 2019; Zeng
et al., 2017; Zhang et al., 2012), respectively, were found for sorbents AC-KI (before
adsorption), AC-KI (after), and AC-KIO; (after), indicating the presence of
iodide—possibly KI—in these sorbents.

Doublet peaks at 619.7-620.4 and 631.6-632.4 eV were found for all sorbents except
AC-KIO; (before). These doublet peaks can be ascribed to I3~ (Zhang et al., 2018) or a
carbon-polyiodide compound (C-I,") (Barpanda et al., 2007), which might have formed
during impregnation and drying. Because the initial precursors contained no I», and larger
formal polyiodides than I7 are unlikely to exist at room temperature (Svensson and Kloo,
2000), the detected chemical state is most likely I3”, which can be formed as follows: I + 1>
= Iz"(Kralchevska et al., 2016; Thorsmelle et al., 2011). For AC-NH4I and AC-KI+CuSOQs,
only doublet peaks representative of I3 were found, both before and after the adsorption
tests (Fig. 5-9). Moreover, both I3” and C-I,” closely resemble 1> and are potential I donors
(Barpanda et al., 2007), which can enhance the oxidation of Hg® (Lee et al., 2004; Li et al.,

2009; Z. Liu et al., 2018).
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For the sorbent AC-KIO3, distinct doublet peaks were found at 624.2 and 635.6 eV.
These peaks are assigned to " 3ds;2 and I 3ds2, indicating that iodate was present on the

surface of the AC (Han et al., 2019; Xie et al., 2017). This result demonstrates that I°* and

adsorption, the peaks associated with I°* 3ds;» and I°* 3ds, disappeared, indicating that the

Together with the XRD results, in which the crystalline phase of KIO3 was also detected

after the adsorption test (Section 3.3), it can be concluded that only KIO3 on the surface of

after the adsorption tests.
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Figure 5-9. XPS high-resolution 13d spectra for iodine impregnated sorbents before and

I' co-existed on the surface of AC-KIOs3 (Xie et al., 2017; Zeng et al., 2017). After

iodate on the AC-KIO3 surface was consumed through interactions with other components.



AC-KIO3 was consumed, whereas the KIOs inside remained during the adsorption process.
Moreover, KI was detected in AC-KIO3 after adsorption, indicating that it was a reaction
product left on the surface of AC-KIOs after the processes proposed in Eq. (2) and (3).
For all impregnated ACs, no I peaks were detected by XPS. However, the results are
not conclusive, as no I> was generated in the impregnated ACs. It is possible that I> was
formed but evaporated into the atmosphere during storage, or that I> was not detected by
XPS because this modality only analyzes surface chemical states. Thus, the presence or

absence of I» inside the sorbents should be confirmed using XANES analysis.

5.3.5 XANES analysis
5.3.5.1 Chemical species of iodine in the impregnated ACs

Iodine XANES (I K-edge) analysis was conducted to clarify the chemical species of
iodine. Figure 5-10(a) and 5-10(b) show the iodine K-edge XANES spectra for the
impregnated ACs. The spectra produced by AC-KI, AC-NH4l, and AC-KI+CuSO4 were
very similar both before and after the adsorption tests. No similarities between the sorbents
and their precursors, NH4l, K1, and Cul, were detected. However, a distinct change in AC-
KIO3; was found after the adsorption test. The sorbent spectra initially had a shape similar
to those of KIO3/NalOs, and then developed a shape that was intermediate between those
of KIO3/NalOj; and KI/Nal.

The proportion of each form of iodine was estimated by I K-edge LCF (Fig. 5-10(c));
> accounted for approximately 9—16% of all forms of I for AC-KIO3, AC-NH4l, and AC-
KI+CuSO4 before the adsorption test, which is in agreement with the hypothesis in Section
5.3.4. Remarkably, the ranking of the I» fractions for the iodine-impregnated ACs was
consistent with the order of Hg® removal efficiency, which was as follows: AC-KI+CuSO4
~ AC-NH4l > AC-KIO3; > AC-KI. Therefore, I» is considered to play an important role in
Hg® removal by iodine-impregnated ACs (Lee et al., 2004; Li et al., 2009; Z. Liu et al.,
2018).
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Figure 5-10. Iodine K-edge X-ray absorption near-edge structure (XANES) spectra for (a)
solid potassium iodide (KI), solid Nal, solid NHul, solid Hgl, solid Cul, I3 ion, solid D,
solid Caly, solid Hgly, solid KIO3, and solid NalOs; and (b) the impregnated ACs, AC-KI,
AC-NH4l, AC-KIO3, and AC-KI+CuSOs4, before and after the adsorption tests (EO0 =
33,172-33,174 eV). (c) The fractions of chemical species of mercury estimated by linear
combination fitting (LCF) from iodine K-edge XANES data. (1), AC-KI (before adsorption
test); (2), AC-KI (after); (3), AC-NH4l (before); (4), AC-NH4l (after); (5), AC-KIO3
(before); (6), AC-KIOs (after); (7), AC-KI+CuSOys (before); and (8), AC-KI+CuSO4 (after).
The range for the LCF is 33,152-33,232 eV.

The formation of I in the impregnated ACs is proposed in Eq. (6)—(15). The formation
of I may occur during impregnation, drying, and adsorption. Even though > sublimates at

temperatures of more than 113°C, (Li et al., 2009) the pore structure of ACs can adsorb the
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iodine vapor during the storage of spent ACs after the adsorption tests due to the decrease
in temperature (Zhong et al., 2017).

For AC-KI, it is thermodynamically possible for I» to be formed (Eq. (6)). However,
in this study, no I was detected in AC-KI (Fig. 5-10(c)), in contrast to previous predictions
(Li et al.,, 2009; Z. Liu et al., 2018; Tong et al., 2017). For AC-NH4l, during the
impregnation process, NHal dissociated and H* was released, as shown in Eq. (7).
Additionally, Eq. (8) can promote the reaction proposed in Eq. (7). As a result, HI was
readily formed and adsorbed by the AC (Eq. (9)). Then, the HI was oxidized by O; thus, I»
was formed (Eq. (10)).The overall reactions for I, generation in AC-NH4I are summarized
in Eq. (11).

For AC-KIO3, 1> can be formed according to Eq. (12). The combination of Eqs. (3)
and (12) is shown in Eqs. (13) and (14), which are also thermodynamically feasible. For
AC-KI+CuSOs4, as explained in Section 5.3.3, Eq. (4) can occur quickly, and I, was
therefore deposited into the pores of AC-KI+CuSO4. Additionally, Cul can also be oxidized

by O to generate I (Eq. (15)).

For AC-KI
4KI(s)+302(g) +2C(s)=2K2C0O3(s) 2 2 (g) (6)
ArG®(413 K)=-772.889 kJ-mol!
For AC-NH4l
Impregnation process:
NH4" + H>O = NH3-H,0 + H* (7)
NH;-H2O (1) = NH3 (g) + H20 (1) (8)
H"+T =HI 9)
4 HI (aq) + O2(g) =2 Lo (s) + 2 H20 (1) (10)
ArG®(298 K) = —267.99 kJ-mol!
4 NH4l (aq) + O2(g) =4 NH3 (g) +2 L (s) + 2 H2O (1) (11)

ArG®(298 K)=—16.37 kJ-mol’!
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For AC-KIO3
4 KI03(s) + 5 C (s) =2 KoCOs(s) + 2 I (g) + 3 CO2(g) (12)
ArG®(413 K)=—1,698.73 kJ-mol’!
2 KIO3(s) +3 C (s) =2 KI (s) + 3 CO2 (g) (3)
ArG®(413 K)= 1,054 kJ-mol’!
KIO; (s) + KI (s) + C (s) = K2CO3 (s) + 12 (g) (13)
ArG®(413 K)=-322.365 kJ'mol’!
3 KIO; (s) + 4 C (s) = KoCOs (s) + KI (s)+ L (g) + 3 CO2 (g) (14)

ArG®(413 K)=-1,376.37 kJ-mol’!

For AC-KI+CuSO4
2 CuS0O4(aq) +4 Kl (aq) =2 Cul (s) + I (s) + 2 K»2SO4 (aq) (4)

2Cul(s)+02(s)=2CuO (s) + 2 (g) (15)

ArG®(413 K)=-92.155 kJ'mol!

After the adsorption tests, the fractions of I in AC-NH4l and AC-KI+CuSO4 remained
almost the same, because the amounts of Hg’ adsorbed by these two ACs were relatively
low (almost 100 times lower than the contents of I in these ACs). Thus, the ratios of Hg/I
on the surfaces of these ACs were low (Table 5-7), and consumption by Hg” was not
reflected in the LCF results for I. However, an evident decrease in I was found for AC-

KIOs3, which might be largely due to the high original Hg/I ratio of approximately 10%.

Table 5-7. Concentrations of Hg and I in each sorbent.

Sorbent AC-virgin AC-KI AC-NH4l AC-KIO3 AC-KI+CuSO4
Hg (mmol/g) 0.0006 0.0011 0.0023 0.0028 0.0023
I (mmol/g) - 0.47 0.17 0.03 0.2
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The LCF results also revealed larger proportions of KI-I> (aq) in all impregnated ACs
(Fig. 5-10(c)). Taken together with the XPS results (Fig. 5-9), the form of KI-I; (aq) is
considered to be I5". Notably, the sorbents with greater Hg’ removal efficiency, namely AC-
KI+CuSO4 and AC-NH4l, also contained larger fractions of I3". Hence, besides I, I3, which
may serve as an I donor, could also play an essential role in Hg® removal by iodine-
impregnated ACs. Moreover, because I3™ reacts with starch to produce a black-blue color,
it is possible that I;~ was formed and improved Hg’ removal performance in previous
studies (Li et al., 2009; Zhang et al., 2009) that used KI as the impregnation precursor, and
applied the starch test for I detection. I3 may have formed during impregnation, drying,
and adsorption through the following reaction: I' + L = I3~ (Bexoit et al., 1977,
Kralchevska et al., 2016; Thorsmelle et al., 2011). Moreover, the larger proportion of I3
found in AC-NH4l than in AC-KI might have been caused by the higher ion-pair
dissociation constant of NH*'I5” compared to K'I5” (Milne, 1992).

For AC-KIO3, the LCF results showed that the proportion of KIO3; decreased, whereas
KI appeared after the adsorption test; this is in agreement with the XRD and XPS results,

and also represents evidence of the reactions proposed in Eq. (2) and (3).

5.3.5.2 Chemical species of mercury in the spent ACs

Hg Li-edge XANES analysis of sorbents was conducted after the Hg adsorption tests
to determine the chemical species of Hg (Fig. 5-11(a) and 5-11(b)). The spectra of HgO
(yellow) and HgO (red) exhibited distinct features, i.e., two steep peaks and a valley at
~12,282, 12,298, and 12,306 eV, respectively. However, similar features were not observed
across all sorbents. Hence, HgO is likely not the adsorption product in this study. The two
references—HgCl, and HgSOs—produced obvious shoulder peaks at 12,282 eV; this
shoulder peak was also produced by AC-virgin, but not by the impregnated ACs. Therefore,
HgCl> and HgSO4 may have been present in AC-virgin but are not considered adsorption

products for impregnated ACs.
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Figure 5-11. Mercury Lij-edge XANES spectra for (a) metallic mercury, solid Hg>Cla,
solid HgCl, solid Hgly, solid Hgl, solid HgO (yellow), solid HgS (black), solid Hg>S>Cla,
solid Hg>SO4, and solid HgSO4; and (b) AC-virgin and impregnated ACs—AC-KI, AC-
NH4l, AC-KIO3, and AC-KI+CuSOs+—both before and after adsorption tests (E0 = 12,284
eV). (¢) The fractions of chemical species of mercury estimated via LCF from mercury Li-
edge XANES data. The range for the LCF is 12,264—-12,344 eV.

The shapes of the spectra for other reference materials and spent ACs are very similar
(X. Li et al., 2012); therefore, LCF was conducted after PCA and target transformation to
confirm the species and ratios of Hg in the spent sorbents. The LCF results (Fig. 5-11(c))
revealed that there was no elemental Hg in any sorbent (Sano et al., 2017), whereas there
was a significant fraction of HgS in all sorbents. Besides HgS, the main species of Hg found

in AC-virgin was HgCl». These results indicate that all sorbents, even AC-virgin, adsorbed
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Hg® via chemisorption. Moreover, the impurities of S and Cl in AC-virgin (Table 5-2) also
played essential roles in Hg® removal by the ACs, which reacted with Hg’ and fixed Hg in
the forms of HgS and HgCl» (Fig. 5-11(c¢)). Putative pathways for HgS and HgCl» formation
have already been proposed in previous research (Sano et al., 2017), in which Oz in the
carrier gas and C in ACs also participated in the chemisorption process.
The main species of Hg in the impregnated ACs in this study were Hgl> and Hgl, with
a higher proportion of Hgl, than Hgl. Possible reactions leading to the formation of Hgl
and Hgl are proposed in Eqs. (16)—(19) (Li et al., 2009; Z. Liu et al., 2018; Tong et al.,
2017). In impregnated ACs, Hgl is more easily formed (Eq. (16)) than HgClI due to the
lower activation energy barrier (Rungnim et al., 2016). Then, Hgl can be further oxidized
into Hgly, as proposed in Eq. (17). Hgl» can also be formed via the oxidation of Hg’ by I,
(Eq. (18)) (Li et al., 2009). Furthermore, Hgl, is more stable than HgCl, (Eq.(19)) (Li et
al., 2009), which is in accordance with the result that, rather than HgCl», Hgl> dominated
in iodine-impregnated ACs. A significant fraction of HgzS>Cl> was found in AC-KIO3 and
AC-KI+CuSOs4, and the proposed pathway explaining this outcome is as follows: a-HgS
— a-Hg3S>Clo — HgoClr (Radepont et al., 2015). Additionally, Hg3S>Cl, might also have
formed during storage after the adsorption test.
Hgl (Z. Liu et al., 2018):
Hg (g) + 1/2 12 (s) = Hgl (s) (16)
ArG®(413 K)=-76.191 kJ-mol’!
Hgl (Li et al., 2009; Z. Liu et al., 2018):
2 Hgl (s) + L (s) =2 Hglx (s) (17)
ArG®(413 K)=-96.969 kJ-mol!
Hg (g) + 12 (s) = Hglx(s) (18)
ArG®(413 K)=-124.676 kJ-mol!

HgCla (s) + 2 KI (s) = Hgl2 (s) + 2 KCl1 (s) (19)
ArGO(413 K)=-92.77 kJ-mol’!

126



Iodine-impregnated ACs have long been considered excellent sorbents for Hg’
removal, and the underlying mechanism is widely assumed to be the generation of L.
However, evidence for the presence of I is limited to the starch test and morphological
characterization. In this study, even though XRD and XPS could not be used to observe the
crystalline or chemical state of I, the XANES analysis successfully demonstrated that I
was generated inside the impregnated ACs. Moreover, both the XPS and XANES results
revealed the presence of I3, where both I and I3~ are considered to enhance Hg” removal
efficiency. Future research should focus on the stability and regeneration of the spent

sorbents.

5.4 Summary

In this study, we introduced iodine precursors, which are KI, NH4l, KIO3, and KI
followed by CuSOs, into the activated carbon by the impregnation supporting method.
Adsorption tests were conducted with an up-flow fixed-bed column at 140 °C, using the air
as the carrier gas. All sorbents showed excellent removal efficiencies of Hg® of 97.2-99.9%.
The XANES results show no metal Hg? in all sorbents, including the virgin AC, indicating
that the chemisorption dominant in the Hg® removal by the ACs in this study. Based on the
XPS analysis, the C and O in the ACs, as well as the O in the carrier gas, are considered
to participate in the chemical reactions responsible for the Hg” removal. Besides activated
sites such as C=0 and C-O, Oz and /I3 promoted the chemisorption significantly. Sorbents
of AC-NH4l and AC-KI+CuSO4 showed extremely high Hg’ removal efficiencies as 99.9%,
with a high inlet concentration as 1,500 pg/m®. The extremely high removal efficiencies
are by large associated with the high I3” and I fractions of iodine impregnated to these

sorbents.
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Chapter 6 Conclusions and future perspectives
6.1 Conclusions

This dissertation surveys the behavior of elements, especially heavy metals such as
Hg, during the SS thermal treatment process. The contents of this dissertation are

summarized as follows:

Chapter 1

The first chapter is a general introduction to this dissertation. This chapter firstly
surveyed the status of the SS generation in Japan and introduced conventional SS treatment
and disposal methods. Since the thermal treatment methods are more widely used in Japan,
further literature review on the SS incineration and carbonization was conducted. After that,
gaseous Hg removal technologies were introduced to solve the Hg emission problem arise
in SS thermal treatment. At last, the objectives and structure of this dissertation were

explained.

Chapter 2

In the SS incineration process, after combustion, elements in SS are distributed in
different streams as ash, wastewater, and flue gas. The concentration of elements in each
stream 1is associated with their final recycling and disposal. In order to provide such
elemental concentrations in SS incineration, a WWTP that has both the step grate stoker
and fluidized bed incinerators located in western Japan was selected and monitored. Results
show that, after combustion, concentrations of most elements were elevated to ~5-fold in
the ISSA (e.g., P, K), some soluble elements accumulated in the recycling water (e.g., Na),
and only Hg showed detectible concentrations in the flue gas. Moreover, different
enrichment tendencies of heavy metals were found between the GS and F-types: the GS
discharged the main ashes (bottom ash and riddling ash) with lower concentrations of heavy

metals than the dust generated at the APCDs in GS, as well as the fly ash discharged in the
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F-types.

Chapter 3

In order to clarify the different behavior of elements in each stream (especially the
ISSA) that caused by the incinerator types, a comprehensive comparison of the distribution
and mass balance of elements across the GS and F-types were conducted. Enrichment factor
(Er) was defined to evaluate the enrichment behavior of elements in the various ISSA, and
mass fraction and recovery rate was defined to discuss the contribution of each stream in
the mass balance. All target elements were classified into three groups as the non-volatile
(Al, P, Ca, Fe, Mg, K, Mn, Cu, Na, Cr, and Ni), semi-volatile (Zn, Pb, Ag, As, and Cd), and
volatile (S and Hg), for further discussion. Moreover, Thermodynamic calculations were
also introduced to the discussion and explanation in this chapter.

Experimental results demonstrated higher Er for semi-volatile elements in the boiler
and multi-cyclone dust than the bottom and riddling ashes in GS, while similar enrichment
of these semi-volatiles to non-volatiles was found in ashes from F-types. The distinct ash
removal procedures may be the reason for this different enrichment behavior between GS
and F-types: GS discharges the bottom and riddling ashes at the bottom of the incinerator
at 850 °C and only generates a very small fraction (~0.3%) of boiler and multi-cyclone dust
at APCDs at ~250 °C; F-types remove all particulate matters at the bag or ceramic filters
and generate only fly ash at ~250 °C. Thermodynamic calculations indicated gaseous
combustion components for Pb, Ag, As, and Cd at 850 °C, but the dominant phase of the
combustion components shifted to the solid at 250 °C due to the secondary reactions among
combustion components. Thus, the experimental results and thermodynamic calculations
revealed that the GS can, to some extent, separates semi-volatile elements from the main
ash.

Mass balance results showed good closures for most elements. The significant
accumulation of Na was found in recycling water, and S and Hg were also discharged

primarily in the wastewater in all incinerators. Significant emissions from the flue gas were
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only found for Hg.

At last, the possibility of the recycling of the ISSA as fertilizer was discussed. The GS
has an advantage over the F-types in terms of the recycling of the ISSA because it
discharges a large amount of bottom and riddling ashes with lower concentrations of heavy

metals.

Chapter 4

In order to clarify the Hg emission profiles in SS thermal treatment process, besides
GS, FB, and FC, another fluidized bed incinerator (FD) and a carbonization furnace (C-F)
were monitored with speciation continuous Hg emission monitors (Hg-CEM). Tests on the
adsorptive removal of Hg? by commercial sorbents in carbonization was also conducted.

Results showed different dominant species of Hg in the SS thermal treatment process.
In the incineration, Hg?* is the dominant species in the flue gas before WS, but after the
WS, the fraction of Hg® increased in the flue gas. In the carbonization, however, Hg’ was
always dominantly existed in the flue gas, both before and after the WS. These tendencies
were consistent with the thermodynamic results for the Hg species in the flue gas in
incineration and carbonization, respectively.

Commercial sorbents were effective in Hg’ removal. The MAC showed higher
removal efficiency than the polymer, but more problems were found in the operation and

maintenance.

Chapter 5

This chapter further investigated the adsorptive removal of Hg’ using iodine-
impregnated AC. The purposes of this chapter are to develop high-performance iodine-
impregnated ACs with precursors other than KI and to investigate the mechnisms for Hg"
adsorption by prepared ACs. Different measurement methods, including BET specific
surface area analysis, XRD, XPS, and XANES, were used to confirm the texture

characteristics of the ACs, as well as the species and chemical state of the compounds
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impregnated in and adsorbed on the ACs. Based on these experimental results, putative
pathways for Hg® removal by the prepared ACs were proposed and evaluated according to
the Gibbs free energy value.

Adsorption tests showed higher Hg removal efficiencies by the iodine-impregnated
ACs than the virgin one. Since the impregnated ACs had smaller BET specific surface area,
the chemisorption dominant in the Hg® by the impregnated ACs. From XRD and XPS
results, we made the hypothesis that the C in AC also participated in reactions during the
adsorption, and CO> may be one of the reaction products. Both the XPS and XANES
identified the triiodide (I3") in impregnated ACs, and the XANES also identified I».
Moreover, both the ranking of the I and I3™ fractions for the iodine-impregnated ACs was
consistent with the order of Hg® removal efficiency.

Since the dominant species of Hg in impregnated ACs after adsorption was Hgh, I2 is
considered the mechanism for Hg’ removal through the reaction: Hg (g) + I (s) = Hgl (s).

I5” plays an important role in the Hg® removal as the I donor: I;™ = I + L.

6.2 Future perspectives

The behavior and control of mercury in the sewage sludge thermal treatment process

were discussed in this study. Further studies are proposed as follows:

(1) This study revealed the Hg emission in SS thermal treatment process as mono-
incineration and carbonization. In mono-incineration, the APCDs, especially the WS,
can remove Hg?" effectively. However, Hg’ often escaped due to its low solubility, and
re-emission of Hg” may occur at the WS. In carbonization, Hg® was also dominant in
the flue gas. Therefore, further studies on the Hg removal in SS thermal treatment is
necessary, and the Hg control in flue gas should pay more attention to the Hg’ removal
technologies.

(2) Wastewater from WS was the primary sink for soluble elements, e.g., Hg, Na, and S, in
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SS mono-incineration. Since this wastewater is usually sent back to the wastewater
treatment process, rather than immobilized, soluble elements are actually diluted and
kept circulating and accumulating in the WWTPs. However, the potential risk that the
accumulation would pose to the incineration process and natural waters after the
discharge remains unclear. Therefore, investigations on such problems should also be
taken into consideration, and further studies on the separate treatment of wastewater
from WS is recommended.

(3) Since the ISSA is a less significant sink for Hg, two Hg control strategies in SS thermal
treatment process can be proposed by focusing on the wastewater and flue gas: 1. Use
the existing WS adopted at the incinerators to remove the Hg>* from the flue gas, and
further treat the dissolved Hg?" in the wastewater from WS separately. Then, remove
the Hg" in the flue gas with a sorbent tower; 2. Make use of the re-emission at WS to
transfer Hg*" to Hg?, then treat Hg” with sorbents.

(4) The comprehensive investigation of the two main types of sewage sludge mono-
incinerators revealed that step grate stoker is more feasible for sewage sludge
combustion in terms of recycling of the ISSA. Based on these results, further studies
on the utilizing of the ISSA, especially for the nutrients, e.g., P recovery, are
recommended.

(5) This study reveals that iodine impregnated ACs can remove Hg? effectively. However,
due to the short duration, the adsorption capacities of prepared ACs were not obtained.
Additional adsorption tests until the breakthrough point should be accomplished to
evaluate the performance of the prepared sorbents comprehensively.

(6) Due to the high cost of the AC, the regeneration of the spent ACs is recommended.
Proper methods for the regeneration of the spent ACs should be discussed based on the
results from this study, for which Hg’ is chemisorbed by the iodine impregnated ACs.
At last, the saturated ACs are hazardous waste that needs proper stabilization and

disposal. Technologies for the final disposal of these ACs also need further study.
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