Sorption of Metal Ions onto Sedimentary Rock

in the Presence of Gamma-Irradiated Humic Acid

2022

Zhao Qi






Acknowledgement

A dissertation is a long and solitude journey. Since I came to Japan in September
2018, I had received many supports and helps from my family, my teachers and friends.

First and most importantly, I would like to express my deepest gratitude and
appreciation to my supervisor Prof. T. Sasaki. I am very grateful that he accepted me as a
PhD student. I am very happy and lucky to obtain this opportunity to work in his lab for the
unforgettable three years. His enthusiasm for research has been contagious and has given me
the inspiration to keep going. His intelligence and attitude to science and research will
enlighten and guide my future career forever. There is no doubt that he is the excellent,
patient and qualified supervisor. I would like to thank Prof. T. Kobayashi for his helps during
my Ph.D. study. He always provided me with many helpful guidance in the experiment and
valuable suggestions about experiments and dissertation writing. He never minded my visits
to his office for lots of questions and help. I can’t imagine that I could achieve my study
successfully without his guidance and help. I would also like to express great appreciation
to Prof. I. Takagi for his review of this thesis, and Ms. Souma for her document assistance.
I am really thankful for they constant encouragement. My heartfelt thanks to every previous
and current member in Laboratory of Nuclear Materials during the past three years, although
I could not recall some names. I am very grateful to enjoy a happy life with them. My life in
Japan was so colorful and interesting because of the friendship. Moreover, it is a nice
memory that we take the group seminar every Tuesday. My sincere gratitude is also
expressed to Prof. T. Saito (KUANS, Kyoto University), Prof. M. Yoneda, Dr. N.Thuong,
Mr. Fajri (Laboratory of Environmental Risk Analysis, Kyoto University) and Dr. K.
Miyakawa, Dr. H. Sasamoto (Horonobe Underground Laboratory, JAEA), who have

contributed to this thesis in equipment or materials. I am also grateful that they took much



time to review my thesis very carefully and gave me many valuable suggestions.

Lastly, I would like to thank my family for all their love and encouragement. Because
of the faithful supports and encourages from my parents throughout my Ph.D. periods, I have
the motivation and confidence to go on. I would also acknowledge China Scholarship
Council for the financially support on my life and work at Japan, and Kyoto University for

the three-year tuition full exemption.

Zhao Qi
In Katsura Campus, Kyoto University

March 2022

II



Abstract

High-level waste (HLW), which refer to the highly radioactive materials produced as
a byproduct of the reactions that occur inside nuclear reactors, are potentially hazardous. The
radionuclides in neutron-irradiated uranium-based fuel, such as '¥Cs and >**Am, are planned
to be buried in well-engineered deep underground repositories after fuel reprocessing,
vitrification, and packing. Although the possibility of early failure of waste packages after
repository closure is extremely low, percolation of groundwater into the repositories can be
an issue. The radionuclides can leach into natural groundwater systems from fractured waste
packages and subsequently migrate to the biosphere. The migration of radionuclides released
from repositories is expected to be significantly affected by their sorption on the host rock
interface. Humic substance (HS) molecules can react with metal ions and form metal-HS
complexes, which are also considered as organic metal colloids. The complexation of HS
with metal ions has been demonstrated to affect the sorption behavior of metal ions in
groundwater. The gamma rays stemming from the decay of radionuclides can pass through
the steel canister of the waste packages, with the surface dose of the HLW package being
estimated to be over 0.1 kGy/h, even after 50 years of cooling. This gamma irradiation would
affect the chemical properties of HSs and the interactions between HSs and metal ions.

This study was primarily aimed at exploring the effects of a gamma-irradiated HS
solution on the sorption of metal ions. To this end, the influence of gamma irradiation on the
complexation of HS with metal ions was clarified, along with the apparent formation
constants and complexation affinity in terms of the molecular-weight fraction.

The effects of gamma irradiation on the complexation of HS with calcium ions were
investigated. Three types of HS solutions with different origins were gamma-irradiated using

a %Co source to 0-500 kGy at dose rates of 1 kGy/h and 0.1 kGy/h. The molecular and
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chemical properties of the HS were evaluated using total organic carbon (TOC)
measurements, UV—Vis spectrometry, '3C nuclear magnetic resonance, and acid-base
titration. A possible mechanism of the influence of radiolysis on the HSs was proposed. The
complexation ability of the irradiated HS with Ca*" ions was studied using a Ca ion-selective
electrode. The apparent formation constants of the Ca—HS complexes were found to increase
as the irradiation dose increased, which was attributed to the relative increase in the ratio of
phenolic —OH groups to the carboxylic groups of the HS. The contribution of the phenolic —
OH groups to the stability of the complexes was suppressed at a pH of 5 owing to their high
acid dissociation constants. In addition, the gamma-irradiation dose rates of 1 kGy/h and 0.1
kGy/h did not significantly affect the properties of the HS and the apparent formation
constants of the Ca—HS complexes.

The effects of gamma irradiation on the molecular weight of metal-humic-acid (HA)
complexes and the complexation affinity were investigated. Non-irradiated and irradiated
HA molecules were fractionated by ultrafiltration into four categories: >100, 50—100, 10-50,
and <10 kDa. TOC measurements and potentiometric titration analysis suggested that (1)
certain gamma-irradiated HA molecules degraded into smaller molecules, and (2) the
radiolytic-degradation-induced phenolic —OH became the predominant functional group in
the low-molecular-weight fractions of HA. The effects of the absorbed dose on the
distributions of Cs*, Sr**, and Eu®" ions in the molecular-weight fractions of the metal-HA
systems were examined to analyze the complexation affinity. The metal ions were distributed
in the lower-molecular-weight fractions at different doses, which corresponded to the
degradation of HA molecules. Monovalent Cs" ions did not modify the molecular weight
distribution of the TOC of the degraded HA molecules, whereas the Sr** and Eu®* ions
redistributed the TOC toward the higher-molecular-weight fractions.

The influences of HA and its radiological degradation on the sorption of Cs* and Eu**
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by sedimentary rock obtained from the Horonobe Underground Research Laboratory in
Japan were investigated. A batch sorption experiment was performed to evaluate the effects
of gamma-irradiated HA on the sorption of Cs™ and Eu®" ions. The addition of non-irradiated
HA weakened the sorption of Eu because of the lower sorption of the neutral or negatively
charged Eu-HA complexes compared with that of free Eu ions. The sorption of Cs" was
barely affected by the presence of irradiated HA. The concentration ratios of the HA-
complexed species, which included decomposed HA, and the non-complexed species in the
solid and liquid phases were evaluated by sequential filtration and chemical equilibrium
calculations. The ratio was low in both phases for Cs, which suggested minimal contribution
of the HA to the sorption of Cs. However, the ratio for Eu*" in the liquid phase was high,
indicating the higher complexing ability of HA to Eu®" than that of HA to Cs* ions. Therefore,
the sorption of free Eu*" was found to dominate in scenarios where the gamma irradiation
dose was applied to the HA solution under the gamma radiation field near the HLW package.

Existing sorption databases have been widely established over decades in various
countries for evaluating the sorption of metal ions in groundwater. The results obtained in
this study provide new insight on considering the effects of the long-term gamma irradiation
field in the presence of HSs while evaluating the retardation and acceleration effects of

radionuclide migration, which is crucial for the safety assessment of nuclear waste disposal.
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Chapter 1 Introduction

1.1 Nuclear energy

Global warming induced by greenhouse gases is known to cause the frequent
occurrence of extreme disasters worldwide, such as melting glaciers, expanding deserts,
melting permafrost, glacial retreat, sea ice loss, intense storms, and species extinction. The
release of greenhouse gases is attracting attention, particularly with respect to CO2. More
than 200 countries have adopted the United Nations Framework Convention on Climate
Change (1992) [1], the Kyoto Protocol (1997) [2], and the Paris Agreement (2015) [3] to
address global-warming-related issues. In these frameworks, the committed states must
regularly reduce greenhouse gas emissions to restrict the rise in mean global temperature to
below 2 °C (3.6 °F) above pre-industrial levels. For example, China, which is the world’s
largest CO2 emitter (27 % of global emissions), has made commitments to progressively
reduce CO2 emissions before 2030 after their peak and to achieve carbon neutrality by 2060
[4]. According to a report from the U.S. Environmental Protection Agency, electricity
production was the second largest share of greenhouse gas emissions in 2019. Approximately
62 % of the electricity was derived from burning fossil fuels—mostly coal and natural gas—
which produced over 25 % of global greenhouse gases [5]. Moreover, the use of electricity
is expected to significantly increase with time owing to developments in economic activities,
technology, and daily life. Considering the limitations of traditional fossil-fuel-based power
stations, the development of sustainable, carbon-free, and environmentally friendly energy
1s imperative as a critical countermeasure to global warming. Nuclear power is currently
recognized as the only well-established large-scale emission-free power source that can
satisfy the increasing demand for electricity for ensuring energy security and mitigating

global warming [6].



Overall, 442 nuclear power plants are in operation globally across 32 countries [7].
The electricity from nuclear power plants has provided approximately one-tenth of the total
electricity production in 2020, which is expected to dramatically increase to one-quarter of
the global electricity generated in 30 years [8]. According to data from the International
Atomic Energy Agency (IAEA), nuclear power currently provides 19 %, 72 %, 40 %, 18 %,
6.2 %, and 4.2 % of the total electricity generated in the US, France, Sweden, Russia, Japan,
and China, respectively [9]. Moreover, countries such as China, India, Japan, Pakistan, the
Russian Federation, and the Republic of Korea have announced plans to significantly expand
nuclear energy production. For example, a report from the International Energy Agency (IEA)
notes that China has established the largest nuclear power capacity since 2012; this has
increased by 85 % up to 2019, resulting in the generation of 2011 GWe of power, which is
approximately a quarter of the increasing global nuclear power capacity [10]. In addition,
Argentina, France, South Africa, Ukraine, and the USA have also expressed an intention to
expand their existing programs [11]. For example, the Nuclear Regulatory Commission
(USA) has approved 41 uprates of existing plants over the last decade (from August 2010 to
January 2021), totaling over 2285 MWe [12].

Nuclear power generation has successively increased for seven years from 2011 [13],
and almost reached the record high that was set in 2006, reflecting the rebuilding of public
confidence in nuclear power after the Fukushima Daiichi nuclear disaster [8]. The World
Energy Outlook 2020 report released by IEA had predicted that the nuclear power industry
would probably expand significantly by 1610 TWh (60 %) in the 2018-2040 period [14].
However, the nuclear electricity supply slightly decreased in 2020, which is believed to be
temporary owing to the COVID-19-induced reduction in electricity demand; the nuclear
electricity generation is expected to continuously increase after this crisis [15]. Nevertheless,

the safe handling of radioactive nuclear waste generated by nuclear plants remains under



scientific scrutiny owing to the proliferation of new large-scale nuclear plants [16].

1.2 Nuclear wastes

Electricity production from nuclear power primarily involves harnessing the energy
released from controlled continuous splitting of atoms of certain elements as thermal energy
using either a gas or water, which is subsequently used to produce steam that drives a steam
turbine connected to an electricity-producing generator. The basic fuel in the reactor is U,
which is typically in an oxide form and arranged in the form of fuel rods. Nuclear fission
can be achieved by irradiating samples of heavy nuclides (**°U) with slow-moving thermal
neutrons; this involves splitting of a large fissile atomic nucleus into two lighter nuclei of
uneven mass (known as the fission products), which releases kinetic energy, gamma
radiation, and 2.5 free neutrons on average. A portion of these neutrons may be absorbed by
other fissile atoms and trigger additional fission events, which release more neutrons; this is
known as a chain nuclear reaction [17].

Similar to the waste produced by conventional thermal power stations, which harness
the thermal energy released from burning fossil fuels, nuclear reactors also produce waste
via the nuclear fission reactions. Typically, one-third of the fuel (40-90 fuel assemblies) is
discharged from the reactor as spent fuel (SF) every 12 to 24 months [18]. At least 270000
tons of SF has been produced worldwide based on the estimated current global nuclear
energy capacity [19]. Moreover, approximately 12000 tons of additional SF is produced
annually via global commercial reactor operation [20]. Countries such as the UK, France,
Russia and Japan have a closed nuclear-fuel-cycle policy for reprocessing SF [21].
Reprocessing is required for two main reasons. First, 96 % of the SF mass is U, which mostly
includes the original >*3U and a small amount of 2°U. Although SF reprocessing is expensive,

the reprocessed U can be recovered and re-used as fuel, which increases fuel utilization and



conserves uranium resources. Second, reprocessing can significantly decrease the volume of
waste that should be treated in the subsequent stages. For example, reprocessing the SF from
atypical 1000 MWe large nuclear reactor that produces 25—-30 tons of SF annually can reduce
the waste volume to only ~3 m? per year [19]. The nuclear waste leftover after reprocessing
is denoted as high-level waste (HLW), which consists of radioisotopes with medium to long
lives generated by fission, such as '*°Cs, and traces of the minor actinides generated by
neutron capture, such as 2*'Am and 2®Pu. The possible compositions in HLW are
summarized in Table 1-1 [22].

Although the HLW proportion of the total nuclear waste volume is only ~3 %, it
accounts for over 95 % of the total radioactivity produced during nuclear power generation
[23]. Ingestion of these radioisotopes through the food chain, which is known as internal
exposure, can be hazardous to human health [24]. Upon internal exposure, alpha particles
released by a-radiation bodies (such as isotopes of Am and Cm) or ionizing radiation induced
by fission products can damage genetic material, such as DNA. If this damage is not
appropriately repaired, cells may die or eventually become cancerous [25]. In addition,
accumulation of this radiation in certain organs may occur depending on the type of the
radioactive material. For example, the association between radiation exposure induced by a
short-lived 13'I (and a long-lived '?°I) and the occurrence of thyroid cancer has been well
documented. An increased risk of thyroid carcinoma was observed as a consequence of
fallout from the thermonuclear explosion in the Chernobyl nuclear plant accident in Belarus
and Ukraine, especially in children [26]. The '3’Cs and the long-lived '*°Cs fission products
tend to distribute throughout the body upon entry because of their similar properties to that
of K. The presence of radioactive Cs in the human body increases the possibility of cancer
and tumors. *°Sr can cause bone cancer [27], tissue cancer, and leukemia [28] upon entering

the human body owing to its similar properties to those of Ca.



Table 1-1 Summary of key radionuclides in HLW and other radionuclides of interest to the
present study [22]. Condition: pressurized water reactor (PWR); burnup, 45000 MWd/tU,

initial concentration, 4.5 % 233U, cooling 4 years.

Element Mass(g) Isotope Radioactivity (Bq) Halflive (a) Decay mode

Cs-135 2.34E+15 2.3E+06 B
Cs  3.50E+03
Cs-137 4.74E+15 30.07 B,y
St 1.16E+03  Sr-90 3.40E+15 29.12 B
Eu-152 2.56E+11 13.3 B,y
Eu  2.09E+02 Eu-154 420E+14 8.6 B,y
Eu-155 2.11E+14 4.96 B,y
Np  6.78E+02 Np-237 1.77E+10 2.14E+06 a
Pu-238 1.50E+04 87.7 a
Pu-239 1.32E+13 2.41E+04 a
Pu  1.04E+04  Pu-240 2.10E+13 6.57E+03 a
Pu-241 4.92E+15 14.36 o, B,y
Pu-242 8.82E+10 3.76E+05 a
Am-241 4.10E+13 432 a
Am  4.55E+02 Am-242m 3.71E+11 152 a
Am-243 9.69E+11 7.37E+03 a
Cm-243 1.04E+12 28.5 a
Cm  4.06E+01 Cm-244 1.13E+14 18.1 a
Cm-245 1.20E+10 8.50E+3 o




1.3 Final disposal of nuclear wastes
1.3.1 Concept of deep geological repository

Certain countries have accumulated large inventories of SF via the use of commercial
nuclear power plants over decades (Table 1-2). It is worth noting that in certain cases, the
SF totals include contributions from different types of reactors with varying levels of

radioactivity; therefore, the tabulated data might not be directly comparable.

Table 1-2 Inventories of spent fuel from nuclear power plants in select countries [29]. CEAA:
Canadian Environmental Assessment Agency; CAEA: China Atomic Energy Authority; EC:

European Commission; USEIA: U. S. Energy Information Administration.

Country Spent fuel inventory (tons) Inventory date Source of information
Canada 54,000 Jun., 2016 CEAA
China 4,367 Dec., 2013 CAEA
Finland 1,934 End 0of 2013 EA
France 14,146 End of 2013 EA
Germany 8,397 End of 2013 EA
Japan 17,838 Jun., 2017 Takubo et al.
Russia 21,362 Jan., 2014 Rosatom et al.
South Korea 14,620 End of 2015 Kang et al.
Sweden 6,296 End of 2013 EC
United Kingdom 5,329 End of 2013 EC
United States 69,682 Dec. 2015 USEIA

The aforementioned nuclear waste is currently in temporary storage, that is, they are
typically placed in carefully constructed vats, which are subsequently lowered into cooling

water pools (known as SF pits) in the wet storage method [30]. However, the majority of the



cooling pools lack defense-in-depth measures, such as secondary containment, and are
vulnerable to loss of cooling; moreover, they lack independent back-up power in several
cases, and are thus vulnerable to natural disasters. For example, after an earthquake and
tsunami struck a nuclear power plant in Fukushima (Japan, 2011), a water tank that stored
radioactive waste was the subject of immense worry. Highly radioactive SF would have been
exposed if this pool had dried up, raising the threat of a catastrophic release of radioactive
materials into the biosphere [31]. Therefore, the development of safe and efficient strategies

for long-term isolation of nuclear waste from the biosphere is critical [32].

Overpack Vitrified HLW

Buffer

Deep underground

location (bentonite + sand) (carbon steel)  Canister
(deeper than 300 m) Mechanical buffer . . . E raaaN
p— Low permeability for more than low
olation from surface hydraulic barrier 1,000 years solubility
perturbations Retardation of
> Low water flow rate radionuclide
» Reducing environment migration

L. A
Natural Barrier Engineered Barrier System (EBS)

Fig. 1-1 Schematic of HLW disposal in Japan (multi-barrier concept) [33].

Because the high radiotoxicity of hazardous radionuclides presents a danger that can
last for thousands of years, dealing with nuclear waste does not just involve preventing harm
that can be caused in the present, but also ensuring that the waste is not detrimental to future
generations. Various nuclear waste, SF, and HLW disposal strategies, such as ocean disposal,
space disposal, and glacier disposal, have been proposed to ensure biosphere safety [34].

One of these approaches—deep geological disposal—involves placing radioactive waste



deep underground to completely isolate it from ecosystems; this is the currently preferred
option for long-term waste management [35]. Geological isolation of long-half-life
radionuclides has been proven to be an effective method by several natural scenarios. The
most convincing example is a scenario that occurred billion years ago in Oklo, in what is
now Gabon in West Africa, where several spontaneous natural nuclear reactors operated
within a rich vein of uranium ore for approximately 500000 years before ceasing operation.
They produced all the radionuclides found in HLW, including over 5 ton of fission products
and 1.5 ton of plutonium, all of which remained at the site and eventually decayed into non-
radioactive isotopes. Therefore, this case presumably confirms the feasibility and security of
adopting deep geological disposal for HLW.

Fig. 1-1 shows the HLW disposal scheme employed in Japan, as proposed by the
Nuclear Waste Management Organization of Japan (NUMO). Each geological disposal
facility (GDF) consists of multiple barriers that include both natural barriers and engineered
barrier systems (EBSs). In an EBS, vitrified HLW form the first barrier; the dissolution rate
of vitrified waste, which is incorporated into a borosilicate glass, is extremely low. The
second and third barriers are a thick package made of carbon steel and a buffer made of
bentonite and sand, respectively [33]. The EBS is generally considered the most important
part of the barrier systems for waste containment on the order of hundreds to thousands of
years; however, the components may subsequently begin to degrade. Further isolation of
HLW is achieved by constructing the facility in rock, termed as host rock, at a depth of
several hundred meters; this system is referred to as the natural barrier. The host rock isolates
waste from the surface environment, which not only protects the biosphere from the
hazardous radionuclides, but also provides a chemically, mechanically, and hydro-
geologically stable environment. Moreover, the host rock can actively retard the transport of

radionuclides in groundwater through their sorption onto the mineral surface. According to



NUMO, the possible deterioration in containment function would be local; moreover, even
if certain safety functions decline, other safety functions can work complementarily to ensure

an effective overall containment performance by the multi-barrier system [36].

1.3.2 GDF-related policies and scheduling in various countries

Although the geological disposal of HLW is widely accepted by nuclear industries
and regulators globally (e.g., IAEA) to be the appropriate and permanent solution for
containing radioactive waste based on economic and safety considerations, no country has
established GDFs for storing HLW from commercial nuclear reactors. Because of their
historic or anticipated reliance on nuclear energy, several countries have invested significant
resources in radioactive waste management programs, and have developed repositories at
different paces for SF and/or HLW disposal. In addition, social, economic, political,
technical, and geographic considerations influence the scheduling of the radioactive waste
management decisions of countries. Table 1-3 summarizes the current development and

planning of HLW disposal in certain countries.



Table 1-3 Schedules of deep geological repository development in certain countries. The

abstract information was obtained from recent public news.

Country Status

Construction underway

Construction is in progress. The joint functional test, which will take place
Finland in 2023, will test final disposal using the canisters non-containing spent
inlan .. . . .

nuclear fuel. Once the joint functional test is complete under the monitor by

authorities, the actual final disposal activities will begin around 2025 [37].

Submitted a licensing application to build a repository

An application from Sweden’s radioactive waste management company
(SKB) for license to construct was submitted in March 2011. In June 2018,
the local municipal council has now approved the planned repository at

Sweden  Forsmark. The final decision to authorize the project will now be made by
the Swedish government. SKB plans to start construction of the used fuel
repository and the encapsulation plant in the mid-2020s and they will take
about ten years to complete [38].

Site selected

France decision drove the establishment of 500 m underground rock
laboratory in eastern France situated in clays and known as the Industrial

France Centre for Geological Storage (Cigéo). The structure will comprise hundreds
of storage tunnels covering a total area of 25 km?* and will last for a century.
The construction may start in a few years if granted a license [39].

A one-stop-shop for spent fuel management is one way to describe Russia’s
Mining and Chemical Complex (MCC) near Krasnoyarsk, Siberia. The
complex is designed to handle spent fuel at its different stages, all at one site.
Russia The repurposing of the MCC under this integrated approach began in 2017.
The site’s existing personnel and facilities provided the necessary
infrastructure to jumpstart the integration. The complex is expected to
eventually have an underground research laboratory for high-level waste

disposal by 2035 [40].

Active site selection

The nonprofit Nuclear Waste Management Organization, which was set up
Canada by the Canadian government, is considering two sites for Canada’s first
permanent nuclear waste facility—Ignace, Ontario, or South Bruce, which is

10



China

Germany

Japan

Switzerland

United
Kingdom

United
States

within the Great Lakes basin. The organization has said it plans to select one
of the two sites in 2023 for a facility that would permanently store high-level
nuclear waste deep underground in a network of tunnels and areas to store
spent nuclear fuel containers for the long term. However, in September 2021,
a resolution was introduced in the House expressing opposition to the site in
South Bruce [41].

The country’s strategy for HLW disposal consists of three stages, with stage
one: laboratory studies and preliminary site selection, completed in 2020.
The second stage, underground in-situ testing, is set to take place from 2021
to 2050, following the construction of the underground research laboratory.
The final stage, the construction of the disposal facility, is planned to take
place from 2041 to 2050, assuming the in-situ testing confirms the area’s
suitability [42].

In the fall of 2020, Germany's Federal Company for Radioactive Waste
Disposal (BGE) announced that 90 locations have been named in Germany
that could safely house containers of radioactive nuclear waste permanently.
The company says it needs to find a location by 2031 and hopes to begin
storing containers of radioactive waste at the site by 2050 [43].

Japan’s 2000 Designated Radioactive Waste Final Disposal Act envisaged a
location for the repository would be selected by about 2025, with disposal
beginning around a decade later. However, considering the public sentiment
against atomic power, the government has scrapped the target date to
complete the waste repository after a wholesale review of the nuclear
industry [44].

In November 2018, the Federal Council decided that five potential sites are
being evaluated. Switzerland’s national radioactive waste disposal
cooperative Nagra expects to submit the general license application for the
disposal facilities by 2024. A decision on the approval of the license is
expected around 2030 and is subject to an optional national referendum. The
repository for LLW/ILW is planned to be in operation by 2050, with the one
for HLW planned to be operational ten years later [45].

Three sites in the north of England are being assessed as potential locations
for a long-term nuclear waste facility [46].

In December 2021, The US Department of Energy (DOE) issued a request for
information in the Federal Register, aimed at completing a draft siting process
it has been working on since 2015. The move represents a re-start of the
federal programmer after plans for a repository at Yucca Mountain dropped in
2009 [47].

11



1.3.3 Underground research laboratory

Prior to the construction of GDFs, several countries such as Japan, Canada, and
France followed the underground research laboratory (URL) program, the aims of which
were as follows:

(1) URL could be used to develop the he technology needed for the construction,

operation, and closure of a deep geological repository;

(2) URL could provide access to the geologic environment under realistic repository
conditions, to verify the technical reliability of geological disposal through
testing and research conducted in actual deep geological environments and
monitoring systems;

(3) Importantly, URL can be used to demonstrate the concepts and technology of
radioactive waste disposal to the general public, which is crucial for enhancing
social understanding and confidence.

For example, the Japan Atomic Energy Agency (JAEA) operated the Horonobe URL
in Hokkaido and the Mizunami URL in Gifu under geological conditions of sedimentary
rock and saline water, and crystalline rock and fresh water, respectively [48], since 2005.
The French national agency for the management of radioactive waste initiated the first phase
of a URL project in 2000, and has operated the Meuse/Haute Marne URL, which is located
500 meters underground in Bure in the Meuse département, since 2007. In 2021, the CAEA
(China) announced the construction of the Beishan URL near Jiuquan City in Gansu
province [49]. The URL will be situated in granite up to 560 meters below ground level in
the Gobi Desert, and is planned to be used to test the suitability of the area for the long-term
storage of HLW [50]. The URL, which comprises a spiral ramp and three vertical shafts and
horizontal disposal galleries, is estimated to be constructed in seven years at a cost of over

420 million USD. It is designed to operate for 50 years, and an underground repository for
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HLW is planned near the URL by 2050 if the research proves successful and the site is found

to be suitable [51].

1.4 Short- and long-term evolutions of GDF

As mentioned earlier, deep geological disposal of radioactive nuclear waste is
particularly beneficial in terms of the insulation of the waste from the biosphere up to a time
when its radiotoxicity will have decayed to levels that cannot be considered hazardous.
Therefore, the possible failure of deep geological repositories must be investigated to assess
the safety of this nuclear-waste-disposal strategy. From the perspective of time scale, the
failures in deep geological disposal can be categorized into initial and long-term versions.
Initial failure is mainly induced by defects present in any large assembly of engineering
components. For example, dislocations and point defects (vacancies, interstitial atoms, and
impurities) can cause microscopic segregation and precipitation phenomena in materials
under aging or irradiation. Moreover, certain defects in copper and iron alloys cannot be
detected during their manufacturing. These defects and their interactions with each other
determine the plastic properties of the packaging material, that is, the possibility of leakage
of nuclear waste [52]. In addition, the timeframe of safe isolation of nuclear waste is
speculated to be on the order of 10°-10° years [53]. Therefore, long-term failure involves
large uncertainties of natural disasters in the areas of geological repositories, such as climate

change and volcanic activity, and long-term corrosion.

1.4.1 Waste package as an artificial barrier
Waste package is an important component of EBSs used for waste containment.
Reports by certain institutions have revealed the presence of defects in the waste package,

which can lead to the initial failure of deep geological repositories. The nature, size, and
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location of these defects depend on the material and manufacturing technology in question.
SKB (Sweden) is particularly concerned with the flaws of closure welds in copper shell
packaging. Two ~10-mm-sized defects were identified in tests conducted on the
manufacturing of the cast iron insert and the minor defects in the copper shell [54]. The
Japan Nuclear Cycle Development Institute (JNC, predecessor of JAEA) suggested that an
initial failure of 10> could be conservatively allowed in the waste package of HLW with
respect to all containers that are disposed of [55]. In addition, certain chemical and physical
effects can accelerate the initial failure of deep geological repositories, such as (1) heat-
induced alterations of the waste package; (2) radiation-induced loss of the mechanical
integrity of the waste package; and (3) partial chemical corrosion. These factors can affect
the toughness and strength of isolation materials, and increase the probability of nuclear

leakage.

1.4.2 Groundwater in deep underground locations

Geological information, such as groundwater conditions, is crucial in the selection
of sites for GDFs. For instance, groundwater flow systems in and around the Horonobe URL
area have been examined based on the results of groundwater flow analyses (Fig. 1-2). These
results indicate that the groundwater flow systems in the URL-containing area are governed
by the undulating topography, and can be divided into local and regional flow systems,
depending on depth. The boundary between the two systems is located at a depth of
approximately 400 m below ground level, and the groundwater flow near the URL (drifts
located at a depth of approximately 500 m) is highly likely to be governed primarily by the
regional flow system [56]. Matsumoto et al. estimated the groundwater velocity in a 300-m-
underground Horonobe area to be 0.37 m/year by conducting a single-well push—pull

(SWPP) test [57]. Although the GDF sites must avoid underground water intrusion as much
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as possible, the groundwater is expected to inevitably intrude into repositories upon the early
and long-term failure of the multi-barrier system owing to the alteration and degradation.
However, the exact period of this event cannot be predicted with accuracy owing to the

uncertainties associated with the long timescale.
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Fig. 1-2 Conceptualization of groundwater flow in and around Horonobe URL area [56].

1.4.3 Gamma irradiation around waste packages

The gamma irradiation effects in nuclear waste glasses are induced by self-radiation
arising from the radioactive decay of radioactive nuclei, such as '*’Cs. Gamma rays are not
particles but a high-energy form of electromagnetic radiation. Gamma rays have tremendous
penetration power and require several inches of dense material (such as lead) to shield them.
The gamma-ray field can be characterized by the exposure rate, which is linearly
proportional to the radioactivity of a point source and inversely proportional to the square of

the distance, as follows:

F=r= (1-1)

TZ
where F'is the exposure rate (R/h), 7 is the distance (cm), a is the source activity (mCi), and

I"1s the exposure rate constant, which is dependent on the particular radionuclide used as the

gamma-ray source. For example, the exposure rate constant for '*’Cs, which is the main

15



contributor to the gamma irradiation in nuclear waste, is 3.40 R-cm*h-mCi. The ionizing
radiation dose rate can be converted into the radiation absorbed dose rate as follows: 1 R/h
=0.01 Gy/h [58].

The dose rate in the vicinity of the waste package has been evaluated using various
approaches. MicroShield (Grove Software Inc.) is a comprehensive photon/gamma-ray
shielding and dose assessment program that is widely used for designing shields and
estimating the source strength from radiation measurements [59]. It includes a built-in library
that provides standard reference values for various key inputs, such as the radionuclide data,
material attenuation and buildup factors, and dose conversion factors. MicroShield uses the
point-kernel method as a numerical approach, in which a volume source is treated as a
number of point sources. The direct photon flux from each point source to the dose point is
analytically calculated, including attenuation and buildup along each path [60]. The 37-
element CANDU “long” bundle is used as the fuel bundle for components such as '*’Cs,
1490Ba, 144Ce, 1Ry, *°Sr, ''3Sn, and '“Rn. Moreover, the ICRP-107 library (ICRP, 2008) is
used for nuclide half-lives and branching ratios [61]. The total gamma photon spectra are
divided into 18 discrete energy groups with mean energies in the range of 0.01-5.50 MeV.
Each energy group of the photons is separately executed and subsequently combined to
reflect the total dose rate of the gamma irradiation.

For example, the Nuclear Waste Management Organization of Canada (NWMO)
used MicroShield v9.05 software to perform modelling and calculation of the gamma
irradiation dose rate inside and outside Mark II 4L-12, which was selected as the fuel
container [62]. The detailed dimensions defined of Mark II 4L-12, including gross cavity
volume and module volume have been described in a previous report [63]. The nominal dose
rates as a function of cooling time are listed in Table 1-4. Although these values show a clear

intensity decay in the first 500 years, the gamma irradiation dose rate is noticeably high and

16



cannot be neglected. SKB proposed that the radiation at the outer surface of the container
can be expected to be ~0.5 Gy/h at the early stage of disposal after closing the repository
[64]. It is worth noting that the aforementioned dose rates were estimated assuming SF as

the nuclear waste instead of HLW.

Table 1-4 Nominal dose rates in air calculated for the Mark II 4L-12 SF container (average

burnup: 220 MWh/kgU) [63].

Gamma irradiation dose rate (Gy/h)

Cooling time (years) 10 20 50 100 200
Fuel surface 96.8 65.3 30.6 9.55 0.949

Container surface 5.08 3.20 1.43 0.45 4.40E-2

Cooling time (years) 500 1000 10* 10° 10°
Fuel surface 5.56E-3 3.38E-3 241E-3 3.38E-3 4.23E-3

Container surface 1.53E-4 1.04E-4 1.20E-4 2.72E-4 4.07E-4

In addition, the JNC calculated the irradiation dose at the surface of an HLW
overpack using a three-dimensional model and the MCNP-4A radiation transport analysis
code based on the Monte Carlo method, which was developed by the Los Alamos National
Laboratory (LANL; USA) [55]. The output of ORIGEN-2 was utilized for the radiation
source term. The gamma-ray sources were assumed to be generated by neutron radiation and
the accompanying decay of fission products. The following analytical conditions were used
to assess the effects on corrosion: burn-up, 45,000 MWd/tU; initial enrichment, 4.5 %; buffer
composition, 70 wt.% bentonite and 30 wt.% silica sand. The degree of saturation of the
buffer was assumed to be 100 % to ensure maximum contribution from the radiolysis of

water. The surface dose rate of the HLW package in the repository was estimated to be over
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0.1 kGy/h, even after 50 years of cooling [55]. For instance, the duration of radiation
exposure equivalent to a gamma dose of 100 kGy near-by the HLW waste packages will be

about one month.

1.4.4 Leaching of radionuclides in vitrified waste

Upon intrusion of groundwater into the GDFs, radionuclides can leak from the
carbon or stainless-steel packages after long-term erosion, contaminate the natural
groundwater system, and finally enter the human biosphere. Yanagisawa and Sakai
investigated the leaching behavior of simulated nuclear waste glass under saturated vapor
pressure in groundwater, and determined that certain elements readily leached out with
increasing rates, as follows: B < Na < Mo (as MoO4*") < Li <K < Si < Cs [65]. Vernaz and
Dussossoy summarized the corrosion mechanisms of nuclear waste glass, and suggested that
after an initial glass hydration step, a thin reaction zone is created, within which an exchange
reaction of H" with alkali metal inter-diffusion profile occurs. Subsequently, the hydrated
silicate network congruently dissolves, hydrating all the glass elements [66]. It is worth
noting that the dissolution of radionuclides by groundwater was not included in the research

scope of this study.

1.5 Humic substance
1.5.1 Natural organic matter in areas of deep geological waste repositories

Natural organic matter (NOM) is a complex matrix of organic materials that is
abundant and ubiquitous in the environment, and would be even present in deep underground
waters where a certain amount of radioactive waste disposed in the future. Because organic
ligands are known to affect the migration of radionuclides, NOM in groundwater is crucial

for investigating geological settings and hydraulic conditions. Data related to groundwater
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components have been acquired primarily through borehole investigations. For example, the
Horonobe URL has collected data using groundwater from an existing borehole (HDB 9-11)
since 2004, and the determined total organic carbon (TOC) contents (representing NOM
concentration) of the groundwater are summarized in Table 1-5. Terashima et al. also
collected groundwater samples at depths of 140-350 m in the Horonobe area, and the
analytical results showed that the NOM concentration varied from 7.8 to 23.5 mg/dm? [67].
In addition, Horonobe reports (JAEA-Research-2010-035) also determined a slowly

increasing concentration of the organics with depth [68].

Table 1-5 Total organic carbon (TOC) contents (representing natural organic matter content)

of Horonobe groundwater collected by drilling [68].

Borehole HDB-9 HDB-10 HDB-11

Mid-depth (m) 54.05 237.20 50.61 457.87 204.03 625.03

TOC (mg/dm®) 2 9 36 20 19 31

1.5.2 Classification and chemical properties of HSs

In one protocol, the water is continuously filtered (<0.45 pum), its pH adjusted to 2
using HCI, and the product is passed through the DAX-8 resin according to the definition of
HSs in NOM. Herein, the organic components sorbed on the resin are considered as HSs
[69]. Generally, HSs constitute a major proportion (50-90 %) of NOM from environmental
waters (in terms of TOC). HSs are the refractory, dark-colored, and heterogeneous organic
compounds produced as byproducts of the chemical decomposition and condensation of
living beings, such as animals, plants, and microorganisms. According to the classical
solubility-related definition of HSs [70], that is, the degree of dissolution in water at different

pH values, heterogeneous HSs are categorized into three fractions, as follows:
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(1) Humic acid (HA) is the fraction that is insoluble in solutions with pH below 1 but
soluble at higher values of pH.
(2) Fulvic acid (FA) is the fraction that is soluble at all pH values.
(3) Humin is the fraction that is insoluble in water at all pH values.
The properties of HA, FA, and humin are briefly described in Fig. 1-3a. It is worth
noting that the separation of HSs into three fractions does not indicate the existence of three
distinct types of organic molecules [71].

(a)

Humic substance (natural organic matter)

A

/_ Fulvic acid Humic acid Humln

Light Dark Grey

Increase in intensity of color
Increase in degree of polymerization

2,000 Increase in molecular weight 300,000
45 % Increase in carbon content 62 %
48 % Decrease. insoxygen content 30 %
1,400 Decrease in exchange acidity 500

Decrease in degree of solubility

(b)

Humic acid Fulvic acid

Fig. 1-3 (a) Classification of humic substances (HSs), and the differences in physiochemical
properties [72]; (b) Hypothetical structures of humic acid (HA) [73] and fulvic acid (FA)
[74]. It is worth noting that HA and FA are not pure substances, but mixtures of various

substances with similar chemical properties.

HSs are inherently natural organic carbon-chain heterogeneous mixtures that
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mainly consist of C, O, H, N, and S. The average elemental composition of HS extracted
from different sources is approximately 50 % C, 35 % O, and 5 % H, with the remaining
percentage distributed between N and S [75]. The acidic functional groups of HA can vary
according to geographical origin, age, climate, and biological conditions. In general, HAs
are mainly composed of aliphatic, aromatic, hydroxyl, carbonyl, carboxylic acid, phenolic,
enolic, quinone, and ether functional groups, and can include sugars and peptides, according
to evidence obtained by infrared radiation (IR) spectroscopy and nuclear magnetic resonance
(NMR) spectroscopy [76]. Among these, the —-COOH and phenolic —OH groups are known
to be the most abundant reactive functional groups, and are responsible for the weakly acidic
behavior of HSs. The acidic functional groups are also responsible for the ability of HSs to
bind with cationic metals and form complexes.

Fig. 1-3b shows the hypothetical model structures of HA and FA. However, the
chemical structures of HSs remain controversial owing to their heterogeneity and complexity
[77]. HA is believed to comprise randomly coiled macromolecules consisting of carbon
chains and carbon rings, according to the early concepts of polymers. The evidence
supporting the polymeric structure of HSs includes the high molecular weight of soil-based
HS (average values of 53000, 25000 and 77000 Da) determined by sedimentation velocity
ultracentrifugation [78, 79]. However, recent information gathered using spectroscopic,
microscopic, pyrolysis, and soft-ionization techniques does not corroborate the
macromolecular structure of HSs. The current understanding views HSs not as high-
molecular-weight macromolecules but as heterogeneous and relatively small molecular
components of the soil organic matter auto-assembled in supramolecular associations by
multiple weak interactions, such as hydrogen bonds and van der Waals forces [80]. The
stabilization of their structure has been primarily attributed to the hydrogen bonds and the

intra- or intermolecular interactions. Simpson examined HS solutions by two-dimensional
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diffusion-ordered spectroscopy (DOSY), and found that low- and high-concentration HA
solutions (5 mg/dm? and 100 mg/dm?, respectively) contained aggregates with diffusivities
corresponding to average molecular masses of >66000 Da and 2500—-6100 Da, respectively
[81]. In addition, HS molecules volatilized by electrospray ionization mass spectrometry
(ESI-MS) have average molecular mass distributions of approximately 1000 [82] or 2000
Da [83]. Laser desorption ionization (LDI) provided mass/charge distributions with number-
weighted averages closer to 500 Da [84]. These ESI- and LDI-MS average masses are
considerably lower than those measured by traditional methods such as ultracentrifugation.
Several independent analytical techniques have consistently indicated the presence of
relatively small, independent moieties in HSs, thereby corroborating the definition of these

organic materials as collections of diverse low-molecular-mass molecules.

1.5.3 Complexation of metal ions with HSs

The interactions between HSs and radionuclides have been considered in the safety
assessment of nuclear waste disposal, which is crucial for the prediction of radionuclide
migration. Since 1985, the OECD Nuclear Energy Agency (NEA) has operated the
thermochemical database (TDB) project with participating countries such as Canada, France,
Japan, the UK, and the USA [85]. The TDB was setup to collect and arrange high-quality,
traceable, internally consistent, and internationally recognized chemical thermodynamic
data of selected elements relevant to the safety of radioactive waste repositories, and provide
appropriate data for geochemical modelling, such as solubility and speciation calculations,
and predicting radionuclide migration from near-field into the far-field [86]. A crucial goal
of the TDB project involves obtaining thermodynamic data on the interactions of organic
ligands with metal ions, primarily the conditional stability constants, that is, the apparent

formation constant (log Sapp).
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Various techniques have been adopted to determine the complexation stability
constant of HSs with metal ions. For example, fluorescence titration (FT) is a simple,
powerful, sensitive, and nondestructive technique that enables investigation of the extent and
mechanism of the HS—metal-ion interactions. The complexation of HS with metal ions
causes a marked decrease in the fluorescence intensity; essentially, a linear relationship
exists between the fraction of the total bound ligands and the fluorescence intensity, which
involves a static quenching mechanism. Plaza et al. investigated the complexation constant
of Cu(II) with HSs by FT (HA, 15 mg/dm?; pH, 6; and /, 0.1 mol/dm? NaCl). A simple 1:1
stoichiometry was assumed for the Cu—ligand binding, and the stability constants (log K) of
the Cu—HA complexes were estimated to be 5.14-5.36. In addition, regression analysis
showed that the complexing capacity of Cu and the stability constant were not significantly
correlated with the C/N, C/H, and O/C atomic ratios in the HA molecules [87].

The ion-selective electrode (ISE) method is a conventional approach for directly and
readily measuring the activity of free (non-complexed) metal ions. Sasaki et al. investigated
a homemade Eu-ISE consisting of bis(diphenylphosphoryl) methane as an ionosphere,
which exhibited an adequate Nernstian response to free Eu®" in test solutions. The HA
extracted from Elliott soil was used to determine the formation constants of Eu*" with HA
(~6.0) using an ISE. Additionally, the Eu ions were proposed to preferentially interact with
the stronger coordination sites in the presence of excess complexation sites in HA, resulting
in an increase in the formation constant. Moreover, the weaker coordination sites were found
to be useful for complexation under conditions involving insufficient complexation sites [88].

Sasaki et al. determined the formation constants of HSs with Am(IV) and Pu(IV)
using a solvent extraction method. The organic phase of xylene containing the -diketone
extractant of 4, 4, 4-trifluoro-1-(2-thienyl)-1, 3-butanedione was adopted as the extractant.

The log fapp values of the Th(IV)-HA complexes were approximately 20 and increased with
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increasing pH. Moreover, the log Sapp values of Pu—HA complexes were 12.9-14.3 at a pH
of 4. The linear correlation between the H™ and Na® concentrations and the formation
constants was observed to correspond to the equilibrium reaction with the tetravalent metal
ions. However, the concentrations of HA and M*" ions did not show significant dependence,
suggesting the existence of excessive functional groups that could strongly coordinate with
the metal ions in the systems [89].

Sakuragi et al. investigated the distribution ratios of Am(IIlI)-humate species to free
Am(III) ions (D = [Am]am-Ha/[Am]free) in the pH range of 4-10 using the cation-exchange
equilibrium method. The D values were found to be insensitive to an increase in pH (log D
= 2.6-2.8), indicating the formation of mixed hydroxo—humate complexes. The obtained D
values were larger than those estimated using the stability constants of ternary complexations
determined by spectroscopic analysis (1.4-2.1), indicating that the stability constants for
ternary hydroxo complexation evaluated by spectroscopic analysis were underestimated [90].

The mechanism of HS—metal-ion complexation has received extensive scientific
attention. As described earlier, the abundant functional groups, principally —-COOH and
phenolic —OH groups, result in the strong bonding of metal ions onto the surface or into the
structure of HA molecules via complexation; this leads to the formation of metal-HA
complexes via neutral or negative-surface-charge complexation reactions, which are also
known as organic metal colloids [91, 92]. For example, Prado et al. studied the interactions
of Cu*" and Zn*' ions with HA extracted from Brazilian peat soil. Infrared spectroscopy
showed that the intensity of the peak corresponding to the stretching frequency of C=0
decreased following complexation formation, indicating that the interaction with metals
primarily occurred on the carboxylic acid groups of HA; no other differences were observed
in the IR spectra. The changes in half-wave potentials indicated the formation of chemical

bonds between metal ions and HA. The entropy determined by kinetic thermal analysis
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indicated that the stability of HA bonded to the metal ions increased compared to that of HA
alone [93].

Moreover, lanthanide ion probe spectroscopy (LIPS) has been adopted to examine
changes in the fluorescence lifetime of the Eu probe metal as it binds to HSs. The
coordination number of HSs bound to Eu** ions can be calculated according to the change
in fluorescence data (616 nm, corresponding to the hypersensitive emission band).
Thomason et al. revealed the existence of four different types of -COOH sites—mono-, di-,
tri-, and tetra-dentate—which bond with the probe metal as a function of metal loading.
Calculations from this experiment suggested that the tetra-dentate complexes exhibited the
strongest complex binding [94].

Schmeide et al. investigated the U(VI)-HS complex structure at a pH of 2. A
chemically modified HS was used to block phenolic —OH groups to evaluate the effects of —
COOH and phenolic —OH groups on the U-HA complexation, in which the blocking of the
phenolic —OH groups in the modified HA was verified by Fourier transform infrared (FT-IR)
spectroscopy. Extended X-ray absorption fine structure (EXAFS) spectroscopy was used to
determine structural parameters of the near-neighbor surrounding of U(VI) complexed by
HA. The results indicated that the blocking of the phenolic —OH groups of HA did not alter
the near-neighbor surrounding of U(VI) in the metal-HA complexes, confirming that the —
COOH in HA was primarily responsible for binding with U(VI), and that the contribution of
the phenolic —OH was insignificant under the investigated experimental conditions. In
addition, the -COOH was found to primarily act as monodentate ligands to the U ions [95].

Geckeis et al. studied the natural association nature of a metal complexed with HS.
Colloidal characterization by size-exclusion chromatography (SEC) and flow field-flow
fractionation (FFFF) indicated that natural colloid-borne elements (such as rare-earth

elements, Th, and U) were predominantly found in large colloids of size >15 nm. The larger
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size of the metal-loaded colloids compared to that of HS alone suggested that the polyvalent
metal ion binding in the HS was associated with polynucleation and the cation metal bridge.
Moreover, the dissociation of the metal-HA complexes was investigated by adding a
chelating cation exchanger resin. Radiotracer experiments revealed that equilibrium with
isotopic Eu was not attained within a period of more than 100 days, indicating irreversible
binding of at least a portion of the colloid-borne Eu ions. The possible metal-HA
complexation was proposed to involve rapid reaction of the metal ions with the HS in the
initial sites, and subsequent migration of the metal ions to stronger binding sites or to the

interior sites of the coiled or agglomerated macromolecular structure of the HS [96].

1.5.4 Size distribution of metal-HA complexes

As described earlier, metal ions can complex with HSs and form organic colloids or
pseudo colloids. The molecular weight of these organic metal-loaded colloids has been found
to strongly relate to their environmental behavior (e.g., transport and retention) in
groundwater during migration processes [97]. Generally, the colloids in the groundwater are
fractionated by molecular weight (and size) when passing through the barrier materials, such
as the host rock. During this filtration, the low-molecular-weight components are typically
expected to be more mobile because the advection of high-molecular-weight components
requires large fracture apertures. In addition, the dispersion coefficient of radionuclide
colloids also depends on their molecular weight [98]. The empirical correlation between the
diffusion coefficient (D) and the molecular weight (M), also known as the Mark—Houwink—

Sakurada equation, is expressed as follows:

D = kM@, (1-2)

where k and a are empirical constants. Therefore, the chemical properties of the molecular-
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weight-dependent fractions of HS molecules and the molecular-weight-dependent
complexation ability of the metal ions have also attracted considerable attention.

The molecular weights of metal-HA complexes have also been investigated. Nagao
et al. studied the effect of size-separated HA fractions on the complexation properties of
trivalent actinides by gel chromatography. The dominant size fractions of Am(III) were 3.05—
450 nm in the presence of HA, while the percentage of Am(III) with a molecular size fraction
less than 10 kDa was only 3 %. A positive correlation was observed between the percentage
of Am and TOC in the fraction of more than 10 kDa. The lower-molecular-size fractions
were found to exhibit an inferior complexation ability and a less competitive reaction than
those of the high-molecular-size fractions. The complexation ability in each size fraction
depends on the percentage of molecular size fractions of HA. Moreover, the molecular size
distribution of HA is a factor that controls the complexation properties of metal ions with
HA [99].

Bolea et al. investigated the possible interactions of approximately 30 elements with
different size fractions of HSs using three common separation techniques: ultrafiltration,
high-performance SEC (HPSEC), and asymmetrical FFFF (AsFFFF). The elements were
classified into three main groups with regard to their interactions with the HSs. The first
group primarily comprised monovalent alkaline metal ions and anionic species, such as B,
W, and Mo, existing as oxyanions that were not significantly associated with the HSs. The
second group consisted of elements that were at least partly associated with a smaller HS
size fraction (such as Ni, Cu, Cr, and Co). The third group primarily comprised tri- and
tetravalent metal ions, such as Al, Fe, lanthanides, Sn, and Th, which were considerably
associated with larger HS fractions. The three separation techniques provided a fairly
consistent size classification for most metal ions, although slight disagreements were

observed [100].
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1.6 Sorption behavior of radionuclides
1.6.1 Sorption of metal ions in GDF

As described in the introduction in Section 1.4, radionuclides can be leached into
groundwater and subsequent migrate to the biosphere upon failure of the deep geological
repositories. Generally, the radionuclides in the waste would have to penetrate various
barrier systems to migrate into the natural environment, which can presumably be retarded
by sorption processes. Sedimentary formations are regarded as a candidate for host rock
around GDFs, and have been employed by several countries such as Japan, Canada, France,
and Germany [101]. Sedimentary rock consists of clay minerals, quartz, feldspar, mica, and
other materials. Clay minerals, such as illite and smectite, possess permanent net negative
charges owing to isomorphic substitutions within the aluminosilicate lattice. Unlike the clay
minerals, other oxide minerals, such as quartz and goethite, do not have any permanently
charged sites. Instead, their surface charge is pH dependent, and protonates or deprotonates
according to the solution pH [102, 103]. When nuclides migrate with the groundwater in the
vicinity of waste repositories, the various positively charged metal ions are readily sorbed
onto the host rock in the GDF area by various mechanisms that are dependent on the type of
metal ions and the solution conditions. The sorption of radionuclides delays their transport
by groundwater. For example, the sorption of Cs” ions onto sedimentary rock is controlled
by the cation-exchange mechanism that specifically occurs in clay minerals, e.g., the highly
selective frayed edge site (FES) in illite and the interlayer sites in smectite [104]. Under
moderate conditions (low ionic strength, pH of 4-10), Sr** ions are known to sorb on the
permanently charged surface sites of clay and the temporarily charged sites of oxide minerals
via simple electrostatic interactions or formation of outer-sphere complexes. However,

Fuller et al. suggested that the dominant mechanism of Sr sorption at a solution pH of 12—
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14 involves the formation of inner-sphere complexes of Sr ions with the hanging hydroxyl
groups at the edge of the clay, the surface hydroxyls of oxides, and the interlayer of illite
[105]. Generally, Eu ions are selected as a chemical analog for trivalent actinides, such as
Am and Cm. Analysis of the sorption of Eu** on Na-montmorillonite by time-resolved laser
fluorescence spectroscopy (TRLFS) suggested that the cation-exchange reaction was a
crucial sorption processes under conditions of pH = 4-7 and 7 = 0.01 mol/dm?® NaNO3,
whereas the surface complexation of Eu*" and its positively charged hydroxides, such as
Eu(OH)**, was mainly predominant under alkaline conditions, instead of the cation-
exchange reaction [106]. In addition, the sorption of Eu on oxide minerals, such as alumina,
silica, and hematite, has been observed because of their strong pH-dependent surface charge
[107]. Therefore, the apparent mobility of radionuclides released from HLW repositories is
expected to be significantly affected by the sorption processes on the host-rock—water
interface [108, 109], which can delay the transport of nuclides [110]. The sorption of
radionuclides in groundwater must be further examined to comprehensively elucidate

radionuclide migration and to estimate the risks.

Groundwater Migration, diffusion
Nuclear Waste . -
_.—- = .

«®
M . @ Humic
29) substance
eaching \ \

M55 Sorbed

Fig. 1-4 Typical chemical interactions (sorption and complexation) of radionuclides (M) in

a groundwater system.
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HS molecules that are present in deep groundwater can react with metal ions to form
metal-HS complexes. The formation of negatively charged metal-loaded organic colloids
has been recently found to considerably disturb the sorption of metal ions [111, 112], as
shown in Fig. 1-4. The sorption of metal ions in the presence of HSs has recently been found
to be crucial in the modelling of radionuclide migration. Krepelova et al. investigated U(VI)
sorption onto kaolinite in the absence and presence of HA by conducting batch experiments.
The sorption of U(VI) was found to be enhanced by the addition of HA under acidic
conditions compared to that of the HA-free system because of the positive surface charge of
kaolinite under acidic conditions and the formation of additional negative binding sites for
U(VI) via the sorption of HA onto kaolinite. In contrast, the sorption of U(VI) in the presence
of HA at pH > 6 was inhibited compared to that without HA. The sorption percentage of
U(VI) at a pH of 7 decreased from 95 % to 85 % and 60 % at HA contents of 0, 10, and 50
mg/dm?, respectively [113]. Seida et al. studied the sorption of Eu(IIl) onto sedimentary rock
in the presence of HA. The sedimentary rock and HA were collected from a 500-m-deep
rock and groundwater at Horonobe URL sites, respectively. The results indicated that the
sorption of Eu(Ill) was a function of the HA concentration at a tested pH of 8.2 in a batch
experiment. The sorption ability of Eu(Ill) on the rock reduced with increasing HA
concentration owing to the FEu-ion—-HA complex formation [114]. Therefore, the
understanding of metal sorption in the presence of HA has been indispensable to
investigating the migration behavior of nuclides.

The sorption coefficients of certain metal ions have been recently collected by several
groups and organizations to establish a sorption database for reliably predicting radionuclide
migration and assessing the safety performance of GDFs. For example, JAEA has developed
a Thermodynamic, Sorption & Diffusion Database (JAEA-SDB) that compiles sorption

coefficient data of metal ions with respect to buffer material and rock. The database was first
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developed as an important basis for the H12 report on HLW disposal, and can be accessed
through the internet. The JAEA has continued to improve and update the database in view
of potential future data needs, with a focus on assuring the desired quality level and testing
the usefulness of the database for possible applications to multi-parameter-dependent

settings [115].

1.6.2 Impact of gamma irradiation on radionuclide sorption

Gamma rays are ionizing radiation. When gamma rays are absorbed by water, their
high energy can rupture water molecules and form highly reactive free-radical products, such
as HO:, H-, and H202 [116]. The framework in which water radiolysis occurs is
experimentally and theoretically well understood [117], as illustrated in Fig. 1-6 [118]. These

radical products significantly react with organic matter and affect their chemical properties.
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Fig. 1-5 Primary products from gamma-irradiation-induced radiolysis of water

Lee et al. investigated the effects of gamma irradiation on the physiochemical
properties of alginate, including viscosity, molecular weight, and color. The molecular
weight of raw alginate decreased from 300 to 25 kDa upon irradiation of 100 kGy. The

irradiation-induced degradation of alginate was proposed to result from the oxidative
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degradation initiated by HO- free radicals. The viscosity of irradiated alginate solution
reached a near minimum at a dose of as low as 10 kGy. No appreciable color changes were
observed in the samples irradiated up to 100 kGy; however, intense browning occurred at
doses beyond 200 kGy [119].

Liu et al. studied the effects of gamma irradiation on the microstructure, thermal
stability, and degradation of cellulose. FT-IR spectroscopy and electron paramagnetic
resonance (EPR) analysis showed that the gamma irradiation destroyed the glycosidic bonds
and inter- and intra-molecular hydrogen bonds in cellulose, generating reductive carbonyl
groups. The gamma irradiation was found to damage the crystalline microstructure and
surface morphology of cellulose, and the irradiation-derived degradation components,
including glucose, xylose, arabinose, and fructose, were analyzed [120].

As mentioned in Section 1.4.3, a long-term high-penetration gamma irradiation field
can be generated upon damage of well-designed barriers and weakening of their irradiation-
shielding ability. In the area around waste packages, certain radical products generated from
water molecules by gamma irradiation can induce decomposition and condensation reactions
of soluble HS molecules, and subsequently affect the complexation and sorption behavior of
metal ions. The significance of gamma-irradiation-induced chemical changes in HSs near
nuclear waste has been recently established. Sawai et al. characterized HSs irradiated using
$9Co-emitted gamma rays, and found that the amount of high-molecular-weight compounds
decreased as the radiation dose increased by gel-permeation chromatography and infrared
spectrophotometry; moreover, the gamma irradiation was proposed to decompose the HSs
[121]. Silva et al. observed release of CO2 gas when HA solutions were gamma-irradiated,
which was believed to be induced by the decomposition of —COOH, as indicated by IR
spectra. Additionally, the molecular simulation package, HyperChem 4.5, which involves

the Hamiltonian PM 3 semi-empirical method, was employed to simulate the IR spectra of
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possible products of the irradiated HA. The radiolysis mechanisms of -COOH were believed
to be linked to the benzyl ester and phenol ester structures of HA molecules [122]. Sasaki et
al. investigated the changes in acidic-functional-group contents of a gamma-irradiated HS
solution by acid-base titration, and found that a function of the various carboxylic groups in
the HS was deactivated by the gamma irradiation. Moreover, the gamma irradiation dose
was found to be dependent on the apparent formation constants of HS with Cu®* ions; the
apparent formation constants varied from 4 to 6 in the dose range of 0-500 kGy [123].

In summary, gamma-irradiation-induced physiochemical variations in HS solutions
have been investigated. However, useful information on the complexing ability of HS to
metal ions has not been adequately emphasized and explained. Moreover, the variation in
the chemical properties of HSs can significantly affect the sorption behavior of metal ions.
Additionally, the dependence of the sorption behavior of HA and nuclides on the gamma

irradiation dose has not been sufficiently studied in the context of safety assessment.

1.7 Objective of the thesis

With respect to the global proliferation of new large-scale nuclear plants [16], the
safe handling of HLW and SF generated by nuclear plants is a major scientific and
engineering challenge. The long-lived fission products from the irradiation of uranium-based
fuels [124] are planned to be buried in well-engineered deep underground repositories [125].
Although the possibility of early failure of waste packages after repository closure is
extremely low, the radionuclides can probably leach via groundwater media from the
fractured waste packages and subsequently migrate to the biosphere. Therefore, the
migration of radionuclides is an important component of the safety assessment of nuclear

waste.
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The sorption of radionuclides onto host rock in GDF areas can be exploited as an
effective barrier to inhibit their transport. Several simulation-, field-, and laboratory-based
studies have demonstrated that the sorption of metal ions in groundwater can be significantly
affected by NOM, such as the abundant and ubiquitous HS molecules in groundwater, via
complexation or colloidal formations of HS and metal ions [111, 112]. However, the gamma
rays stemming from the decay of radionuclides can pass through the steel canisters of waste
packages under these conditions because of their high penetration, and a long-term gamma
irradiation field can be generated near the waste packages [126]. The gamma irradiation can
affect the chemical properties of HSs, subsequently leading to interactions between HSs and
metal ions. Nevertheless, the effects of gamma-irradiated HSs on the sorption of metal ions
have not been clarified to date.

This study was aimed at elucidating the dependence of gamma-irradiated HA
solutions on the sorption of metal ions, which can enable the prediction of radionuclide
migration and help establish a sorption coefficient database. For this purpose, research was
conducted on investigating the impact of gamma irradiation on the complexation of HSs
with metal ions, including the apparent formation constant and the complexation affinity in
terms of molecular-weight fractions.

The thesis includes several chapters that explain the research conducted on achieving
the aforementioned goals. The first part includes an introductory section that describes the
research background and purpose of this study (Chapter 1). The general concepts of deep
geological disposal of nuclear waste, the possible consequences of disposal failure, and the
sorption behavior of radionuclides are summarized herein. Moreover, the motivation for an
investigation on the effects of gamma irradiation on the sorption behavior of radionuclides

in groundwater is established.
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The second part includes the experimental, results, and discussion sections. The
gamma-irradiation-induced complexation of metal ions with HS, including the apparent
formation constant and the complexation affinity in terms of the molecular-weight fractions,
are described in Chapter 2 and Chapter 3. The data and results described in Chapters 2
and 3 provide the data for simulation and explanation, as reported in Chapter 4, in which
the effects of gamma-irradiated HA solutions on the sorption of metal ions are described.
Therefore, the crucial research-related information is described in Chapters 2, 3, and 4.
Chapter 2 reports the use of various analytical approaches, such as TOC analysis, UV—Vis
spectroscopy, '°C NMR, and potentiometric titration, to investigate the physicochemical
properties of HSs. Moreover, the effects of the irradiation dose on the complexation ability
of metal ions and HSs, that is, the apparent formation constant of HS—metal-ion complexes,
was discussed based on the Ca-ISE method. The fractionation of an HA solution irradiated
with doses of 0—100 kGy via ultrafiltration is detailed in Chapter 3, with an emphasis on
the identification of gamma-irradiation-induced changes in TOC and the number of
functional groups (-COOH and phenolic —OH) in each HA fraction. Based on the
concentration of metal ions and organic carbon in each fraction, the effects of gamma
irradiation on the molecular-weight-dependent complexation affinity of HA fractions with
Cs", Sr**, and Eu’®" ions were evaluated; these ions are the mono-, di-, and tri-valent cations
typically found in nuclear waste, respectively. In Chapter 4, batch sorption experiments
conducted for studying the sorption coefficients of gamma-irradiated HA and Cs" and Eu**
as typical mono- and tri-valent cations in nuclear waste, respectively, are described.
Sedimentary rock samples obtained from a depth of 140 m at the Horonobe URL (JAEA)
were used as the solid sorbent. The aging effects of the irradiated HA—metal interactions on

sorption are also discussed.
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The third part of this thesis (Chapter 5) includes the conclusions, significance of
thesis and recommendation for further work. The research presented in Chapters 2, 3, and

4 are summarized, and the future studies which are not considered in the thesis are proposed.
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Chapter 2 Effect of gamma irradiation on the

complexation of humic substances with Ca** ions

2.1 Introduction

If the HLW packaging failed during the early stages of disposal, radionuclides would
leach from it. Of all radionuclides, the alkaline earth °°Sr** ion (half-life of 29 y) significantly
contributes to the radiotoxicity of fission products, and is the main cause of bone cancer [1],
tissue cancer, and leukemia [2]. In addition, nuclear weapon testing, uranium mining, and
catastrophic nuclear power plant accidents could also release radioactive Sr, which could
subsequently migrate via groundwater. McCarthy et al. demonstrated that the mobilization
and transport of radionuclides in groundwater resulted from their complexation with natural
organic matter [3], which occurs because HA masks the absorption of radionuclide cations
on mineral or rock surfaces by forming colloidal metal-HA complexes. Various
thermodynamic studies on the interaction of HS with divalent metal ions, such as Pb**, Cu?",
Cd**, and Zn?" [4], and transuranium elements, including trivalent Cm*" and Am** ions [5],
have been performed, and have aimed to better understand and predict the migration patterns
of hazardous metals. The complexes radionuclides form with HS increase the possibility of
radionuclides to affect the population and environment. Hence, it is essential to investigate
the interactions between metal ions and HS to estimate the radiation-associated risks.

As described in Section 1.6.2, the gamma irradiation field could induce the radicals
from water molecules, which could react with HS in the groundwater. However, the
particular chemical properties of HS attributed to gamma irradiation and the effects of
gamma-irradiation on metal-HS interactions have not been fully elucidated yet. Therefore,
in this study, various analytical approaches, namely total organic carbon (TOC) analysis,

ultraviolet-visible (UV—-Vis) spectroscopy, '*C nuclear magnetic resonance (NMR), and
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potentiometric titration, were adopted to investigate the effects of gamma irradiation on the
physicochemical properties of HS. TOC analysis is a standard analytical technique that has
been widely used to study the organic carbon content in HS. UV-Vis absorption
spectroscopy is widely accepted as being an appropriate method to estimate the properties
of HS. UV-Vis spectra revealed the presence of specific bonding arrangements in HS
molecules, but offered little information on HS functionalities. However, the ratio of relative
absorbance, which could be determined using UV—Vis spectroscopy and provide information
on the structural changes HS underwent after gamma-irradiation. Liquid state '*C NMR
spectroscopy using the inverse-gated decoupling (IGD) technique could be a powerful
analytical tool for obtaining quantitative information on the structure of aqueous HS [6].
Potentiometric acid—base titration in aqueous solution could be used to evaluate the proton
exchange capacities of functional groups, particularly the O-containing carboxylic -COOH
and phenolic —OH groups of HS. Using this information, the effect of the irradiation dose on
the complexation ability of metal ions and HS, that is, the apparent formation constant of
HS-metal ions complexes was discussed. In this study, Ca was adopted as the chemical
analog of divalent alkaline-earth metal ions Sr [7]. The apparent formation constants of Ca-
HS complexes were determined via the direct measurement of the concentration of free Ca**

ions using a commercially available Ca ion-selective electrode (Ca-ISE).

2.2 Experimental
2.2.1 Preparation of HS samples

Three standard HS were used in this study,

(1) Elliott soil humic acid (abbreviated as S-HA, 1S102H) was supplied from the
International Humic Substance Society (IHSS);

(2) Suwannee river fulvic acid (abbreviated as S-FA, 1S101F) was also supplied by
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the THSS;
(3) Technical humic acid sodium (abbreviated as AL-HA, H16752) was purchased

from Sigma-Aldrich Co.

Aldrich Humic acid
(H16752)

2 mol/LNaOH + 2.0 g NaF

pH=7
Filtration
Humin Souble HA and FA
pH<1
Filtration
Insouble HA Souble FA

Washing with 0.1 mol/L HCI

Washing with pure water

Lyophilisation

Purified HA powder

Fig. 2-1 Flow diagram of purification of Aldrich humic acid (AL-HA) based on the pH

solubility of organic components.

S-HA and S-FA were used as received, without further treatment while AL-HA was
purified prior to the experiments. The purification process of AL-HA is based on the pH-
related solubility of organic ingredients (also see Fig. 2-1) [8, 9]. First, 20 g of crude HA

sodium salt was dissolved in a 2 mol/dm* NaOH solution under stirring, and 2.0 g of NaF
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was added to the mixture to dissolve silicate impurities. The resulting dark-colored solution
was subsequently acidified to pH 7.0, filtrated to remove humin, and then acidified to pH
1.0 via the dropwise addition of a HCI solution under continuous stirring to precipitate HA.
The precipitate separated after centrifugation and sequential filtration (1.0 um, 0.45 um),
was washed three times with a 0.1 mol/dm? HCI solution followed by rinsing with deionized
water to remove Cl™ 1ons. Lastly, the HA powder was lyophilized using a freeze dryer, stored,
and sealed for subsequent analysis and experiments. The yield of purified HA was calculated
to be approximately 30 %. The chemicals (Wako, Japan) used for our experiments were of
analytical-grade. Ultra-pure water with a resistivity of >18.2 mQ/cm at 25 °C, which was
prepared using a Direct-Q UV 3 (Merck, USA) water purification system was used
throughout the study.

0.37 g S-HA, 0.30 g S-FA and 0.36 g purified AL-HA powders were weight and
added in 120 mL NaOH (1 mol/dm?®). After complete dissolution, 1820 mL NaClO4 (0.1
mol/dm?) solution and 60 mL HCIO4 (0.1 mol/dm?®) was added into each HS solution, to
obtained the initial concentration of 0.19 g/dm?, 0.15 g/dm® and 0.18 g/dm? for S-HA, S-FA
and AL-HA, respectively. The ionic strength (/) and initial pH in HS solution were 0.1

mol/dm? (NaClO4) and about 11, respectively.

2.2.2 Gamma irradiation on HS samples

The aforementioned HS solution was divided into four 500-mL amber glass vessels
(Duran, Germany), which were tightly sealed with screw caps without degassing. The
vessels were subjected to gamma irradiation using an approximately 150-TBq ®°Co source
at a temperature of 20-22 °C at the Institute for Integrated Radiation and Nuclear Science
(KURNS), Kyoto University. Absorbed doses of gamma irradiation were 10, 100, and 500

kGy, and the constant dose rate were 1 or 0.1 kGy/h, respectively. After the exposure time
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necessary to obtain the correct dose, the three irradiated samples and one non-irradiated
sample were totally transferred to polyethylene bottles, stored in the dark for two weeks, and

subsequently used for experiments.

2.2.3 Characterization of irradiated HS solution
2.2.3.1TOC

A TOC-5000 analyzer (Shimadzu, Kyoto) was used for TOC analysis. To minimize
the carbonate ion content, the HS sample solution was acidified to pH 2 and pure Oz gas was
bubbled through it for 5 min. Thereafter, the solution was injected into the vertical furnace
of the analyzer via a sampling tube with the internal diameter of 2 um. The combustion
quartz tube, which was filled with Pt catalyst was maintained at 680 °C using pure O2 gas
flow, and the produced CO2 was monitored using a non-dispersive infrared gas detector. All

measurements were performed in triplicates.

2.2.3.2 UV-Vis spectroscopy

The UV-Vis absorption spectra of the dissolved HS were recorded on a SEC 2000-
UV/Vis double beam spectrophotometer (ALS Co., Ltd., Japan) using quartz cells with the
path length of 10 mm. After adjusting the pH to 8, the samples were scanned in the range of
230 to 750 nm at 25 °C (integration time of 20 ms). Milli-Q water was used as the reference

for correction.

2.2.3.3 Liquid '*C NMR spectra
The liquid *C NMR spectra of the samples were recorded using an AVANCE 600
(Bruker Instruments, Inc., Germany) spectrometer at 600 MHz and 25 + 0.3 °C. The IGD

technique was used for all measurements under the following conditions: spectrometer
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frequency of 150.95 MHz, acquisition time of 0.87 s, relaxation delay of 10 s; solvent D20O;
and probe 5 mm CPTCI 1H-13C/15N/D Z-GRD. HA samples (0.5 mL) were used to fill 5
mm-diameter tubes. In addition, 0.05 mL of 100 mg/dm? 3-trimethylsilylpropionic-2, 2, 3,
3-d4 acid sodium salt solution was used as external chemical shift referencing. Scans

numbering 20000 were accumulated for each sample.

2.2.3.4 Acid-base titration on HS solution

Potentiometric titrations were performed using an AT-510 (KEM Co., Ltd., Japan)
automatic potentiometric titration instrument. The titration container was purged with high-
purity N2 for 10 min prior to the titrations, and high-purity N2 was continuously flown above
the solutions during the titrations to ensure that CO2 did not contaminate the samples. The
ionic strength of the background electrolyte (/ = 0.01 mol/dm?) was controlled by adding
NaClOs to it. After the pH of the combined glass electrode was calibrated using standard
buffers, 20 mL HS solution was acidified to pH 3.0-3.5, and then titrated to the endpoint pH
of 10.5. A COz-free standardized 0.01 mol/dm* NaOH solution (Fujifilm Wako, Japan) was
used as the titrant. Titrations were carried out at 25 °C in successive 10 uL/min intervals
using a micropipette. Titration experiments were performed at 25 + 0.5 °C under a constant
stirring speed of 200 rpm. After each titrant aliquot was added, the volume of titrant and pH
were automatically recorded when the readings stabilized below + 0.1 mV/s. Herein, the
measured pH was assumed to be the direct measurement of the H' ion activity in the bulk

solution. Each titration experiment lasted 2-2.5 h and generated more than 80 data points.

2.2.4 Determination of apparent formation constant
The activity of the free Ca®" ions was measured using a 6583S-10C (HORIBA,

Japan) Ca-ISE, which was calibrated using a standard Ca stock solution at 25 °C prior to
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each measurement. First, the polypropylene vessels were filled with 20 mL HS solutions,
and the surfaces of the sample solutions were purged with pure N2 gas for 5 min. The volume
unit of the titrant was maintained at 0.02 mL Ca(ClOa4)2 solution (1 x 1072 mol/dm?). The
stable potential of the Ca-ISE (fluctuations lower than + 0.1 mV every 2 min) and pH were
recorded for every titration step. Assuming that the activity was equal to the Ca®" ion
concentration at constant pH, a linear relationship should exist between the electromotive
force Eise (mV) and the logarithm of the concentration of free Ca®* ions (not complexed with

HS) (mol/dm?), which would correspond to the Nernstian behavior of the Ca-ISE.

Eisg = slog[ Ca®t] + E*, (2-1)
where E” is the standard electrode potential and s represent the slope. E* and s could be
determined by analyzing a series of standard solutions of known concentrations. The ionic
strength of the sample solution was constant at 0.01 mol/dm® NaClO4, the pH was
maintained at 5.00 + 0.05, and the stirring speed was constant at 200 rpm. The titration was
repeated 10 times. The log Sapp values, where fapp 1s the apparent formation constant of the
Ca—HS complexes, were calculated at each titration point and were subsequently averaged

and used to determine the experimental standard deviation (o).

2.3 Theoretical

The identification of the protonated functional groups of HS would help to
investigate their reactivity during the interaction between HS and metal ions. Owing to the
overlap in the wide-range titration results for the two abundant acidic functional groups,
namely carboxylic -COOH and phenolic —OH, it was difficult to distinguish their individual
contribution. In this study, a modified numerical model was adopted to quantify these two

functional groups based on the change in the total concentration of organic anions ([R7])
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with pH. Here [R7] (eq/dm?) is the concentration of the dissociated functional groups, which
can be calculated using the electroneutrality equation. The dilution-corrected concentration
of inorganic Na" cations and CI™ anions in solution were recalculated at each experimental
point during titration considering the initial solution and additional titrant. [H"] was assumed
to be the measured pH. The ionic product constant of water (pKw) at 25 °C was retrieved
from the literature [10]. Therefore, the organic charge at any point during a titration could

be determined using the charge balance, as follows:
[R7] = [Na*] + [H*] — [CI0;] — [OH7] (2-2)
The organic charge density O (megq/g) was obtained by normalizing [R7] to the

dissolved organic carbon content, (C)org, in the unit of g/dm? at each point during the titration.

Then, the titration curves (the pH dependence of Q) were obtained as follows:

[R7]
(C)org '

Q = 1000 x (2-3)

Subsequently, the titration curves of the dependence of QO on pH were obtained. The
binding sites of HS are typically attributed to the proton-dissociative O-containing functional
groups (—COOH and phenolic —OH groups). Although other functional groups, such as the
amino and sulthydryl groups, could also participate in the protonation process, their
contribution could be omitted because HS only contains low amounts of these groups [11].
Conceptually, the apparent protonation constants of ~-COOH and phenolic —OH groups were
expressed as functions of the pH and ionic strength [12]. The apparent protonation constant
(Kapp) was defined as [HR]/[H'][R"], where [HR] (eq/dm?) is the concentration of non-

dissociated groups in the solution.
log K,,, =log K + mpH — blog[ Na*], (2-4)

where log K is defined as log Kapp at pH 0 and log [Na'] = 0, m is a number between 0 and
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1, which depends on the strength and abundance of binding sites [13], and b is a parameter
associated with the protonated functional groups because it is related to the charge and
charge density of macromolecules and does not depend on the types of functional groups
[14]. The bulk Na" ion concentration in the background electrolyte solution was constant
([Na*]=0.01 mol/dm?), and b could not be evaluated, and therefore, it was set to be 0 in this
study. The organic charge density O comprised Q: of the -COOH (meq/g) and phenolic -OH

groups (meq/g), as illustrated in Eq. (2-5):

— V2 Qi
Q - Zi=1 1_l_lo(logKl-l-l-(mi—l)pH) ’ (2'5)

where the i = 1 and 2 are the contributions of the -COOH and phenolic OH groups,
respectively. The optimal Q;, log Ki, and m;: (i = 1 and 2) parameters were determined using
nonlinear least-square fitting analysis for the titration plots of Q vs. pH. The nonlinear
iterative fitting routine of the Origin 2018 software was used. For more accurate and unique
fitting results, the logarithms of the acid dissociation constants K1 and K2 were conditional:
3—6 for log K1, and 8—11 for log K>, respectively [15].

Assuming that one Ca®" ion could interact with two neighboring anionic functional
groups, the following mass conservation equations for Ca** and HS were defined when Ca**

ions was added into the HS solutions:

[Ca®*]ioe = [Ca®*] + [CaR,] (2-6)

(C)org
1000

ot = [HR] + [R7] + 2[CaR,] (2-7)

where [CaR2] (mol/dm?) is the concentration of Ca®" ions bound to HS, and was calculated
as the difference between [Ca®Jwot (mol/dm?), which was the total concentration of added
Ca2" ion solution, and [Ca?*] (mol/dm?®), which was the concentration of free Ca*" ions and

was directly measured using the Ca-ISE. The hydrolysis reaction of Ca®" ions was negligible
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in this study; the distribution ratio of [Ca(OH)*] was more than eight order of magnitude
lower than the initial [Ca®] at pH 5 using the hydrolysis constant [16]. In Eq. (2-7), Qiot Was
considered to be the maximum capacity of the proton-exchanging sites, which equaled the
sum of Q01 and ». The degree of dissociation of HS (= [R7]/([HR] + [R7])), was a pH-
dependent constant. Eventually, an equation analogous to the Langmuir adsorption isotherm

was used to calculate Sapp, as Eq. (2-8):

[CaRgz]

'Bapp = [Ca2+][R™] (2-8)

2.4 Results and discussion
2.4.1 pH and appearance of HS solution

The pH and appearance of irradiated HS solution were summarized in Table 2-1. The
initial solution pH shifted to neutral from 11 with dose, indicating that the hydrogen ions
were generated by the impact of gamma irradiation, while no pH shift was observed without
gamma irradiation. A mount of produced gas in the irradiated HS bottles was found, even
the cap of the glass bottle was popped when it was opened. The obvious change in solution
color after gamma irradiation was also observed. The typical brownish color, which was
caused by increasing the number of conjugated double bonds and = electron density in
heteropolycondensates [17], was observed for the initial solutions: dark brown for HAs (S-
HA and AL-HA) and light brown for S-FA. High dose gamma irradiations of 500 kGy
obviously faded the samples from brown to colorless due to radiolysis degradation of organic
compounds [18].

It is worthy noted that a blackish solidified matter precipitated in the S-HA and AL-
HA series at 500 kGy while no significant precipitation was observed in the S-FA samples,
which is probably due to the difference in natural chemical properties of HA and FA.

Therefore, the supernatant in HA solution at 500 kGy was used in the experiments.
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Table 2-1 Dependence of appearance and pH of humic substance (HS) solution with dose
and dose rate. The values below the pictures show the pH. The supernatant in HA series
samples (S-HA and AL-HA) at 500 kGy was used due to the formation of precipitation,

while the other irradiated solution was used without any additional treatment.

Dose rate (kGy/h) | 0.1

Dose (kGy) 0 10 100 500 10 100 500

11.2 10.7 7.2

6.9 10.3 7.6 6.2

S-FA

110 99 7.2 6.8 10.3 8.1 6.2

|
1.3 10.8 6.9 6.7 11.4 7.1 6.2

2.4.2 TOC measurements of HS solution

Organic carbon is the major component of the structural framework and functional
groups of HS. The TOC of HS decreased as the gamma irradiation dose increased (Fig. 2-
2), which indicated that the decomposition of HS progressed. Same as described above, a
small amount of a gas popped when the cap of the glass bottle was opened after gamma
irradiation. Silva et al. used IR spectroscopy and gas chromatography to demonstrate that

CO: formed in gamma-irradiated HS solutions, and proposed that the presence of CO2
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confirmed the participation of the —-COOH groups in the structural changes that HS
underwent under gamma irradiation [19]. In addition, the TOC content of HS solution
decreased by more than 80 % on average at the gamma irradiation dose of 500 kGy, which
indicated that the organic carbons of the non-functional groups, such as the aliphatic or
aromatic carbons, decomposed. Furthermore, the tendency of TOC to decrease as the gamma
irradiation dose increased was similar at two different dose rates (1 and 0.1 kGy/h), and thus,

it was hypothesized that decarburization was possibly independent of the dose rate.

100
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Fig. 2-2 Dependence of total organic carbon (TOC) content on dose and dose rate

2.4.3 UV-Vis spectrometry

A typical HS UV-Vis spectrum is depicted in Fig. 2-3. The absorbance of all HS
samples decreased as the wavelength increased, where the typical absorbance without any
clear shoulder peak ranged from 225 to 745 nm decreased monotonically with the total
gamma irradiation dose. The decrease in the UV absorbance of the HS samples was
explained by the decomposition of the unsaturated conjugated bonds in the chemical

structure of the dissolved organic matter [20].
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Fig. 2-3 UV—Vis absorption spectra of non-irradiated and irradiated HS samples (a): 1

kGy/h; (b): 0.1 kGy/h

For S-HA, S-FA and AL-HA, the A42/A43 ratio, where A2 and A3 are the absorbance at
250 and 365 nm, respectively, in general increased as the gamma irradiation dose increased
(Table 1), which implied that the relative molecular weights of HS decreased [21]. The
decomposition of both aliphatic and aromatic carbons owing to the radiolysis degradation of
HS leads to the formation of smaller molecules [22, 23].

The A4/A6 values, where A4 and As are the absorbance of S-HA, S-FA and AL-HA at
465 and 665 nm, respectively, were related to the content of O-containing functional groups
such as —OH, carbonyl, -COOH, and ester groups [24]. The decrease in A4/46 suggested the

decomposition of these O-containing functional groups of HS.
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Table 2-2 Optical indices of S-HA, S-FA and AL-HA obtained using UV—Vis absorbance

data at different gamma irradiation doses and dose rates

Irradiation dose (kGy) 0 10 100 500 10 100 500
Dose rate (kGy/h) 1 0.1

A2/A3 1.0o4 1.06 123 272 1.21 1.26  2.07

S-HA AalAe 275 250 212 225 240 216 210

Al 1.0 1.07 147 126 112 126 1.56

A2/A3 3.00 291 335 310 261 290 343

S-FA Aa/Ae 526 447 426 200 329 293 2.00
Al 0.86  0.99 1.23 1.25  0.98 1.52 1.41

A2/A3 1.06  1.22 1.47 1.59 1.32 1.24  1.89

AL-HA Aa/Ae6 815 558 320 202 415 238 207

Al 0.74  0.88 1.43 1.33  0.92 140 1.85

For phenolic substances, aniline derivatives, benzoic acids, and polycyclic aromatic
hydrocarbons, the absorption in the range of 270-280 nm corresponds to the —n* electron
transition [25]. The aromaticity index 4/ as unsaturation level of HS molecule represents the
absorbance at 280 nm normalized by the TOC. These results in Table 2-2 indicated the same
tendency for all HS: that is, the A7 increased with the gamma irradiation dose. This indicated
that the effects of gamma irradiation on HA and FA appeared to be similar, and that aromatic
structures could be more resistant to gamma irradiation than aliphatic ones. Moreover, the
UV-Vis absorption spectra of the HS samples revealed that different gamma irradiation dose

rates presented the same effect on all HS.
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2.4.4 3C NMR analysis
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Fig. 2-4 Dependence of organic carbon content of several types of C atoms in a sample of

S-HA on gamma irradiation dose at dose rate of 1 kGy/h

The '*C NMR spectra peaks were assigned using their chemical shifts, and the range
of shifts could be divided into six regions [27]: alkyl, O—alkyl, aryl, O—aryl, carboxyl, and
carbonyl C (545, 45-110, 110-145, 145-165, 165-190, and 190-220 ppm, respectively).
The three-dimensional graph in Fig. 2-4 illustrates the dependence of the content of carbon
atoms on the gamma irradiation dose for several types of C atoms in S-HA. Each content of
carbon atom was estimated using the product of the relative ratio of the peak areas with
corresponding TOC values. The aryl and alkyl C contents decreased significantly as the
gamma irradiation dose increased, indicating that gamma irradiation contributed to the
cleavage of the aromatic and aliphatic C bonds. Compared to the initial content of Aryl C, it
was decomposed to 98 %, 85 %, 27 % by 10, 100 and 500 kGy irradiation, respectively. On
the other hand, that of Alkyl C was 99 %, 73 %, 18 %, indicating that the extent of

decomposition of aromatic C was less than that of aliphatic C. This phenomenon would be
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consistent with the conclusion from UV—Vis spectroscopy study. The contents of carboxyl
and carbonyl C decreased as the gamma irradiation dose increased. The contents of the other
functional groups, namely O-alkyl and O-aryl C, also decreased overall as the gamma

irradiation dose increased, although not linearly.

2.4.5 Titration of functional groups

The experimental plots of the titration experiment are presented in Fig. 2-5. Most
fitting curves of the potentiometric titration data were in good agreement with the
experimental results. The obtained parameters and the corresponding o values are
summarized in Table 2-3. No significant differences were observed in the data collected at
different gamma irradiation dose rates; moreover, Q1 decreased as the gamma irradiation
dose increased, and Q> slightly increased as the gamma irradiation dose increased, although
some data were scattered. These opposite tendencies could imply that phenolic structures
were more resistant to gamma irradiation than the -COOH groups, which was in agreement
with the results derived from the '*C NMR data. Ilcin et al. investigated the anti-gamma-
irradiation stability of HS by Fourier transform infrared spectroscopy, and proposed that the
unstable moiety towards gamma irradiation was the —COOH group [28]. However, this
would be only suitable for humic materials. Different phenomena were observed for other
macromolecules like starch may be due to the decomposition of its abundant ester group

[29]. Lastly, Ot decreased as the gamma irradiation dose increased.

66



] 0 kGy 10 kGy 100 kGy 500 kGy

(a) Z S-HA :1 S-FA W’J 14’_ AL-HA

10 10 ‘ 10

L r I
6 6 : 61 ‘
i 4k f?{ 40 >
1 AW oL /
"o /é[’ -
\&‘ ()-'\ O—I(IIILI‘III‘I‘I 0—1‘ -J;IJIIIIJIIIIWII
O 345678 91011 3 45678 91011 3456 78 91011
(b)é/ 14 14 14
S-HA AL-HA
A 12t 12t i
10| 10+ i
8 ¥ s gl

; M
2t 2 /7 2 ‘
ok , , 0= Lo -

1 | PR I B | | ——
1011 3 45 6 7 8 91011 3 4 5

Fig. 2-5 Experimental titration data of humic substances obtained via nonlinear fitting. The
points and solid lines represent experimental data and the fitting equations with six

parameters Q1, 2, K1, K2, m1, mz, respectively. (a): 1 kGy/h; (b): 0.1 kGy/h.

Both K1 and K> decreased slightly as the gamma irradiation dose increased. This
tendency could be attributed to the gamma irradiation inducing a decrease in the total number
of functional group and in the molecular size of HS, which could be caused by the breaking
of some of the intramolecular hydrogen bonds between the functional groups [30]. The same
tendency was observed for all three analyzed HS, namely S-HA, S-FA, and AL-HA, although
some points ascribed to the -COOH and phenolic -OH groups were scattered and appeared

to be independent.
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Table 2-3 Nonlinear regression fitting of potentiometric titration curves of S-HA, S-FA and

AL-HA
Dose  Dose rate O O Orot log ki log K> . -
(kGy)  (kGy/h)  (meq/g)  (meq/g) (meq/g)
S-HA
0 9.61(14) 3.40(29) 13.01 4.48(45) 10.12(48) 0.52(04) 0.14(10)
10 8.85(35) 3.85(27) 1270 4.76(72) 9.51(41) 0.50(08) 0.08(11)
100 1 6.89(49) 4.81(07) 11.70 4.51(24) 9.43(07) 0.42(10) 0.15(02)
500 451(34) 4.47(32) 898  3.46(07) 9.76(25) 0.32(00) 0.07(01)
10 9.14(45) 3.66(19) 12.80 4.50(03) 10.06(18) 0.45(03) 0.11(04)
100 0.1 7.0524) 5.06(21) 12.11 4.67(24) 9.66(29) 0.30(08) 0.20(00)
500 3.97(41) 5.18(35)  9.15  3.96(34) 9.19(40) 0.45(14) 0.16(03)
S-FA
0 12.23(71) 4.01(50) 1624 3.63(17) 9.47(04) 0.41(11) 0.22(08)
10 10.46(45) 4.06(27) 14.52  3.16(29) 9.31(09) 0.37(07) 0.12(04)
100 1 6.45(62) 4.57(21) 11.02  3.33(04) 9.23(21) 0.32(02) 0.09(06)
500 431(44) 4.3836) 8.69  3.06(10) 9.19(20) 0.38(11) 0.02(01)
10 9.87(60) 3.86(42) 13.73 3.37(48) 9.61(14) 0.31(15) 0.16(11)
100 0.1 5.46(24) 4.27(19) 973 3.41(26) 9.21(02) 0.35(04) 0.01(01)
500 4.44(11) 4.51(53) 895 3.42(08) 9.03(19) 0.22(09) 0.06(02)
AL-HA
0 9.30(24) 3.17(50) 12.47 4.43(12) 10.11(75) 0.34(14) 0.24(10)
10 8.87(68) 3.57(25) 1244 4.46(12) 9.68(36) 0.31(07) 0.21(12)
100 1 6.31(52) 4.13(30) 10.44 4.10(24) 9.71(28) 0.37(04) 0.16(07)
500 4.41(20) 4.24(07) 9.65 3.21(36) 9.87(45) 0.42(12) 0.16(05)
10 8.54(44) 3.24(61) 11.78 4.49(25) 9.91(11) 0.31(02) 0.18(11)
100 0.1 5.85(04) 3.78(32)  9.63  4.16(40) 9.66(32) 0.40(06) 0.19(03)
500 437(31) 3.62(41)  7.99  3.56(07) 9.49(08) 0.42(04) 0.12(07)
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A possible reaction path for the radiolysis of HS molecules was proposed. Radiation-
induced decarboxylation was caused by the radical-induced dissociation of the —-COOH
groups (Fig. 2-6a). The gas generated by the irradiated aliphatic carboxylic acid was
analyzed using a gas chromatograph [31, 32]. Then, the -COOH group was dissociated and
replaced by a H atom. This was accompanied by the generation of CO2 gas, and would
strongly support the decrease in TOC. Moreover, the HS molecule could be hydroxylated
via the attack of an -OH radical (Fig. 2-6b). Campos et al. and Brillas et al. have identified
the radiolytic degradation products of 2, 4-D dimethylamine salt using electrospray
ionization mass spectrometry, and indicated that the lateral chains could break and phenolic
—OH groups would form [33, 34], which might result in the formation of small-molecular-
size fraction. In addition, the radiolysis of HS might include the random cleavage of the C—
C bonds and the ring-breakage reaction of aromatic compounds, which might also cause the
decrease in the molecular weight of HS and in the TOC by producing a CH4 gas [35]. Since
no direct evidence for the mechanism of TOC decrease has been reported, however, further

studies might be needed to clarify the mechanism of radiolysis.

(a)

Rl—COOH —> R]H + C02

O .oy HO .OH HO
— + R2H —

R4 R4 R4
OH

Fig. 2-6 Simplified radiolysis mechanisms of humic substances (HS): (a) decarboxylation

and (b) hydroxylation.
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2.4.6 Effect of gamma irradiation on Ca—HS complexation

5.0
S-HA (1 kGy/h) S-FA (1 kGyrh) AL-HA (1 kGy/h) 3

450 % "

4.0

35F -

3.0
5.0

/0,

IOg ﬁ app

S-HA (0.1 kGy/h) S-FA (0.1 kGyrh) AL-HA (0.1 kGy/h)
451 %

4.0

35F

00 700 200 300 400 500 0100 200 300 400 500 0100 200 300 400 500
Gamma-ray irradiation dose (kGy)

Fig. 2-7 Dependence of log fapp on gamma irradiation dose and dose rate; here fapp is the

apparent formation constant of the Ca—HS complexes at pH 5 and 0.01 mol/dm? (NaClO4);

01 and O> denote the organic charge densities of —COOH and phenolic —OH groups,

respectively; solid and broken lines represent the eye guide.

Fig. 2-7 illustrates the dependence of fapp of Ca—HS complexes on the gamma
irradiation dose and dose rate. For the non-irradiated Ca—HS complex (0 kGy), log fapp Was
3.0-3.5, which was in good agreement with the previously reported value of 3.32 at pH 5
[36]. Moreover, as the gamma irradiation dose increased, the fapp gradually increased. The
01/Q> ratios calculated from Table 2-3 suggested that the content of —-COOH groups
decreased and the content of phenolic -OH groups increased with dose. The change of
content ratio of —-COOH and phenolic -OH groups would generally result in the different
type of complexation at each binding site of HS [37, 38]. A predominance of phenolic groups

with the high log K> over -COOH groups with the low log K1 would lead to an increase of
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the fapp, since the formation of metal-ligand complexes is considered as a type of acid—base
equilibrium reaction. Therefore, the 01/Q> ratio is one of indicators of the fapp value, even

though the QOrwt value of HS decreased with dose increased in this study.

1 kGy/h 0.1 kGy/h

0 kGy 10 kGy  100kGy 500 kGy | 10kGy  100kGy 500 kGy

- PABEHNE
)D“D"
AL-HA'..&’..»

Fig. 2-8 Distribution of Ca*>" ions concentration complexed with HS before and after gamma
irradiation; the percentages represent the ratios of [CaRz] (darker areas) to [Ca*']it; here
[CaR2] and [Ca?'Jiwt denote the concentration of Ca** ions bound to HS and that of the added

Ca?" ion solution.

Using the fapp values in Fig. 2-7, the distribution of Ca bound to HS to the total
amount of calcium ([CaR2]/[Ca**]wt) was evaluated. Fig. 2-8 illustrates the [CaR2]/[Ca**]iot
ratios calculated under a simulation condition at pH 5 and [Ca*"Jwt = 1 x 107> mol/dm?>. The
ratio of the concentration of Ca®>" complexed with HS to the total Ca®" concentration in
solution decreased as fapp increased. The results indicated that 40-60 % of the added Ca"
ions reacted with the initial HS to form Ca—HS complexes, and the percentages significantly
decreased to 10-30 % when the HS were exposed to gamma irradiation at doses of up to 500
kGy. This trend could be explained by the decrease in Ot of the HS. Although Q> increased
as the gamma irradiation dose increased, the contribution of the phenolic —OH groups to Ca

complexation would be suppressed at pH 5 owing to the high K> value.
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2.5 Summary

The gamma irradiation field generated by the radioactive decay of atomic nuclei
could affect the complexation ability of matrix ions, such as Ca?*, and radionuclides in the
presence of HS. The three HS in this study (S-HA, S-FA, and AL-HA) were irradiated using
a %°Co source of gamma rays, and the critical changes induced by gamma irradiation in their
physiochemical properties were evaluated using classical potentiometric acid—base titration.
Some notable conclusions were drawn using additional analysis methods, namely TOC
analysis, UV—Vis spectrometry, and '*C NMR spectrometry. The gamma irradiation doses
used in this study decreased the TOC contents of HS and facilitated their degradation in the
solution. We hypothesized that HS radiolysis could occur via the decarboxylation of -COOH
groups and hydroxylation of phenolic —OH groups; however, the effect of the used gamma
irradiation dose rate on the radiolysis process was not elucidated. The effect of gamma
irradiation on the complexation of Ca>" ions with HS was investigated at pH 5 using a Ca
ion-selective electrode. Gamma irradiation increased the apparent formation constants of the
Ca—HS complexes owing to the significant degradation of the -COOH groups and formation
of phenolic —OH groups. However, the complexation ability of Ca*" with HS at the same pH
decreased after gamma-irradiation.

This report provides a new perspective for understanding the interactions of
radionuclides with natural organic ligands in groundwater and emphasizes the idea that the
effect of gamma irradiation should be considered for the more accurate prediction and

estimation of nuclear hazards.
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Chapter 3 Gamma-irradiation-induced molecular-weight
distribution and complexation affinity of humic acid with

Cs*, Sr’** and Eu**

3.1 Introduction

Many man-made radionuclides have been produced and released into the
environment by human nuclear activities, including the operation of nuclear power plants,
nuclear reactor accidents, nuclear weapon testing, and nuclear fuel reprocessing, and have
caused severe radiological contamination incidents [1, 2]. The investigation of possible
environmental behavior of hazardous radionuclides is necessary for evaluating biosphere
safety.

Humic acid (HA) is a natural occurring organic matter in groundwater, the possible
complexation ability of HA is important for predicting and investigating the environmental
behavior of radionuclides. Because of the ionizable surface functional groups (mainly —
COOH and phenolic —OH groups), the organic compound HA, could form stable uncharged
metal-HA complexes via complexation reactions, which have been considered “organic
metal colloids™ [3]. Several simulations, field and laboratory studies have demonstrated that
the apparent mobility of nuclides is attributed to the formation of organic colloids [4—6].
Moreover, during their migration, the molecular weight of metal-HA complexes strongly
relates to their environmental behavior in groundwater, such as mobility speed. Small-weight
components are typically expected to be more mobile when passing through geological
materials because the advection of large-weight components requires large fracture apertures
[7]. Jen et al. proposed that the dispersion coefficient of radionuclide colloids in groundwater
is strongly related to their molecular weight [8]. Therefore, the study of the complexation

affinity of HA with radionuclides in groundwater and the molecular weight distribution of
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the metal-HA systems is critical for predicting the environmental behavior of nuclides.
Chapter 2 indicated that gamma irradiation affected the complexation affinity of HS
with metal ions. However, the effect of absorbed dose on the molecular weight of metal-HA
complexes has not been elucidated yet. An ultrafiltration technique should facilitate
fractionation based on the weight of HA macromolecules [9], and that could be used to obtain
enough volumes of HA fractions for chemical analysis and its evaluation. In this study, the
HA solution irradiated with 0—100 kGy was fractionated via ultrafiltration. Emphasis was
placed on the identification of gamma-irradiation-induced changes in the total organic
carbon (TOC) and number of functional groups (-COOH and phenolic —OH) in each HA
fraction. The effect of gamma irradiation on the molecular-weight-dependent complexation
affinity of HA fractions with Cs*, Sr**, and Eu®" ions was evaluated, which are the typical

mono-, di-, or tri-valent cations in nuclear waste, respectively.

3.2 Experimental
3.2.1 Preparation of irradiated HA samples
Technical-grade HA sodium salt (No. H16752) was purchased from Sigma-Aldrich
Co. (USA), and was purified prior to use. The purification procedure had been summarized
in Section 2.2.1. The purified HA powder (0.32 g) was dissolved in a drop of 2 mol/dm?
NaOH solution, then 2 dm*® HA solution (0.16 g/dm?) was prepared by adding pure water.
The solution pH and ionic strength (/) were adjusted to 8 and 0.05 mol/dm? (NaCl),
respectively, to simulate the Na—Cl dominated saline groundwater in the Horonobe area [10].
The procedure of gamma irradiation experiments has been described in Section 2.2.2.
In this study, the temperature of gamma irradiation was 20-23 °C. Absorbed doses of gamma
irradiation was 0 (non-irradiated), 1, 5, 10, 50, and 100 kGy, respectively, with the constant

dose rate of 0.69 kGy/h.
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3.2.2 Sequential ultrafiltration

All the HA solutions were re-adjusted to pH 8 prior to ultrafiltration because the
molecular aggregation of HA molecules is pH-sensitive [11]. The filter membrane was
flushed with ultra-pure water twice prior to use. The HA solution (50 ml) was filtered through
Amicon Ultra-15 (Manufacturer, Ireland) low-binding regenerated cellulose ultrafilters
following the successively smaller nominal molecular weight limit of 100 (UFC910024), 50
(UFC905024), and 10 kDa (UFC901024), respectively. The samples were centrifuged using
a H-103N (Kokusan, Japan) swinging-bucket rotor centrifuge. The HA retained in the filter
was collected via repeated rinsing with a small amount of pure water to minimize the loss of
solutes. Lastly, four fractions of HA samples were isolated based on molecular weight: UF
>100 kDa, UF2 50—-100 kDa, UF3 10-50 kDa, and UF4 <10 kDa. For the subsequent analyses,
the HA retained in the UF3 fraction and the filtrate of the UF4 fraction was diluted to 50 mL,
whereas the HA in the UF: and UF: fractions was diluted to 10 mL owing to their low HA
concentration. Therefore, some data such as TOC were corrected by the dilution ratio. The
ultrafiltration procedures were repeated two times to obtain enough volumes of HA fractions.

All treatments were performed in the temperature range of 20-25 °C.
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Fig. 3-1 Diagram of HA purification procedure
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3.2.3 Characterization of irradiated HA samples
3.2.3.1 Zeta potential methodology

The zeta potential ({) of the HA samples was measured using a Zetasizer Nano ZS
(Malvern Panalytical, UK) instrument at 25 °C. The incident laser beam passed through the
center of a square polystyrene cell and illuminated the particles in the sample solution. Once
an electrical field was applied to the cell, the moving HA compounds inside the sample
caused a fluctuation in the detected light, which was proportional to the particle speed [12].
Therefore, zeta potential was calculated from the electrophoretic mobility of the particles
using the Helmholtz—Smoluchowski approximation. The pH of humic samples (/ = 0.05
mol/dm?® NaCl) was adjusted to 8 using a small amount of NaOH solution. Each sample were

tested in triplicate.

3.2.3.2 TOC measurement

See Section 2.2.3.1.

3.2.3.3 Acid—base titration of reactive functional groups
The non-filtrated original HA solution and the filtrated fractions as described in
Section 3.2.2 were used in the titration experiment without any adjusting concentration. The

procedure of potentiometric titration can be found in Section 2.2.3.4.

3.2.4 Experiment on molecular weight distribution of metal-HA complexes

The HA samples were continuously bubbled with high-purity N2 for 10 min prior to
each experiment to eliminate the interference of dissolved COz. Subsequently, 0.5 mL of an
approximately 107% mol/dm? individual metal chloride salt solution (CsCl, SrClz, or EuCls

>99.99 % purity) was added to 50 mL of HA solution. The solution pH was adjusted to a
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final range of 7.9-8.1 using small volumes of NaOH solution. Next, the mixed solution
bottles were shaken in the dark using a BR-43FL (Taitec, Japan) oscillating incubator at
25 °C. After one week, the mixtures were weight-fractionated and diluted into four equal 50
mL volume fractions (<100, 50-100, 10-50, and >10 kDa) as Section 3.2.2. Each fraction
was subjected to TOC analysis, and the metal ion concentration of each fraction after HNO3
digestion was determined using an ELAN DRC II (PerkinElmer SCIEX, USA) inductively
coupled plasma mass spectrometry (ICP-MS) instrument. ICP-MS measurements were

repeated three times for each sample solution, and the results were averaged.

3.2.5 Accuracy of ultrafiltration
To estimate the accuracy of the ultrafiltration method, the recovery ratios (R) were

calculated using the mass balance, as follows:

2i(Vur;(©)uF,)

Vini (€ini

Rya = (3-1a)

and

_ Xi(Vyg;[Mlury)

Rm = Vini [M]ini (3-16)

where (c¢) and [M] are the concentrations of organic carbon (mg/dm?®) and metal ions
(mol/dm?) determined using TOC measurements and ICP-MS, respectively, and V is the
volume of solution sample. The subscripts “ini” and “UF;” (i = 1-4) indicate the initial
solution and the corresponding fractions in the ultrafiltration. The Rua values were
satisfactory (93—-103 %) after ultrafiltration using the mass balance approach, and the
negligible loss of organic carbon was attributed to the sorption of small amounts of HA on
the cut-off membranes and container walls. Rcs and Rsr also indicated acceptable recovery

(91-97 % and 85-92 %, respectively) mainly because of the relatively simple speciation at
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the experimental pH of 8, whereas the poor recovery of Eu*" (Reu = 53—-64 %) was attributed
to the possible formation of highly adhesive hydroxides in neutral media based on solubility

product (Ksp) estimations [13].

3.3 Theoretical

Owing to the overlap in the wide-range titration results for the two abundant acidic
functional groups, namely carboxylic —COOH and phenolic —OH, it was difficult to
distinguish their individual contributions. Simple and empirical model fitting has been
common practice for estimating the concentrations of —-COOH and phenolic —OH. The
modified Henderson—Hasselbalch model was used to quantify the strength of the functional
groups, as recommended by the International Humic Substance Society [14]. The modified
Henderson—Hasselbalch model (MHHM) is similar to the described model in Section 2.3.
The difference is that the dissociation degree (a) of weak acids was introduced in MHHM,

as follows:

pH=pK —n log%, (3-2)

where K is the mean equilibrium constant and 7 is an empirical constant [15].

The acidic binding sites in HA are typically attributed to O-containing functional
groups (mainly —COOH and phenolic —OH groups). Although other functional groups, such
as N- and S-containing groups, could also participate in protonation, their contributions can
be neglected because of their low content in HA [16]. Therefore, the MHHM can be used to

describe the contributions of the -COOH and phenolic —OH binding sites as follows:

Q=2 4 —2___ = 2 + = (3-3)

T 14K [HYD/M | 14(Kp[H¥])/m2 ~ 1+10008K1-pH)/n1 T 14q0(0gKz—-pH)/n2’

where O (meq/g) is the amount of ionized functional groups per gram of organic carbon, and
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could be obtained from the charge balance at every pH point during titration, Q1 and O are
the maximum capacities (meq/g) of —-COOH and phenolic —OH, respectively. K1 and K> are
the corresponding mean acid dissociation constants, and »n1 and n2 are empirical constants
reflecting the range of the equilibrium constants for the —-COOH and phenolic —-OH
protonated sites, respectively [17, 18]. For more accurate and unique fitting results, the
average log K1 and log K> ranged between 3—6 and 8—11, respectively. Eq. 3-3 was fitted to
the aggregated data sets of O vs. pH, and the optimum set of Q1, log K1, n1, Q2, log K2, and
n2 fitting parameters for each sample was obtained using nonlinear regression to minimize
the weighted sum of squared residuals. The best fitting O1, 02, log K1, log K2, n1, and n2
values were determined using a non-linear custom function module in the Origin 2019

(Origin Lab, USA) data analysis software.

3.4 Results and discussion
3.4.1 Chemical characteristics of HA solution

The initial pH of the HA solution (7.9) decreased to 7.6, 7.2, 6.9, 6.4, and 5.8 after
irradiation with 1, 5, 10, 50, and 100 kGy of gamma rays, respectively. As previously
reported in the literature, a large amount of gas was distinctly observed when the sealed glass
bottles were open, particularly for the 100 kGy gamma-irradiated samples [19, 20]. Seriesi
et al. collected the gas produced during the gamma irradiation of HS samples and used a gas
spectrometer to demonstrate that it mainly consisted of CO2 and small amounts of CO and
Hz [21]. Therefore, the decrease in pH was probably due to the dissolution of COz2 gas in the
HA solution. The contribution of CO2 to the decrease in pH was confirmed through
degassing, as the pH increased to some extent after the HA solutions were bubbled with pure
N2 gas. Moreover, the decrease in pH might have been caused by the decrease in the acid

dissociation constant of the acidic functional groups via the reaction between HA molecules
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and radicals formed during water ionization. In addition, the logarithm of the absorbed dose
(1-100 kGy) was approximately linearly related to the pH of the solution after radiolysis
(Fig. 3-2a). However, the slope of the fitted line (0.81) was less than 1, which suggested that
the amount of generated H" ions decreased as the radiation dose increased, and indicated the

complexity of radiolysis reactions.
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Fig. 3-2 (a) Logarithm dependence of absorbed dose on [H']; the square plot at 0 kGy is

highlighted and the solid line represents the linear fitting relationship. (b) Color of humic
acid (HA) solutions at different absorbed dose. (¢) Dependence of absorbed dose on the zeta
potential of HA samples (pH of 8, ionic strength of 0.05 mol/dm?). The error bars indicate

the standard deviations for three measurements.

The appearance of the HA samples after the pH was adjusted to 8 is illustrated in Fig.
3-2b. No precipitation was observed in the glass bottles at the absorbed dose range of 0—100

kGy. The initial HA solution (0 kGy) was dark brown because of the chromophore group
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(conjugated double-bond system), which was responsible for the absorption of
electromagnetic radiation in the visible light region [22]. The brownish color gradually
became lighter with increasing absorbed dose, as previously reported [23], which suggested
that decolorization was due to the destruction of the conjugated system within the HA
molecules under the attack of radicals [24].

To evaluate the stability of colloids, zeta potential measurement is an effective
method, which intrinsically evaluates the outer surface potential of colloids. At pH 8, the
zeta potential values of the HA solution were always negative regardless of the absorbed
dose (Fig. 3-2¢). The negative zeta potential values were caused by the surface functional
groups, such as the negatively charged carboxylic group (—COQO") [25, 26]. As the absorbed
dose increased, the zeta potential values of the HA solution increased toward zero. The
decrease in absolute zeta potential could be attributed to the decrease in the density of
functional groups on the HA molecules. The decrease in absolute zeta potential might
facilitate the agglomeration and flocculation of HA molecules [27], although the changes in

zeta potential were small.

3.4.2 Distribution of TOC in molecular-weight fractions

Fig. 3-3a illustrates the dependence of the absorbed dose on the molecular-weight-
related TOC distribution. The TOC content of the HA solution decreased with increasing
absorbed dose. It was hypothesized that the decrease in TOC was caused by decarburization
into inorganic carbon, such as COz gas. For the initial HA solution (0 kGy), the UF3 fraction
was predominant and contained the largest percentage of TOC (60 %), which was consistent
with the previously reported data for Sigma-Aldrich—provided HA [28-30]. As the absorbed
dose increased, the UF4 fraction gradually became dominant, which suggested that large

molecules degraded into smaller ones via the radiolytic degradation of HA molecules.
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However, even at 100 kGy, the UF fraction was still present. Therefore, high-dose gamma
irradiation (100 kGy) did not completely eliminate the high molecular weight fractions of
HA. The degradation of HA into small molecular weight fractions could be interpreted based
on different structural definitions of HA, as follows. Typically, HA is considered to be a
macromolecule; therefore, the random cleavage of the C—C bonds and ring-breakage of
aromatic compounds under radical attack could be mainly attributed to decomposition,
which has been previously observed in '3C nuclear magnetic resonance (NMR) spectra in
Section 2.4.4 [31]. Furthermore, the gamma-irradiation-induced decomposition of the
aliphatic structures in some macromolecules, such as triglycerides [32] and polyethylene
[33] has been reported. Conversely, some researchers have recently proposed that HA could
be a supramolecule consisting of self-assembling, heterogeneous, and relatively small
molecules held together by multiple weak interactions, such as hydrogen bonds and van der
Waals forces [34]. The stabilization of the structure was mainly attributed to the hydrogen
bonds and the intra- or intermolecular interactions between protonated functional groups,
such as —COOH and phenolic —OH [35]. For this concept, the decomposition of functional
groups, which act as hydrogen donors, would cause the decrease in the molecular weight of

HA.
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Fig. 3-3 Fractional distribution of total organic carbon in solution (ionic strength of 0.05

mol/dm?, pH of 8) with absorbed dose: (a) humic acid (HA) and (b) Cs—HA, Sr—HA, and

Eu-HA systems. Here, UF1, UF2, UF3, and UF4 denote the >100, 50-100, 10-50, and <10

kDa nominal molecular weight limit fractions (dark to light in color), respectively.

3.4.3 Determination of ~-COOH and phenolic -OH group contents

The experimental titration data and the model-generated titration curves of HA are

illustrated in Fig. 3-4. The fitting curves of Q vs. pH were in good agreement with the

experimental data, and the “best fit” parameters that satisfactorily described the curves were

obtained. The sum of Q values of UFi-4 at a given pH was close to the O of the non-filtrated

one. The matrices of the best fitting parameters: Q1, log K1, n1, Q2, log K2, and n2 are

summarized in Table 3-1.
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Fig. 3-4 Titration data points and their “best fit” Q vs. pH model curves of gamma-irradiated
0, 1, 5, 10, 50, 100 kGy) HA and its molecular weight fractions. Q denotes the organic
charge density. Here, UF1, UF2, UF3, and UF4 denote the >100, 50-100, 10-50, and <10 kDa

nominal molecular weight limit fractions, respectively.

Overall, the Q1 (~COOH) and Q2 (phenolic —OH) values in the non-fractionated HA
decreased and increased with increasing absorbed dose, respectively, which indicated that
gamma irradiation facilitated the decomposition of -COOH groups and the formation of
phenolic —OH groups [31]. The decrease in Qrwt as the absorbed dose increased supported
the decrease in the absolute zeta potential value, as discussed in Section 3.4.1 (Fig. 3-2c¢).
The sums of the -COOH and phenolic —OH contents in the four molecular weight fractions
were slightly smaller than that of the non-filtrated original sample, probably because of a
loss in residual HA during ultrafiltration. Nevertheless, the fractions with different molecular
weights presented significantly different functional group properties. For the non-irradiated
sample, the relative content ratio of —-COOH to phenolic —OH groups (D = 01/Qz2) increased
from UF: to UF4, and the content of -COOH groups of the smaller molecular weight

fractions was higher than that of the higher molecular weight fractions. Shin et al. analyzed
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the molecular weight fraction using infrared spectroscopy and proposed that the -COOH
groups were predominant in the smaller molecular weight fractions [28]. However, as the
absorbed dose was increased, D gradually decreased in order from UF: to UFs; namely,
phenolic —OH groups would be predominant in the small molecular weight fractions
obtained during the radiolytic degradation of HA. In addition, the mean log K1 and log K>
values for each molecular weight fraction decreased as the absorbed dose increased. This
tendency could be attributed to the breaking of the intramolecular hydrogen bonds between
multiple functional groups owing to the decomposition of the -COOH groups.

Although the current mechanism of the effects of gamma irradiation on HA is unclear,
a possible HA degradation mechanism was proposed using TOC analysis, UV—Vis
spectrometry, >*C NMR, and acid—base titration [31], which is deducted from the radiolysis
mechanisms in other similar structures in Section 2.4.5 [36, 37]. A simplified scheme of the
process is illustrated in Fig. 2-6. The gamma-irradiation-induced process included the
decarboxylation and hydroxylation of the molecule. In this study, the gamma-irradiation-
induced shift in the distribution of phenolic —OH groups toward the small molecular weight

fractions also supported the radiolysis mechanism.

Table 3-1 Optimized fitting parameters for humic acid (HA) samples and their fractions;
here, UF1.4 denote fractions with molecular weights of >100, 50-100, 10-50, and <10 kDa,
respectively; 01 and 02 denote the maximum capacities of -COOH and phenolic —-OH
groups, respectively; K1 and K2 denote the mean acid dissociation constants of -COOH and
phenolic —OH, respectively; n1 and n2 denote empirical constants reflecting the range of the
equilibrium constants for the -COOH and phenolic —OH protonated sites, respectively; S
denotes the sum of Q1 or Q2 for the UF1—UF4 fractions, Qrwt denotes the maximum capacity

of proton-exchange sites (= Q1 + 02), and D denotes the relative content ratio of -COOH to
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phenolic —OH groups (= 01/Q>).

Dose O log Ki ni 0: log K> n2 Qo
(kGy) (meq/g) (meq/g) (meq/g)
HA 11.03£0.21  4.21£0.09 3.57+0.13 3.76£0.18 10.28+0.04  1.36£0.06  14.79  2.93
S 10.68 3.47 14.15
UF, 0.5240.01  5.03£0.17 3.66+0.05 0.24£0.00 10.66£0.16  1.65+0.05 0.76  2.17
0
UF, 1.5040.00  5.00£0.03 3.35+0.07 0.56£0.01 10.63£0.10  1.31+0.07 2.06  2.68
UF; 6.08£0.06  4.12+0.04 3.13£0.02 1.97+0.06 10.38+0.03  1.13+0.02 8.05  3.09
UFs 2.58+0.18  3.45£0.04 3.49+0.08 0.70£0.01 9.91+0.07  1.47+0.07 328  3.69
HA 10.94+0.18 4.34+0.08 3.65+£0.04 3.55+0.12 10.31£0.06  1.53£0.03  14.49  3.08
) 10.85 3.07 13.92
UF, 0.50+0.01  4.88+0.01 3.45+0.03 0.22£0.00 10.62£0.02  1.64+0.03 072 227
1
UF, 1.71£0.02  5.00£0.08 3.79+0.08 0.45£0.00 10.63£0.09  1.55+0.03 2.16  3.80
UF; 5.89+£0.04  4.07+0.09 3.52+0.00 1.81+0.09 10.20+0.06  1.45+0.03 770 3.25
UF4 2.7540.03  3.71£0.01 3.24+0.00 0.59£0.02 9.72+£0.06  1.06+0.06 334 4.66
HA 10.53+0.11  4.14£0.09 3.45+0.01 3.75+0.08 10.07+0.08  1.40+0.01  14.28 2.81
S 10.59 3.48 14.07
UF, 0.5240.00  4.82£0.16 3.46+0.06 0.20£0.00 10.36£0.09  1.39+0.01 072 2.60
5
UF, 1.5740.01  4.83£0.26 3.33x0.12 0.40£0.01 10.36£0.04  1.36+0.12 197  3.93
UF; 6.03£0.11  4.59+0.24 3.29+0.03 2.09+0.14 10.02+0.02  1.21+0.06 812 289
UFs 2.47+0.04  4.21£0.04 3.20+0.01 0.79£0.05 9.68+0.07  1.50+0.03 326  3.13
HA 10.06£0.12  3.93+0.08 3.58+0.04 3.72+0.13 9.79+0.01  1.49+0.14  13.78  2.70
) 9.84 4.16 14.00
UF, 0.46+0.01  4.3240.07 3.75+0.03 0.21£0.01 10.24£0.03  1.19+0.02 0.67 219
10
UF, 1.3940.02  4.36£0.05 3.51+0.09 0.30£0.02 10.02+0.01  1.29+0.01 1.69  4.63
UF; 5.41£0.01 3.77+0.01 3.04£0.19 2.42+0.04 9.47+0.05  1.63+0.08 783 224
UF4 2.58+0.08  3.36£0.06 2.85+0.07 1.23£0.05 9.53+0.10  1.63+0.00 3.81 210
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HA 7.78£0.10  3.67+0.02 3.00+0.04 5.09+0.08 9.75+0.11 1.65+0.04 12.87 1.53

S 7.07 4.60 11.67
UF, 0.32+0.00  4.12+0.04 3.19+£0.13 0.11+£0.01  9.85+0.09 1.37+0.03 0.43 291
50
UF» 0.85£0.00 4.28+0.26 2.88+0.02 0.26+£0.01  9.60+0.02 1.52+0.10 1.11 3.27
UF3 4.02+0.02  3.50+0.02 2.86+0.05 2.69+0.01 9.55+0.06 1.45+0.00 6.71 1.49
UF4 1.88+0.02  3.60+0.26 2.69+0.04 1.54+0.06 9.34+0.14 1.77+0.03 3.42 1.22
HA 5.82+0.14 3.67+0.07 2.44+0.10 5.87+0.05 9.62+0.11 1.70+0.04 11.69  0.99
S 5.39 5.39 10.78
UF, 0.34+£0.00 4.15+0.15 2.70+0.12 0.12+0.02 10.12+0.10  1.43+0.06 0.46 2.83
100
UF 0.56+0.02  3.75+0.00 2.64+0.03 0.29+0.01  9.80+0.06 1.34+0.06 0.85 1.93
UF3 2.99+40.01 3.53+£0.05 2.38+0.02 2.66+0.08 9.55+0.13 1.79+0.05 5.65 1.12
UF4 1.50+0.02  3.53+£0.08 2.36+0.05 2.32+0.02  9.37+0.03 1.65+0.03 3.82 0.65

3.4.4 Distribution of Cs*, Sr**, and Eu** ions in the metal-HA molecular weight fractions
The effect of metal ions on the distribution of the molecular weight fractions of HA
is illustrated in Fig. 3-3b. The TOC of Cs—HA system was not significantly different from
that of HA (Fig. 3-3a), as Cs" ions did not change the molecular weight distribution of the
total organic carbon content of non-irradiated HA. Conversely, the Sr** and Eu’®" ions have
significantly shifted the distribution of organic carbon toward the larger molecular weight
fractions of the non-irradiated metal-HA systems. Multivalent metal ions might attract
several molecules as “bridging” metal cations [38, 39], which suggested that the following
combinations would be possible: RCOO-M—OOCR, RCOO-M-OR, and RO-M-OR. By
contrast, the same trend in the molecular weight distribution of organic carbon was observed
for the irradiated HA and Cs—HA, Sr—HA, and Eu—-HA systems, namely the amounts of
organic carbon in the small and large molecular weight fractions increased and decreased,

respectively with increasing absorbed dose.
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Fig. 3-5 Distributions of Cs(I), Sr(II), and Eu(Ill) in the molecular weight fractions of the
metal-humic acid systems (pH of 8 and ionic strength of 0.05 mol/dm®). Here, UF, UF2,
UF3, and UF4 denote the >100, 50-100, 10-50, and <10 kDa nominal molecular weight limit

fractions (dark to light in color), respectively.

Fig. 3-5 presents the distribution of Cs*, Sr**, and Eu** ions in the molecular weight
fractions of the metal-HA systems; the yield loss during ultrafiltration was excluded. For the
non-irradiation systems, 90 % of Cs” ions and 60 % of Sr?* ions were present in the UF4
fraction. The majority of Cs" ions would be dissolved as free Cs" ions at neutral pH, even in
the presence of HA [40]. Norwegian mountain lake water analysis revealed that more than
50 % of Sr?* ions were present in the UF4 fraction of HS [41]. Furthermore, over 60 % of
Eu’' ions were present in the UF2 fraction and only 10 % of Eu*" ions were present in the
UF4 fraction of the non-irradiated Eu—HA system. Nagao et al. analyzed the distribution of
Am(III) in the molecular weight fraction of Am—HA at pH 8-9, and suggested that the largest
percentage of Am was present the 30—100 kDa molecular weight fraction [42]; these results
matched the Eu distribution in this study. The different distributions of the Cs*, Sr**, and
Eu’" ions in the molecular weight fractions of the metal-HA system were mainly attributed
to the different chemical valence states of the metals. More Cs*, Sr**, and Eu®" ions were
present in the small molecular weight fractions of the metal-HA systems as the absorbed

dose increased. The changes in metal distribution were probably ascribed to two reasons.
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First, the molecular weight of the HA molecule was radiolytically reduced, which was
demonstrated by TOC measurements, thus the apparent molecular weight of the metal-HA
complexes would also decrease. Second, the decrease in the maximum capacity of binding
sites (Qrwt) led to a decrease in metal-HA complexes, and an increase in the fraction of free
metal ions not complexed with HA. This has also been demonstrated in a previous study of
a Ca—HS system using an ion-selective electrode [31]. However, the Q1 and Q> values of HA
(Section 3.4.3) were different than those of the Sr—HA and Eu—HA systems owing to the
cation bridging effect. Therefore, it would be difficult to determine a straightforward
relationship between Q1 and 0> and the distributions of metal ions in the molecular weight

fractions.

3.4.5 Dependence of the gamma irradiation with complexation affinity in molecular-weight
fractions

Complexation affinity was defined as the amount of metal ions per gram of organic
carbon, and is the ratio of the metal concentration to the TOC content in a given molecular
weight fraction ([M]/(c)) [43]. The complexation affinities of the metal-HA systems in this
study are summarized in Table 3-2. The affinity for the UF4 fraction was not considered
because free metal ions (not complexed with HA) were present in the UF4 fraction. The
complexation affinity of the Cs™ ions was lower than those of the Sr** and Eu** ions. The
complexation affinities in a given molecular weight fraction decreased with the absorbed
dose for all sample fractions except for the UF3 fraction of the Eu—HA system. This indicated
that gamma irradiation reduced the affinities of the molecular weight fractions of HA for
metal ions. Christl proposed that the -COOH groups primarily controlled the binding of Ca
with HA using titration experiments with Ca®" ions [44]. Marang et al. suggested that Eu

bound mainly to the -COOH-type groups and less to the phenolic -OH-type groups using
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time-resolved laser induced luminescence spectroscopy [45]. The complexation affinity of
HA for alkali earth metal and lanthanide ions would depend largely on the presence of —
COOH groups. Therefore, the complexation affinities in the molecular weight fractions of

the metal-HA systems might be reduced because of the decrease in Q1 by radiolysis.

Table 3-2 Complexation affinities of the molecular weight fractions of humic acid for Cs”,
Sr**, and Eu®" ions; here, [M] and ¢ denote the concentration of metal and total organic
carbon content, respectively, and UFi.3 denote fractions with molecular weights of >100,

50-100, and 10-50 kDa, respectively.

[M]/(c) Absorbed gamma irradiation dose (kGy)
Metal ions

(x 107* mol/g) 0 1 5 10 50 100

UF 0.89 0.86 0.86 0.84 0.80 0.78

Cs UF2 1.46 1.38 1.36 1.33 1.25 1.15
UF3 1.96 1.95 2.01 1.80 1.52 1.47

UF, 3.00 2.95 2.78 2.78 2.55 1.80

Sr UF2 6.50 6.57 6.39 5.63 3.91 1.48
UF3 10.1 9.63 8.33 7.97 7.40 7.28

UF: 8.21 8.17 8.24 7.62 6.07  4.68

Eu UF2 19.2 19.1 18.8 18.0 15.6 11.0
UF; 446 443 437 473 10.8 12.5

The trend in complexation affinity of the UF3 fraction for Eu in the Eu—HA system
appears to be opposite to those of the Cs—HA and Sr—HA systems (Table 3-2). Sasaki et al.
suggested that the apparent complex formation constant of HA with metal ions could depend
on the abundance of several types of basic ligands in the chemical structure of HA. Each

ligand presented negatively charged -COOH and phenolic —OH functional groups. Typically,
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because the complexation affinity of ligands increases with increasing number of functional
groups of the benzene ring [46], such stabilization of the complexation of HA with Eu** ions
in the UF3 fraction might be induced by a chelating effect. The chelating effect on the
complexation of Eu—HA has been reported [47], while similar effects on complexation
affinities were not observed for the Cs* and Sr*>" ions. Further investigation is needed to

assign the chelate complexation of HA with multivalent metal ions.

3.5 Summary

The gamma irradiation (0—100 kGy) to the HA solution resulted in a change of the
concentration of two major functional groups, —-COOH and phenolic —OH. Sequential
ultrafiltration and chemical analyses showed that the concentration of -COOH groups in all
molecular weight fractions of non-irradiated HA was higher than that of phenolic -OH
groups. However, the phenolic —-OH groups became predominant in the small molecular
weight fractions as the absorbed dose increased. The apparent molecular weight distribution
of the total organic carbon content in the Cs—HA system was similar to that in pure HA.
Moreover, gamma irradiation shifted the distribution of organic carbon in the Sr-HA and
Eu-HA systems toward the large molecular weight fractions. Cs*, Sr**, and Eu®" ions were
mostly present in the small molecular weight fractions of the irradiated systems. In addition,
complexation affinity data indicated that gamma irradiation reduced the complexation
affinities for the Cs*, Sr**, and Eu®' ions toward the UF1, UF2, and UF3 fractions of the
metal-HA systems maybe owing to the decrease in the content of -COOH groups in all
molecular weight fraction. Conversely, the complexation affinity of the UFs fraction of the
Eu—-HA system increased with increasing absorbed dose. One possible explanation might be
the chelating effect induced by gamma irradiation stabilized metal-HA complexation,

though a direct evidence is necessary in future study. In summary, the gamma irradiation
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field in the vicinity of a highly radioactive waste package would alter the molecular weight
of metal-HA complexes in groundwater. The effect of the gamma irradiation field should be
considered for the assessment of the environmental behavior of radionuclides in nuclear

hazard areas.
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Chapter 4 Sorption of Cs* and Eu*" ions onto sedimentary

rock in the presence of gamma-irradiated humic acid

4.1 Introduction

Although the possibility of HLW packaging failure is very unlikely after repository
closure, the radionuclides would probably leach by groundwater media from the fractured
waste packages, then would migrate to the biosphere. Therefore, the environmental behavior
of radionuclides in the groundwater is quiet important in the assessment of nuclear safety.
Generally, the natural barrier, that is the host rock in the siting of GDF (as described in
Section 1.3.1) could sorb various metal ions in the groundwater predominantly by cation
exchange, surface complexation, or electrostatic interactions [1, 2], which delays the
transport of nuclides [3, 4]. However, the presence of anionic HA molecules causes the
formation of metal-HA complexes, which disturbs the sorption of metal ions due to its
negative or neutral formal charge [5]. Therefore, the understanding of metal sorption in the
presence of HA has been indispensable to investigating the migration behavior of nuclides,
but few quantitative studies have been conducted. Moreover, the dependence of the sorption
behavior of HA and nuclides on the gamma irradiation dose has not been adequately
emphasized and explained.

In this study, the solid sorbent used was the sedimentary rock samples obtained from
140 m depth at the Horonobe URL, where the sedimentary rock contains clay minerals with
a unique sorption capacity for Cs [6]. Batch sorption experiments were conducted to study
the sorption coefficients of gamma-irradiated HA and Cs" and Eu®" as typical mono- and tri-
valent cations in nuclear waste. In addition, in the event of a nuclear containment failure,
radionuclide ions would first contact HA molecules in the groundwater, followed by the

sorption reaction of the host rock in the migration pathway. Therefore, the aging effect of
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the irradiated HA-metal interaction on sorption was also discussed.

4.2 Materials and methods
4.2.1 Collection of sedimentary rock samples

JAEA has implemented numerous investigations at the Horonobe area in Hokkaido,
Japan, to develop geological disposal technologies appropriate in sedimentary environments
as part of HLW disposal program [7]. The Horonobe URL has been constructed, and is
planned to be operated over a period of about 20 years. The Horonobe URL site is located
on the eastern margin of a Neogene to the Quaternary sedimentary basin on the western side
of northern Hokkaido [8], where is about 50 km south of the town of Wakkanai (Fig. 4-1a).
It is situated in a low-lying coastal plain where Quaternary alluvium and terrace deposits
overlie Tertiary and Cretaceous sediments that were deposited within the Tempoku Basin.
The URL lies within Neogene strata, which unconformable overlie Paleogene sediments.
The Neogene rocks include the Miocene Onishibetsu, Masuporo and Wakkanai formations,
and the Pliocene Koetoi Formation [9]. The Wakkanai and Koetoi formations are target rocks
for investigation in the Horonobe URL.

Sedimentary rock samples in a drillcore were acquired from a borehole drilled in the
diatomaceous mudstone of the Koetoi Formation from the 140 m underground gallery (140
m below the ground surface, #08-E140-C01) at the Horonobe URL (Fig. 4-1b). The detailed
geological setting and hydraulic conditions around the Horonobe URL are described by
Hama et al. [10]. The brittle sample was crushed to 30-60 mesh (0.25-0.59 mm,
theoretically) and then stored in a sealed bottle. No additional treatments were performed on

the samples.
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Fig. 4-1 (a) Geological map of the Horonobe region showing the location of the URL site
and boreholes HDB-1 to HDB-11 [11]; (b) Diagram of the Horonobe Underground Research
Facility. Red-colored shafts and galleries have already been excavated as of April 2015. This

layout may be changed depending on the results of further investigation [12].

4.2.2 Characterization methods of sedimentary rock samples
4.2.2.1 X-ray powder spectra

X-ray powder diffraction (XRD) of the Horonobe underground minerals was
performed using a MiniFlex 600 X-ray diffractometer (Rigaku Co., Japan) equipped with a
rotating table. A Cu Ka X-ray source (A = 0.154 nm) was used at 40 kV and 15 mV. Data
were collected from 5° to 90° (20) with a scan speed of 1°/min. The solid samples were pre-
treated by washing ultrasonically with pure water and ethanol before XRD analysis. This
step removes the mud and organic matter in the solid samples, and improves the diffraction

characteristics.

4.2.2.2 Scanning electron microscopy with X-ray microanalysis system
The morphology and microstructures of the mineral samples were characterized by

scanning electron microscopy (SEM) using a JCM-6000 Versatile Benchtop SEM (JEOL,
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Japan). The secondary electron imaging mode was used for SE imaging at an accelerating
voltage of 15 kV. Semi-quantitative analysis of the mineral composition was performed
using an energy-dispersive X-ray microanalysis system (EDX) using an MP-00040EDAP

instrument.

4.2.2.3 Determination of external specific surface area

The external specific surface area of the crushed powder sample was determined by
the multi-point Na-sorption method using a BELSORP-MINI2 analyzer (MICROTRAC,
Japan). Mineral samples (0.34 g) were dried at 110 °C for 5 h for outgassing. Then, the test
sample was measured by calculating the sorption amount of gas corresponding to a
monomolecular layer on the surface at the temperature of liquid N2 (77 K). The sorption
isotherms were evaluated for the solid surface area using the standard Brunauer—Emmett—

Teller (BET) method using the instrument software [13].

4.2.2.4 Determination of point of zero charge

Potentiometric titrations were performed using an AT-510 (KEM, Japan) automatic
potentiometric titration instrument to determine the point of zero charge (PZC) of the
Horonobe mineral surface. Solid samples (0.2 g) were added to 20 mL aqueous solution. The
pH and ionic strength 7 were adjusted to 3 and 0.05 by the addition of 0.1 mol/dm? HCI and
NaCl. After equilibration for 12 h, the solution was titrated with 0.01 mol/dm*> NaOH
solution (Wako, Japan) with a constant stirring speed of 200 rpm at 298 K. After each titrant
aliquot, the volume of titrant and pH were automatically recorded when the reading
stabilized below + 0.1 mV/s. Then, the surface charge density of the crushed sample could

be determined from the potentiometric titration data using the following equation (Eq. 4-1):
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o = F YaCa=VuCp)=(H]-[OH D (Va+Vp+Vi)
mS

, (4-1)

where o is the surface charge density (C/m?), and F is the Faraday constant (96485 C/mol).
Va, Vo, and Vi are the volumes (L) of the added acid, titrant, and initial solution, respectively.
Ca and Cp are the concentrations (mol/dm?) of the acid—base titrant, respectively. [H] was
assumed to be the direct measurement of the H' ion activity, and [OH"] was calculated using
the ionic product constant of water (pKw) at 298 K [14], where m and S refer to the mass (g)
and specific surface area (m?/g) of the samples, respectively. The surface charge densities
are plotted versus the solution pH, and the PZC is the pH value when the surface charge

density is equal to zero [15]. The measurements were performed in triplicate.

4.2.2.5 Dissolution of natural organic components, Cs* and Eu®" ions from crushed
sedimentary

To check the dissolved natural organic carbon components, Cs” and Eu®" ions in the
Horonobe sedimentary rock, the rock sample was soaked in pure water for 1 month, the TOC
and concentration of Cs* and Eu®" ions in the supernatant were measured using a TOC

analyzer and ICP-MS, respectively.

4.2.3 Preparation and characterization of irradiated HA solution

The purified HA is prepared and gamma-irradiated as same as described in Section
3.2.1. In this study, the temperature of gamma irradiation was about 15 °C. The applied doses
of gamma rays at an approximate dose rate of 0.62 kGy/h were 10, 50, and 100 kGy,
respectively. The characterization methods of TOC content and acidic functional groups in

HA solution can be referred to Section 3.2.3.
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4.2.4 Sorption experiment

The pH of the irradiated HA solution (/ = 0.05 mol/dm®) was adjusted to 8 using NaOH. The
stock metal solution (CsCl, EuCls) was added to the HA solution to obtain an initial metal
concentration of approximately 1 x 107 mol/dm>. The sediment rock powder (0.020 £ 0.001
g) was weighed and transferred into a polycarbonate (PC) tube. The metal-HA solutions
were either not aged or aged for 2 months prior to the following sorption experiment, named
as the “co-sorption” and “pre-contact” system, respectively. The solution (10 mL) was
injected into the PC tube corresponding to a liquid-to-solid ratio (L/S) of 0.5 m?/kg. Blank
solutions without HA or metal ions were prepared under the same conditions of pH and / for
comparison. All sample tubes were placed horizontally and shaken at a constant rate of 70
rotations per minute and maintained at 298 K in an isothermal shaker (BR-43FL, Taitec Co.,
Ltd., Japan). The pH values were monitored and adjusted periodically with a small amount
of NaOH when the pH shifted to greater than 8.0 & 0.3. After a contact time of 1 month, the
supernatant was filtered through a membrane filter (pore size of 0.20 um) (HP0O20AN,
Advantec, Japan). The filtrates were analyzed using a TOC analyzer and ICP-MS for TOC
and metal concentrations, respectively. For comparison, the metal concentration of the
filtrate was measured by ICP-MS after using a 10 kDa (UFC901024, Amicon, Ireland) pore
size filter. For reproducibility, three sets of samples were repeated under identical conditions.
Recovery experiments were also carried out for the loss of HA and metal ions in the metal—
HA system using a 0.20 um pore size filter under the same experimental conditions. In
addition, the dissolution of HA, Cs*, and Eu®* ions from the crushed rock samples of the

Koetoi Formation was evaluated.

4.3 Theoretical

The filtration process separates the species into liquid and solid phases as described
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above. The general sorption coefficients (m*/kg) of HA (K4 na) and metal ions (K4 m) are

defined as follows (Eqs. 4-2 and 4-3):

K __ (Corg)i—(Corgh v _ (Corgls 4
d_HA (Corg m (Corg m’

(4-2)

Kqw = il = T 2 (4-3)

where (Corg) and [M] are the TOC (mg/dm?) and metal ion concentration (mol/dm?), with
parentheses and square brackets, respectively. V (m?) is the volume of the solution, m (kg) is
the solid weight, and V/m is the liquid-to-solid ratio L/S, which is 0.5 m*/kg in this study.
The subscripts 1, 1, and s, represent the initial, liquid, and solid phases, respectively. The
initial concentration (1 x 1078 mol/dm®) of Eu was lower than the theoretical solubility limit,
where the solubility product (Ksp) of Eu(OH)3 at = 0.05 mol/dm? was corrected to be 1.16
x 1072 by the specific ion interaction theory (SIT) [16]. Therefore, the precipitation and
suspension of Eu(OH)3 were negligible in the liquid phase. Based on this definition, the total
concentrations of metal ions in the liquid and solid phases can be defined by Eqs. 4-4 and

4-5, respectively.
[M]; = [M]ree + [M]mL + [M]mua, (4-4)
[M]s = [M]so-m + [MIso-mua + [M]so-mL + [M]aggr (4-5)

where the subscripts free, ML, MHA, SO-M, SO-ML, SO-MHA, and aggr represent the
free metal ion, metal ion complexed with a (mainly decomposed) fragmental ligand L
(defined as < 10 kDa) and a macromolecule HA (> 10 kDa), metal ion sorbed on the rock
sample, metal-L complex (< 10 kDa) and metal-HA complex (> 10 kDa), sorbed on the rock
sample, and highly aggregated metal-HA compound (> 0.20 pum), respectively. Here,

[M]mHa can be determined by the difference of metal concentration filtered by 0.20 um and
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10 kDa.

In the absence of a rock sample and HA, the predominant species of free [M]free in
Eq. 4-4 would be mononuclear hydroxides, Eu**, and Eu(OH)?", which are smaller than the
pore size of the 10 kDa filter (corresponding to 1.4 nm in diameter). When adding the non-
irradiated HA (<0.20 pm) into the Cs and Eu solutions (pH 8, /= 0.05 mol/dm?), the recovery
factor of organic carbon (as (Corg)l/(Corg)i) and metal ion (as [M]/[M]i) in the filtered
solutions (0.20 um filter) was 97-102 % for Cs, 94—101 % for the organic carbon of HA in
the Cs—HA system, 86-98 % for Eu, and 89—104 % for that of HA in the Eu—HA system,
respectively. The quantitative recovery suggests that no aggregation was observed for metal
ions, HA, and its metal-HA complexes, which were larger than 0.20 um. Hence, the [M Jaggr
in Eq. 4-5 was negligible in the present study. The concentration of metal ions sorbed on the
rock sample would be regarded as that of the solid phase because the size of the sedimentary
rock sample was in the submillimeter order (>>0.20 pum), as shown in Section 4.2.1.

Therefore, in the absence of HA, the distribution coefficient K4 m is defined as Eq. 4-6:

[M]SO—M K (4'6)

K =
d1M [Mlfree ™M’

and the K4 m in the presence of HA can be expressed as Eq. 4-7:

[M]so-m+[M]so-mua+[M]so-mL V. (4-7)

K =
dzM Mlfree+[MImL+[MIMmHA m’

It should be noted that the ratio of the metal concentration of a metal complexed with HA to
that of a non-complexed one would change because of the various solution conditions, which
are o = ([M]mua + [M]MmL) / [M]free in the liquid phase, and as = ([M]so-mHa + [M]so-mL) /
[M]so-m in the solid phase, as discussed later.

The radiolytic reduction of the apparent molecular weight of the HA molecule and

the metal-HA complexes was suggested by the TOC measurement, which has been
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discussed in the previous study [17, 18]. As summarized in Table 4-1, the ratio of (Corg) in
the <10 kDa fraction to that in the non-filtered HA solution was approximately 21 % and
50 % for the non-irradiated and 100 kGy irradiated solutions, respectively. In addition, the
maximum capacity of protonation exchange sites (01 and Q> values, corresponding to the
content (meq/g C) of the -COOH and phenolic —OH groups, respectively) in the < 10 kDa
fraction, was determined by acid—base titration in a previous study [18]. The ratio of Q1 +
(0> in the < 10 kDa fraction to that in the original HA solution showed a similar trend of 23 %

and 35 %, respectively.

Table 4-1 Comparison of the ratio of TOC content, capacity, and metal content in the <10

kDa fraction to the non-filtered fraction

Dose TOC ratio Maximum capacity Metal content

System ) )
(kGy) (%) ratio (Q1 + Q2, %) ratio (%)
0 21 23
HA only
100 50 35
0 22 90
Cs-HA
100 54 97
0 11 9
Eu-HA
100 23 58

In the Cs—HA system, the solution was fractionated by a 10 kDa pore size filter. No
significant difference was observed in the percentage (22 % and 54 %) TOC compared to
those in the HA system above (21 % and 50 %). Moreover, the ratio of the Cs™ concentration
in the < 10 kDa fraction was as high as 90 % and 97 % in both the non-irradiated and 100
kGy irradiated solutions, respectively, suggesting that the aggregation and complexation

affinity of HA and ligand, L, to the monovalent Cs" would be insignificant. However, the
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Eu-HA fractionated solution indicated 11 % and 23 % TOC and only 9 % and 58 % Eu’*" in
the <10 kDa fractions of non-irradiated and 100 kGy irradiated solutions, respectively. With
increasing absorbed irradiation dose, however, the percentage for the 100 kGy irradiated
solution increased due to the decomposition of HA molecules to the smaller fragmental
ligands L, which might result in a lower complexation affinity due to the decrease in the
degree of intramolecular multidentate coordination of ligands [19]. Thus, a significant
difference in the distribution of Cs™ and Eu’* between these fractions was observed, probably
due to the different electrostatic interactions of metal ions with HA and L under the solution
conditions of the present study.

A direct spectroscopic study of HA by C-1s near-edge X-ray absorption fine structure
spectroscopy proposed that the smaller-molecular-weight HA molecule mainly consists of
the fragmented component of ligands such as phthalic acid (B12) and salicylic acid (HSal)
[20], which has also been suggested by a model analysis [19]. Therefore, simply assuming
that these components of B12 and HSal were regarded as a typical L in the <10 kDa fraction,
the distribution of [M]fee and [M]mL can be estimated using a chemical equilibrium model
(visual MINTEQ ver. 3.1, KTH, Sweden) under a given solution condition. The log £ values
for Eu—B12 (4.73), Eu—HSal (2.60), and Eu—OH (6.21) were included in the software [21].
The input parameters required to calculate the distribution were pH (8.0), / (NaCl, 0.05
mol/dm?), temperature (298 K), [M];, metal concentration in the <10 kDa fraction, and the
concentration of ligand [L]i. The [L]i (eq/dm?) for B12 and HSal were calculated using the
following two equations (Eqs. 4-8a and b) based on the concentration balance of —-COOH
and phenolic —OH, respectively. The estimated concentrations of metal ions and organic

ligands, and metal speciation are summarized in Table 4-2.
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Ql X (Corg)lokDa X 10_6 = 2[Blz]i + [HSal]i, (4'83-)
QZ X (Corg)IOkDa X 10_6 = [Hsal]ia (4'8b)

where the values of Q1 and 02, -COOH and phenolic —OH, are determined in Section 4.4.2,
and the (Corg)10kpa in the <10 kDa fractions for the Cs and Eu systems was calculated based

on the TOC ratio of the <10 kDa fraction to the non-fractionated HA solution (Table 4-1).

Table 4-2 Estimated logarithmic concentration (mol/dm?) of metal species in the <10 kDa

fraction (pH 8, 7 0.05 mol/dm® NaCl)

Aging period 0 month 2 months
Dose (kGy) 0 10 50 100 0 10 50 100
Cs system

log [Cs]<iokpa  —8.28 —8.26 —8.25 -8.24 830 —8.28 —-828 —8.24

log [B12] —430 -432 453 587 488 —495 518 —6.34
log [HSal] —4.25 —4.13 387 -382 483 478 —454 —4.29
log [Cs™] —-8.29 827 -826 825 831 829 829 —8.26

log [CsClag] —9.87 —-986 -984 -983 -989 -987 -987 -9.84

Eu system

log [Eul<iokpa —9.38 -930 -9.13 -9.06 -9.62 -944 -921 -9.14

log [B12] —4.88 —495 518 —-634 485 —-494 513 —6.32
log [HSal] —4.83 —-478 —4.54 429 480 —-477 —449 426
log [Eu’"] —-9.63 -956 -938 -929 989 -970 946 937

log [Eu(OH)*] —9.82 —9.74 -9.56 -9.48 —10.07 —9.89 —9.65 —9.56
log [Eu(B12)"] -10.6 —10.6 —10.6 -7.91 —-10.8 -10.7 —10.6 —7.91
log [Eu(HSal)**] —12.3 -122 -11.8 -11.5 -12.6 -123 —118 ~—I1L1.5

[EuL)/[Eulree 59% 5.1% 32% 061% 63% 52% 3.6% 0.64%
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The distribution of the Eu species such as Eu**, Eu(OH)**, and Eu(B12)*, Eu(HSal)**,
and others (e.g. EuCI1?>*) was hypothetically estimated by the visual MINTEQ. As discussed
below, the estimation implies that the presence of EuL (Eu(B12)" and Eu(HSal)**) cannot be
neglected. For Cs, in contrast, the [Cs]mL is negligible (<0.01 %), so the complexation
affinity of L would be quite low, similar to monovalent Na*. Here, the ratio (a1) of HA- and
L-complexed and non-complexed species in the liquid phase for Cs and Eu can be defined
as follows (Eqs. 4-9a and b). This could be an indicator of the contribution of HA to the

metal species in the liquid phase.

__ [Cs]csHa _
al_Cs - [CS]free ’ (4 93.)
[Eu]guna+[Eu]gu
HEu = - E[EHu?freeu - (4-9b)

where the molecular size of Eu—HA and EuL would belong to the fractions of >10 kDa and
<10 kDa, respectively, based on the different sizes of organic molecules. Therefore, the
experimental Eu concentration in the liquid phase (filtered by a 10 kDa filter) was composed
of [Eu]frec + [Eu]eur. The ratio of [Eulfee and [Eu]ew. was estimated using the MINTEQ
calculation.

Similarly, the ratio of HA- and L-complexed and non-complexed species in the solid
phase is defined as as for Cs and Eu (Eqs. 4-10a and b), which would be an index to realize
the apparent contribution of metal-HA complexation to sorption onto a rock sample under a
gamma irradiation field. Although the sorption of CsL, [Cs]so-csL, is negligible, that of EuL

needs to be considered.

_ [Cslso-csHA )
as_Cs - [Cs]so-cs B (4 loa)
_ [Eulso-guna+*[Eulso-EuL
Os Eu = [Eulso—Eu ’ (4-10b)
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The direct determination of as was difficult in the batch experiment because of the difficulty
in assigning the metal species that were complexed with HA and L on the solid surface.
Nevertheless, as can be expressed by K4 and a1, which are known values in the present study

(Eq. 4-10c¢):

Kdz2.m
= (1 -1 4-1
ot (1+am) -1, (4-100)

s M =

Lastly, the sorption coefficients (m*/kg) of HA, including L, in the absence and presence of

metal ions, are defined as Eqs. 4-10a and b:

(Corg)so-Ha*(Corg)so-L V
K = — 4-11a
d1.HA (Corg)ua+(Corg)L m’ ( )

K _ (Corg)so-HA*(Corg)so-L*(Corg)so-MHAT(Corg)so-ML V 4-11b
d2.HA = =, (4-11b)
(Corg)ua+(Corg)L+(Corg)ML*(Corg)MHA m

where the subscripts ML, MHA, SO-HA, SO-MHA, and SO-ML represent the fragmental
ligand L-complexed with M (defined as <10 kDa), a macromolecule HA complexed with M
(>10 kDa), an HA, metal-L complex, and a metal-HA complex sorbed on the rock sample

(>0.20 pum), respectively.

4.4 Results and discussion
4.4.1 Characterization of Horonobe sedimentary rock sample

XRD analyzes indicated that the dominant mineralogical components of the Koetoi
Formation mudstone were opal-A (40-50 wt%), smectite (<11 wt%), illite (9-17 wt%),
quartz (7-10 wt%), and plagioclase (3—7 wt%) [22—24]. The same results were obtained in
the present study (Fig. 4-1a). The similar rock sample collected from the Koetoi Formation
was also composed of 16 wt% smectite and 10 wt% illite, and the cation exchange capacity

(CEC) was about 20 meq/100 g [1]. The semi-quantitative method, elemental analysis by
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EDX, indicated that the major compositions were O (80.9 wt%) and Si (14.8 wt%), followed
by Al (2.7 wt%), Mg (0.6 wt%), Fe (0.4 wt%), and Na (0.3 wt%). The SEM imaging
supported that the particle size of the mineral samples was mainly between 0.3 and 0.5 mm,
and the mineral samples had a rough surface in the microstructures (Fig. 4-2b). The external
specific surface area of the mineral samples was measured to be 20.96 m?/g via the N2
adsorption isotherm. The surface charge of the minerals is evaluated from the difference of
positive and negative charges [25]. The PZC, defined as the pH value at which the surface
charge of Horonobe mineral is equal to zero, was determined to be 4.11 by potentiometric
titration. The PZC of opal-A, quartz, smectite, illite, and plagioclase has been reported as
1.5-2.5 [26], 2.0 [27], 8.2 [28], 2.5 [29], and 1.4-2.4 [30], respectively. Therefore, the
sample surface charge at sorption experimental condition (pH 8, which was much larger than

the PZC value of 4.11, and 7 = 0.05 mol/dm?) would be negative (Fig. 4-2¢).
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Fig. 4-2 Characterization of the rock sample of the Koetoi Formation. a: XRD spectra; b:
Micrographs obtained at x 30 and x 400, respectively; ¢: The charge density of solid surface

with pH
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4.4.2 Chemical properties of gamma-irradiated HA solution
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Fig. 4-3 Characterization of gamma-irradiated HA solution. (a) total organic carbon content
(TOC), (b) functional group content. Error bars represent the standard errors of the mean of

triplicate experiments. Curves represent the eye guide.

The pH of the HA solution decreased from 8.14 to 7.48, 6.78, and 6.12 after
irradiation with 10, 50, and 100 kGy of gamma rays, respectively. This decreasing pH
tendency with increasing dose has been found in a previous study which attributed it to the
degradation of functional groups followed by carbonate formation in water [18]. Fig. 4-3a
indicates that the TOC content in the original HA solutions decreased with the gamma
irradiation dose because of the radiolysis decomposition of HA molecules, but no
precipitation was observed at doses up to 100 kGy in the HA solution. The dissolved natural
TOC content from the Horonobe sedimentary rock sample was 0.62 mg/dm?>. Since it was
less than 1 % of the TOC content of the added HA, the contribution of the natural organic
content to metal complexation was not considered. In addition, the sorption ability of HA
and L was considered to be predominantly responsible for the functional groups in HA

molecules [31], thus the acidic functional group contents in HA solution were determined by
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acid—base titration, and the modified Henderson—Hasselbalch model was adopted to fit the
titration data points [32, 33]. Results indicated that the decomposition of -COOH group and

the formation of phenolic —OH group (as shown in Fig. 1b).

4.4.3 Effect of gamma irradiation on the sorption of HA molecules

In the absence of metal ions, the sorption coefficient, K4 Ha, in Eq. 4-11a decreased
slightly as the dose increased (Fig. 4-4a). In general, sorption mechanisms of HA have been
governed by ligand exchange, cation bridge, hydrogen binding, electrostatic interactions
(attraction or repulsion) and others [34, 35]. As shown in Table 4-1, the ratio of the TOC in
the <10 kDa fraction increased with dose, becoming a smaller-molecular-weight HA
molecule to L. Non-irradiated HA of higher molecular weight would have a higher sorption
ability to the rock surface than the lower molecular weight HA degraded by the gamma
irradiation. Kaiser observed that the mineral-organic association decreased with decreasing
carboxyl C content in organic ligands by '*C NMR study [29]. Meanwhile, Fig. 4-4b
indicates that the acid dissociation ratio of the functional groups —COO/~COOH and
phenolic —O/~OH, which were calculated based on the pK1 (4.22, 4.03, 3.61, 3.58 for 0, 10,
50 and 100 kGy) and pK2 (10.21, 9.90, 9.86, 9.55 for 0, 10, 50, 100 kGy) values, increased
with dose. It would enhance an electrostatic repulsion between the negatively charged HA
and the mineral surface, resulting in the decrease of Ka na. Thus, multiple factors have been
considered for the decrease of Ka na with dose. The identification of the predominant

sorption mechanism is difficult at this moment.
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Fig. 4-4 Dependence of the sorption coefficient of HA on the sedimentary rock samples on
gamma irradiation dose. (a) HA only system; (b) Acid dissociation ratio in HA only system;
(¢) and (d) Cs—HA and Eu-HA systems. The 0.20 um pore size filter was used. Curves
represent the eye guide. (Corg)i = 81.12, 69.85, 60.67, 52.05 mg/dm? for 0, 10, 50, 100 kGy,
respectively; [Cs™]i = 0.97 x 1078 mol/dm?, [Eu*"]i = 1.06 x 1078 mol/dm?; L/S = 0.5 m*/kg,

1=0.05 mol/dm* (NaCl), pH= 8 + 0.3

In addition, Fig. 4-4¢ shows that Kq.Ha in the Cs™—~HA-mineral system was similar to
that in the HA—mineral system, suggesting the weak complexation of Cs™ ions with HA. On
the other hand, under similar low metal ion concentration condition, the K4.na in the Eu*'—
HA-mineral system (Fig. 4-4d) was higher than that in the HA-mineral and Cs'~HA—

mineral systems. Liu and Gonzalez also found that the sorption coefficient of HA was
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enhanced by introducing multivalent metal ions, such as Cd**, Cu?**, and Pd*" ions [37].
Multivalent metal cations could not only reduce or neutralize the apparent negative charge
on HA by metal-HA complexation, but also act as “cation-bridging” of the rock surface—
metal ion—HA [37]. Moreover, it is observed that the decreasing trend of the Kd-na in the
Cs™—HA and Eu’*—HA systems with the gamma irradiation dose was consistent with that in
the HA only system. Thus, this similar trend might be interpreted by the decomposition of —
COOH group and the increase of the acid dissociation ratio of the functional groups —
COO /~COOH, which enhanced the electrostatic repulsion between the negatively charged

HA and the mineral surface [38].

4.4.4 Effect of gamma irradiation on the sorption of Cs™ and Eu** ions

Dissolution of natural Cs* and Eu** from the Horonobe sedimentary rock sample (pH
=8, 1 = 0.05 mol/dm*® (NaCl)) was lower than 3 x 107'° mol/dm?, thus the impact of the
dissolution on the initial concentration of these ions was negligible.

Fig. 4-5 shows the sorption coefficients of Cs™ and Eu**, K4 csand Ka Eu, on the rock
sample in the absence of HA. The logarithmic K41 csis -0.54, and the similar log K4 cs value
on sedimentary rock system was reported to be -0.30 at pH 8 [39]. The similar log Ka,1 cs
value on the deeper Horonobe rock sample from the Wakkanai Formation, which was
composed of 7 % illite and 11 % smectite [40], also suggested the Cs—selective sorption site
of these clay mineral components with high CEC [1]. Such a mechanism of Cs sorption
reaction has been well investigated, e.g. the highly selective frayed edge site (FES) in illites
[41] and the interlayer sites in smectite [42]. Thus, the Cs sorption in this study would be
predominant in the sedimentary rock sample.

For Eu, the log Kq,1 gu value is 0.49, and the similar value on sedimentary rock system

was reported to be 0.32 at pH 7.86 [43]. The values of K41 u are significantly higher than
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those of Kd,1_cs [44]. The stronger sorption of europium has been attributed to differences in
the ability of the chemical exchange, electrostatic interaction and surface complexation [45].
The sorption of Eu’" on Na-montmorillonite by time-resolved laser fluorescence
spectroscopy, suggesting that the surface complexation of Eu** and its positively charged
hydroxides such as Eu(OH)?*, is mainly predominant at pH 8 range rather than the cation
exchange reaction [46]. In addition, it has also been observed that Eu could sorb on oxide
minerals in a sedimentary rock, such as opal-A, quartz, and plagioclase because of the
deprotonation induced by the surface hydroxyl groups on oxides [47].

The log K42 value of Cs* with non-irradiated HA was almost identical to that without
HA, similarly, the K4 na values in the absence and presence of Cs”, as shown in Figs. 4-4a
and ¢, were similar. This result also supports the premise that Cs" sorption on the rock surface
(probably, on a cation exchange site) did not facilitate HA sorption, and vice versa. The log
Kz values of Cs” were independent of the dose (0~100 kGy). There are two possible
explanations; one is that the complexation affinity of HA with Cs" is significantly low, which
has been found in a previous study [ 18], and the other is that enough sorption sites for a trace
amount of Cs” would exist in a rock sample although some of sites would be occupied by
the sorption of HA [48]. Here, it is noted that the impact of HA on the Cs sorption depends
on the concentration ratio of them. Even in the case of early failure of radioactive waste
package in the deep geological repository, the leaching concentration of radioactive Cs will
be kept low, as intended by the experimental conditions of this study. Under a tracer metal
concentration condition, the decrease in the number of sorption sites due to the sorption of
HA molecules to the rock might not affect the Kq4 value of Cs.

In contrast, the sorption coefficient of Eu®" was suppressed by the addition of non-
irradiated HA solution (Fig. 4-5b), where the log K4,1 ru value in the absence of HA was as

high as +0.5. This less sorption of Eu has been explained by the formation of soluble metal
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organic complexes in aqueous solution [49], suggesting that the complexation between metal
ions with functional groups of HA would be predominant compared to the metal sorption on
the solid surface. Nevertheless, the K42 eu values recovered slightly with the applied doses
of gamma rays. It is interesting to note that the value of Ka2 na (Fig. 4-4d) is one order of
magnitude higher than that in the only-HA and Cs systems, even though the sorption of Eu
is suppressed by the coexistence of HA. The gamma irradiation of HA resulted in a decrease
in the content of total functional groups, especially -COOH, resulting in the decrease of Eu—
HA complexing ability, and the increase of the free Eu*" concentration. This consideration
seems to be reasonable, but the sorption reactions in the ternary metal-HA—rock system are
likely to be affected by their quantitative balance.

It should be noted that the log Kd.2 eu value at 0 kGy in the pre-contact system (-1.0)
was 0.5 order lower than that in the co-sorption system (-0.5) (Fig. 4-5b). During the aging
period of 2 months in the pre-contact system, Eu’" complexation with the humic
heterogeneous macromolecule occurred. Wang et al. investigated the dissociation of Am?**
with HA by the chelating exchange resin and found that the dissociation rate would decrease
with increasing aging time, suggesting that bonding becomes stronger [50]. In fact, with an
insight into the interaction of actinides and HA, two types of binding sites on HA, assuming
spherical particles, were suggested: reversible ion exchange sites on HA molecular surfaces,
and less exchangeable, kinetically hindered sites inside the molecules [51]. Some studies
have also suggested that multivalent metal ions (e.g., Am>", Eu**, Th*') on the HA surfaces
would be gradually surrounded within the HA folding, penetrating from the surface to the
interior with increasing aging time [52, 53], and then become thermodynamically stable
inner-sphere complexes with macromolecular structures [54]. Such “kinetically controlled”
reactions of metal-HA interaction are related to the molecular size of HA, that is, a smaller-

molecular-weight HA might provide less kinetic impact for complexation within the HA
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folds. Further experimental evidence is needed for the interpretation of the dependence of

the kinetic reaction of HA with metal ions on the gamma irradiation dose.
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Fig. 4-5 Dependence of sorption coefficient of Cs" (a) and Eu** (b) on the sedimentary rock
samples on gamma irradiation dose. The 0.20 pum pore size filter was used. Curves represent
the eye guide. (Corg)i = 81.12, 69.85, 60.67, and 52.05 mg/dm? for 0, 10, 50, and 100 kGy,
respectively; [Cs*]i = 0.97 x 1078 mol/dm?, [Eu**]i = 1.06 x 1078 mol/dm?; L/S = 0.5 m’/kg,

1=0.05 mol/dm* (NaCl), pH=8 + 0.3

Fig. 4-6 shows the dependence of au and as on the gamma irradiation dose. The ai
value of Cs" in Eq. 4-9a was low, approximately, 0.1-0.2, throughout the entire irradiation
dose range (Fig. 4-6a), suggesting the weak complexation of Cs* with HA in the liquid phase,
similar to that found in a previous study [18]. The as values were also close to 0 (0.01-0.05).
Both these low values supported the negligible contribution of HA to Cs" sorption in the
present study. In contrast, as and a1 for Eu** were higher than those for Cs* (Fig. 4-6b),
indicating that the complexing ability of HA to Eu®" was higher than that of HA to Cs". The
as and o1 values in the pre-contact system were almost twice as high as those in the co-

sorption system, suggesting that the Eu—HA complexation was facilitated in the aging period.
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In these cases, the ratio of the sum of Eu—HA and EuL and the free Eu concentration in Eq.
4-9b decreased with increasing dose, suggesting that gamma irradiation reduced the
formation of stable Eu—HA(L) complexes. However, since the impact of the Eul. complex
on the a1 value could not be determined experimentally, the relative proportions of [Eu]euL
and [Eu]free 1n the <10 kDa fraction was roughly estimated using MINTEQ. Owing to the
negligible complexation affinity of L, the high a1 values of 36 (pre-contact) and 14 (co-
sorption) decreased with increasing irradiation dose. However, the as values for Eu** (Eq.
9b) were less than 1, indicating that the stable Eu—HA complex in the liquid phase suppressed
Eu®* sorption, whereas the smaller molecular ligand L had little involvement in sorption and

complexation.
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Fig. 4-6 Dependence of a1 and as for Cs*~HA and Eu**-HA systems on irradiation dose.

Curves represent the eye guide

Table 4-3 summarized the distribution of concentration of metal species. The
distribution of Cs species is almost independent of the gamma irradiation dose; In the Eu
system, the direct sorption of non-complexed Eu ions on a rock sample is predominant (4so-
M > Aso-mua). In addition, it is noted that the percentage of Eu-HA complexes sorbed on

solid (4so-mna) was nearly constant and independent of dose, while the percentage of Eu—
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HA complexes (Amna) in liquid decreased with dose. These phenomena support the
radiolysis products such as a smaller-molecular-weight catechol derivative due to the

decomposition of HA [18], which would contribute to the formation of surface complexation.

Table 4-3 Distribution of estimated concentration of metal species in ternary systems (metal
ion—-HA-rock) by modeling. The subscript “free”, “SO-M”, “MHA” and “SO-MHA”
represented the free metal ions, the metal ions sorbed, the metal ions complexed with HA

and the metal-HA sorbed, respectively

Systems  Dose (kGy) Afree (%) Aso-m (%) Amua(%) Aso-mua (%)

0 54.5 31.5 13.1 0.9

Cs/HA/rock 10 56.1 32.5 10.4 1.0
Co-sorption 50 58.0 33.6 6.8 1.6
100 60.0 34.7 4.0 1.3

0 57.7 29.9 11.8 0.6

Cs/HA /rock 10 54.7 31.6 12.7 1.0
Pre-contact 50 62.1 31.4 6.2 0.3
100 58.3 33.8 7.1 0.8

0 3.7 26.7 55.7 13.9

EwHA /rock 10 4.5 27.8 53.2 14.5
Co-sorption 50 6.7 38.2 39.3 15.8
100 8.1 42.5 34.7 14.7

0 2.1 13.0 80.4 4.5

EwHA /rock 10 3.1 19.5 73.3 5.1
Pre-contact 50 55 34.2 56.4 3.9
100 6.9 42.7 44.0 6.4
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4.5 Summary

Batch sorption experiments were performed to evaluate the effect of gamma-
irradiated HA on the sorption reactions of Cs™ and Eu®" at neutral pH. The purified Aldrich
HA in solution was irradiated by a ®°Co source of gamma rays to 0, 10, 50, and 100 kGy.
Gamma irradiation reduced the sorption coefficients of the HA molecules. In the absence of
HA, the sorption coefficient of trivalent Eu ions was as high as the reported values. By
adding non-irradiated HA, the sorption of Eu ions complexed with HA was largely
suppressed owing to the formation of neutral or negatively charged complexes in the liquid
phase. Although the ratio of HA- and L-complexed and non-complexed species in the liquid
phase was more than 10, the ratio in the solid phase was less than 1. These ratios were
evaluated based on the difference in metal and TOC concentration solutions filtered by 0.20
um and 10 kDa pore size filters, to estimate the contribution of HA in liquid and solid to
metal sorption. The results indicated the ratios decreased with increasing irradiation dose,
suggesting that the metal complexation affinity of the decomposed fragments of HA
(ligands) was lower than that of the original HA. Meanwhile, the sorption of Cs™ was
unaffected by the presence of HA and the gamma irradiation dose, mainly due to the weak
complexation ability of monovalent cation with HA, indicating the insignificant contribution
of HA to Cs" sorption, mainly by cation exchange reaction, in the present study. This novel
and easy filtering method to evaluate the molecular-weight distribution of species in liquid
and solid could provide more quantitative findings of the impact of HA on the sorption of
metal ions onto sedimentary rock sample. Further experimental investigation of the sorption
mechanism will provide more detailed insight into the different impacts of humic substances
on Cs and Eu ions.

Sorption database has been widely established for decades in various countries to

evaluate the sorption of metal ions in the groundwater, which is important for the safety
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assessment of nuclear waste disposal. However, the conclusion in this study would provide
new insight that effect of long-term gamma irradiation field probably needs to be considered
into the evaluation of the retardation and the acceleration effects of radionuclides migration

in the near field of a disposal site.
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Chapter 5 Conclusions, significance of the study, and

recommendations for future work

5.1 General conclusions

The sorption behavior of radionuclides is related to their complexation with HSs. The
gamma irradiation field near nuclear waste repositories can induce decomposition and
chemical changes in the HSs, which can affect the complexation of HSs with metal ions.
Therefore, the effects of gamma irradiation on the complexation and sorption behavior of
metal ions in the presence of HSs were investigated in this study. The research contents and
conclusions of each chapter are summarized as follows:

Chapter 1 provides an overview of the deep geological disposal of nuclear waste,
and introduces the complexation and sorption behavior of radionuclides in groundwater.

Chapter 2 describes the effects of gamma irradiation on the complexation of HSs
with Ca** ions. HS solutions were gamma-irradiated to 0 (non-irradiation), 10, 100, and 500
kGy at dose rates of 1 kGy/h or 0.1 kGy/h. The chemical properties of the irradiated HS
solutions were investigated using TOC measurements, UV—vis spectrometry, 3*C NMR, and
acid-base titration. The characterization results indicated that the gamma irradiation
decreased the TOC content and facilitated the degradation of the HS molecules. Under the
influence of the applied gamma irradiation, -COOH was decomposed and phenolic -OH
was formed in the HS solution. A possible mechanism of the effects of radiolysis on HSs
involving decarboxylation and hydroxylation was proposed. The complexation ability of
irradiated HS with Ca* ions was studied using a Ca-ISE. The apparent formation constants
of the Ca—HS complexes increased as the irradiation dose increased, which was attributed to
the relative increase in the ratio of the phenolic —OH to the carboxylic groups of the HS. The

contribution of the phenolic —OH groups to the Ca—HS complexes was suppressed at a pH
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of 5 owing to their high acid dissociation constants. In addition, the radiation dose rates of 1
kGy/h and 0.1 kGy/h did not significantly affect the properties of the HS and the apparent
formation constants of the Ca—HS complexes.

Chapter 3 describes the effects of gamma irradiation on complexation affinity in
terms of the molecular-weight fractions of HA (the main component of the HS) with Cs”,
Sr?*, and Eu®" ions. HA solutions were subjected to gamma irradiation (0, 1, 5, 10, 50, and
100 kGy) using a °°Co source. The non-irradiated and irradiated HA molecules were
fractionated by ultrafiltration into four categories: >100, 50-100, 10-50, and <10 kDa. TOC
measurements and potentiometric titration analysis suggested that certain gamma-irradiated
HA molecules degraded into smaller molecules, and that the radiolysis-degradation-induced
phenolic —OH became the predominant functional group in the low-molecular-weight
fractions of HA. The effects of the absorbed dose of gamma rays on the distributions of Cs*,
Sr**, and Eu®' ions in the molecular weight fractions of the metal-HA systems were
examined to analyze the complexation affinity. The metal ions were distributed in the low-
molecular-weight fractions at different doses, which corresponded to the degradation of HA
molecules. For a predetermined absorbed dose, the Cs* ions did not alter the molecular
weight distribution of the TOC of the degraded HA molecules. Conversely, the Sr>* and Eu**
ions redistributed the organic carbon content toward the higher-molecular-weight fractions.

Chapter 4 describes the influence of HA and its radiological degradation on the
sorption of Cs™ and Eu** using sedimentary rock that was obtained from the Horonobe URL
in Japan. A HA solution was irradiated with different doses of gamma irradiation (0, 10, 50,
and 100 kGy) using a ®®*Co gamma-ray source prior to establishing contact between the metal
ions and the solid sorbent. The HA molecule decomposed into smaller molecules with low
complexation affinities. Batch sorption experiments were performed to evaluate the effects

of gamma-irradiated HA on the sorption of Cs® and Eu®" ions by TOC analysis and
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inductively coupled plasma—mass spectrometry (pH, 8; ionic strength, 0.05 mol/dm?; liquid-
to-solid ratio, 0.5 m*/kg). The addition of non-irradiated HA weakened the sorption of Eu
because of the lower sorption of neutral or negatively charged Eu—HA complexes compared
with that of free Eu ions. The sorption of monovalent Cs ions was barely affected by the
presence of HA and the gamma irradiation. The concentration ratios of the HA-complexed
species (including decomposed HA) and the non-complexed species in the solid and liquid
phases were evaluated by sequential filtration and chemical equilibrium calculations. The
ratios were low in both phases for Cs, which supported the minimal contribution of HA to
the sorption of Cs. However, the concentration ratio for Eu*" in the liquid phase was high,
indicating that the complexing ability of HA to Eu** was higher than that of HA to Cs™ ions.
Therefore, the sorption of free Eu>" dominated in the scenario involving the HA solution
subjected to gamma irradiation under a radiation field near the HLW package.

Chapter 5 summarizes the general conclusions and proposes the possible

applications for the estimation of radionuclide migration and future-work-related strategies.

5.2 Significance of this thesis

The dependence of gamma irradiation on the sorption ability of metal ions in the
presence of HS and its basis, that is, apparent formation constants and complexation affinity,
were investigated. The possible applications based on the results can be summarized as
follows:

(1) Information on gamma-irradiation-induced differences in chemical properties of
macromolecules is lacking. A possible radiolysis mechanism of HSs was proposed
in this thesis, which included the decomposition of HS molecules and changes in the
acidic functional groups. This can facilitate the understanding of radiolysis

mechanisms of other macromolecular mixtures, such as liquor, starch, and cellulose.
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Additionally, the gamma-irradiation-induced changes in the ratio of the contents of
—COOH and phenolic —OH can enable the understanding of the interactions of HSs
with metal ions and complexation speciation. For example, in the non-irradiated HS
system, —COOH is known to be the main contributor to the complexation of metal
ions with HSs [1]. In contrast, the role of phenolic —OH in the complexation can
dominate with the applied dose, indicating the formation of different complex species.
(2) Several quantitative studies have been conducted on multisystems of metal ions and
NOM (such as HSs) in the solid phase because of the heterogeneity of HS and the
complexity of these systems. A simple filtration method was proposed in this study
to evaluate the concentration distribution of four metal species (free metal ions and
metal complexed in liquid phase, metal sorbed and complexes sorbed in solid phase).
The metal ions in the >10 kDa fraction were regarded to be complexed with the HSs.
Assuming that phthalic acid and salicylic acid were the typical fragmented
components of the HS molecules in the <10 kDa fraction, a balance between acidic
functional groups (—COOH and phenolic —OH) was established to evaluate the
contents of these two ligands, which helped in estimating the content of the metal
complexed with HS in the <10 kDa fraction using thermodynamic calculations. This
method can assist in enhancing the understanding of the behavior of metal ions and
in analyzing the species in the prediction of radionuclide migration. For example, the
conclusion of this study indicates that the direct sorption of non-complexed Eu ions
on sedimentary rock is predominant rather than that of the Eu—HA complexes;
therefore, the information on the sorption species is important for analyzing the
desorption behavior [2], especially in the field of radioactive pollution remediation.
(3) Based on the vast amount of data on the formation constants and sorption coefficients

of metal ions, several comprehensive databases have been established, such as the
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TDB project setup by Canada, France, Japan, the US, and the UK. These can help in
providing high-quality, traceable, internally consistent, and internationally
recognized chemical thermodynamic data of selected elements relevant to the safety
of radioactive waste repositories, which can also assist in facilitating geochemical
modelling of these systems. The NEA TDB Project has published 15 authoritative
volumes consisting of thermochemical data for over 1500 species. The
Thermodynamic, Sorption, & Diffusion Databases developed by JAEA compiles Kd
data in buffer material and rock, which is a key parameter for assessing the
performance of geological disposal strategies. The Rossendorf Expert System for
Surface and Sorption Thermodynamics (RES®T), developed by Helmholtz—Zentrum
Dresden—Rossendorf, is a digitized thermodynamic sorption database that is mineral-
specific; therefore, it can be used for additive models of more complex solid phases,
such as rocks and soils. It is worth noting that the formation constants of natural
organic substances (such as HSs) with metal ions are not included in these databases
because HSs are complex materials with multiple functional groups, and the
proposed models for interpreting the complexation behavior of HSs are empirical
and cannot unambiguously assign values of formation constants. Generally, typical
organic ligands such as citric acid, oxalic acid, and isosaccharic acid are selected as
the analogs of HSs. However, the results of this study indicate the generation of near-
field gamma irradiation from the decay of nuclear waste, which can affect the
sorption of metal ions in the presence of NOM. Therefore, the gamma-irradiation-
corrected complexation and sorption data should probably be considered to improve
the reliability of predicting the sorption of hazardous radionuclides and assess the

performance of repositories.
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5.3 Recommendations for future research

This thesis demonstrated that gamma irradiation could affect the complexation
constant and sorption coefficient of metal ions in the presence of humic substance. In the
further study, the modelling of these reactions in the gamma irradiation field could be
established, based on a large number of the gamma-irradiation-corrected complexation and
sorption data. Although this study has demonstrated the dependence of gamma irradiation
on the apparent formation constants, the complexation aftinity of metal ions with HSs, and
the sorption behavior of metal ions in the presence of HSs, information on the role of gamma
irradiation on the kinetics of metal-HS interactions remains insufficient, which is crucial for
analyzing radionuclide migration in the environment. Most recent studies have focused on
the thermodynamics of metal-HS interactions by presuming that the experimental systems
reach equilibrium on the laboratory scale (several days or weeks). However, certain studies
have indicated that the complexation reaction of metal ions with HSs can last for several
years or even decades [3]. Therefore, the reliability of the thermodynamic data must be
clarified, especially for long-term assessments. The molecular weight of HSs appears to be
an important index for the kinetics of metal-HS interactions because of the complexity [4],
macromolecules, and heterogeneity of HSs. The gamma irradiation could affect the kinetics

of the metal-HS interactions in deep geologic repository environment.
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