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Abstract 26 

Background: Bisphenols, and especially bisphenol A, are widely used as components 27 

of epoxy resins and polycarbonate. Widespread detection and potential health risks have 28 

led to bisphenol A being replaced by other alternatives, including structurally similar 29 

bisphenol analogs. Several bisphenol analogs are suspected to have similar adverse 30 

health consequences. This study examined the temporal trends in bisphenol exposure 31 

among a group of Japanese women from 1993 to 2016, and assessed the associated 32 

health risks. 33 

Methods: We used archived single spot urine samples of healthy Japanese women 34 

living in the Kyoto area (n = 133) collected in 1993, 2000, 2003, 2009, 2011, and 2016. 35 

We measured the concentrations of 10 bisphenols in these samples. 36 

Results: A sharp increase in the detection rates of bisphenol F was observed after 2000. 37 

There was a distinct downward trend in urinary bisphenol A concentrations and an 38 

upward trend in bisphenol E concentrations after 2009. While the hazard index for all 39 

measured bisphenols was below 1 in all subjects, BPF was determined as the most 40 

important risk driver after 2000, rather than bisphenol A.  41 

Discussion: Trends of decreasing bisphenol A and increasing bisphenol E exposure 42 

especially after 2011, along with no significant change in the sum of all bisphenol 43 

analogs in urine, provide clear evidence that bisphenol A has been replaced by other 44 

bisphenols in the study population. We found no significant change in the total exposure 45 

to BP during the study period. Bisphenol F might become the most important bisphenol 46 

in terms of risk, while cumulative risks due to all bisphenol exposure were deemed 47 

insignificant. Considering the accumulating evidence indicating adverse effects at 48 

lower exposure levels, further studies are warranted to assess exposure and risk from 49 

bisphenol A analogs. 50 
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1. Introduction 55 

Bisphenols (BPs) are a group of chemical compounds widely used in the 56 

manufacturing of products, including polycarbonate plastics, epoxy resins, thermal 57 

paper, and water pipes (Catenza et al., 2021). It has been reported that 16 bisphenol 58 

analogs were used for industrial production as of 2016, with bisphenol A (BPA) being 59 

one of the most commonly produced chemicals (Chen et al., 2016). BPs can leach from 60 

products, causing contamination to the environment, and are ingested by people mainly 61 

through dietary intake (EFSA, 2015; Catenza et al., 2021). In recent decades, numerous 62 

studies have demonstrated that BPA is an endocrine disruptor chemical, which can 63 

potentially affect the human reproductive and metabolic systems, and disrupt 64 

development (Rochester, 2013; Colorado-Yohar et al., 2021). Laboratory evidence has 65 

shown that BPA could cause endocrine-related diseases as well as carcinogenesis and 66 

mutagenesis (EFSA, 2015). Data from epidemiological studies have suggested possible 67 

associations between a higher level of BPA exposure and outcomes such as infertility, 68 

breast cancer, cardiovascular disease, diabetes, and obesity (Ma et al., 2019). 69 

For these reasons, the use of BPA has been restricted. In 2002, the European 70 

Commission (EC) permitted the use of BPA in plastic objects and any materials 71 

intended to come into contact with foodstuffs with a limit of specific migration (SML) 72 

of 3 mg/kg of food (EC, 2002). In 2011, the EC proposed an SML of 0.6 mg/kg of food 73 

for BPA, and banned its use in baby bottles (no. 10/2011) (EC, 2011). The European 74 

Food Safety Authority (EFSA) also re-evaluated BPA exposure and toxicity in 2015 75 

and reduced the tolerable daily intake (TDI) from 50 to 4 µg/kg/bw (EFSA, 2015). 76 

Restrictions on BPA use in various products have also been established in both the 77 

United States and Canada during the past two decades (Flint et al., 2012). In Japan, 78 

baby bottles and some other products containing BPA were phased out after 2000 79 
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because of general concern among consumers (Gys et al., 2020).  80 

Manufacturers have therefore increasingly substituted other chemicals for BPA, 81 

including bisphenol analogs, such as bisphenol F (BPF) and bisphenol S (BPS). 82 

However, animal models and in vitro experiments suggest these alternative chemicals 83 

may also have similar adverse effects on human health (Eladak et al., 2015; Rochester 84 

and Bolden, 2015; Chen et al., 2016; Qiu et al., 2019). BPA exposure has been found to 85 

be ubiquitous in the last decade (Zhang et al., 2011; Colorado-Yohar et al., 2021; 86 

Tschersich et al., 2021). However, biomonitoring studies in various countries have 87 

shown a downward trend in BPA concentration in human biological samples (Lakind 88 

and Naiman, 2015; Pollock et al., 2021; Tschersich et al., 2021). A study among 89 

Japanese children found that urinary BPA concentrations decreased on average by 6.5% 90 

per year between 2012 and 2017 (Gys et al., 2020). Nevertheless, some other BPs, 91 

notably BPF and BPS, have been frequently detected in human urine samples (Liao et 92 

al., 2012a; Lehmler et al., 2018).  93 

Both regulatory and industrial development may have affected Japanese people’s 94 

exposure to BPs over the last few decades. To date, few studies have investigated long-95 

term temporal trends of BP exposure in Japan, and relevant information is not available. 96 

However, the unclear health effects of BP analogs other than BPA mean that monitoring 97 

of exposure to BPs is required. Our study aimed to assess the temporal trends of 98 

multiple BP analogs and to identify the major BPs of potential health concern, using 99 

archived urine samples collected from Japanese women living in the Kyoto area dating 100 

back to 30 years ago.  101 

 102 

2. Materials and methods 103 

2.1 Sample collection 104 
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Single spot urine samples were provided by 133 healthy Japanese women aged 105 

25 to 80 years (59.3 ± 12.3, mean ± SD; average age in each year was 49–65) when 106 

they attended a cross-sectional healthcare checkup program in Kyoto and the 107 

surrounding regions in Japan. The samples were collected in 1993, 2000, 2003, 2009, 108 

2011, and 2016. The participants were not the same individuals in each collection period. 109 

First morning urine samples were collected in paper cups, transferred to polypropylene 110 

tubes, and were stored in the home refrigerator until they were taken to the health 111 

checkup centers. Urine samples were then transferred to and stored at –30 °C in the 112 

Kyoto University Human Specimen Bank (Koizumi et al., 2009) until analysis. During 113 

sampling and storage, no polyvinyl chloride (PVC) devices were employed. This study 114 

was approved by the Ethics Committee of the Kyoto University Graduate School of 115 

Medicine (approval number R1478). Before the study, each participant gave their 116 

informed consent, either verbally (before 2000) or in writing. 117 

 118 

2.2 Determination of BPs in urine samples 119 

A total of 10 BPs were measured: BPA, bisphenol AF (BPAF), bisphenol AP 120 

(BPAP), bisphenol B (BPB), BPF, bisphenol P (BPP), BPS, bisphenol Z (BPZ), 121 

tetrabromobisphenol-A (TBBPA), and bisphenol E (BPE). Compounds were obtained 122 

from the Cambridge Isotope Laboratory (Andover, MA, USA). 123 

Detailed experimental procedures for the measurement of BPs are described 124 

elsewhere (Mok et al., 2021). After internal standard spiking, 500 μL of a urine sample, 125 

200 μL of 1 M ammonium acetate buffer (pH = 5), and 10 μL of β-126 

glucuronidase/arylsulfatase (Escherichia coli) were added into glass vials and mixed. 127 

The samples were incubated at 37 °C for 4 h for deconjugation. After adding 400 μL of 128 

0.1% acetic acid in water, the samples were loaded into a solid phase extraction (SPE) 129 



6 
 

cartridge (Sep-Pak 1 cc 100 mg) conditioned with 3 mL of acetonitrile and 3 mL of 130 

water. The SPE cartridge was washed with 1 mL of 5% MeOH and dried under gentle 131 

nitrogen gas for 2 h. The dried cartridge was eluted with 1 mL of acetonitrile for analysis. 132 

The analyses for measuring urinary BPs used a Shimadzu CBM-20A liquid 133 

chromatography system (Shimadzu Corporation, Kyoto, Japan) with an AB SCIEX API 134 

4500 tandem mass spectrometer (AB SCIEX, Ontario, Canada). Chromatographic 135 

separation was carried out by an ACQUITY UPLC BEH C18 column (100 mm × 136 

21 mm, 1.7 um). The column temperature was 40 °C, the injection volume was 5 μL, 137 

and the flow rate was 300 μL/min. The mobile phases were 0.1% acetic acid in water 138 

(A) and 0.1% acetic acid in acetonitrile (B). The gradient condition is shown in Table S1. 139 

Eluents from the analytical column were subjected to tandem mass spectrometry. 140 

Electrospray ionization in negative ion mode and multiple reaction monitoring mode 141 

were used to determine the BP concentrations.  142 

The calibration range was from 0.05 ppb to 100 ppb. The limit of detection (LOD) 143 

value was defined as the concept and method of the limit of detection stipulated in the 144 

verification of the analytical procedure developed by the United States Food and Drug 145 

Administration (U.S. FDA, 1997). The method validation experiment was conducted 146 

using urine samples spiked at three concentration levels (1, 5, and 20 ng/mL; n = 6 for 147 

each concentration level). The LODs and the method validation results are presented in 148 

Table S2. 149 

 150 

2.3 Determination of creatinine concentrations in urine samples 151 

High-performance liquid chromatography (HPLC) with a UV detector was used 152 

to analyze the concentration of urinary creatinine. Urine samples (10 μL) were diluted 153 

with 990 μL of water, and 2, 4, and 6 mg/dL standard creatinine solutions were prepared 154 
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in HPLC vials for measurement. 155 

 156 

2.4 Determination of hazard quotient (HQ) and hazard index (HI) values 157 

The estimated daily intake (EDI) of BPs were calculated from the BP 158 

concentrations in urine samples using the equation below (U.S. EPA, 1986; Reyes and 159 

Price, 2018): 160 

 𝐸𝐷𝐼 = 𝑈𝐶 × 𝐶𝐸𝑠𝑚𝑜𝑜𝑡ℎ𝑒𝑑 ×
1

𝐹𝑈𝐸
 161 

in which EDI (μg/kg/day) is the estimated daily intake dose for BP, UC is the urinary 162 

creatinine-adjusted concentrations of BPs (μg/g creatinine) and CEsmoothed (g/kg/day) is 163 

the creatinine excretion per day, which was calculated as (Mage et al., 2008): 164 

 165 

𝐶𝐸𝑠𝑚𝑜𝑜𝑡ℎ𝑒𝑑(μg/kg/d) = 0.993 × 1.64[140 − 𝑎𝑔𝑒](𝑊𝑡1.5𝐻𝑡0.5) 𝑊𝑡⁄   166 

 167 

considering the age, sex, and race of the participants. Data for weight and height were 168 

the means of the weights and heights of Japanese women in a specific age group. The 169 

data were reported by the Ministry of Health, Labour and Welfare of Japan in the 170 

National Health and Nutrition Surveys of 1993, 2000, 2003, 2009, 2011, and 2016 171 

(Ministry of Health of Japan, 1995; Ministry of Health of Japan, 2001; Ministry of 172 

Health, Labour and Welfare of Japan, 2005; Ministry of Health, Labour and Welfare of 173 

Japan, 2010; Ministry of Health, Labour and Welfare of Japan, 2012; Ministry of Health, 174 

Labour and Welfare of Japan, 2017). FUE is the molar fraction of urinary excretion to 175 

the total amount of ingested BP. Pharmacokinetic studies in humans have shown that 176 

the FUE for BPA is close to 100% (Thayer et al., 2015). To date, no pharmacokinetic 177 

study has provided the FUE for BPF and BPE in humans, and the FUE of BPF and BPE 178 

was therefore set at 100% given their similar chemical structures to BPA. 179 
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Hazard quotients (HQs) were calculated to assess the potential health risks of three 180 

selected BPs: BPA, BPF, and BPE. HQ is defined as EDI divided by TDI. HQM is the 181 

maximum HQ of the three selected BPs for each subject. The hazard index (HI) is the 182 

cumulative summation of HQs for each BP. HI > 1 suggests potentially adverse health 183 

risks posed by current exposure level to BPs.  184 

𝐻𝑄 = 𝐸𝐷𝐼/𝑇𝐷𝐼 185 

𝐻𝑄𝑀 = max 𝐻𝑄 186 

𝐻𝐼𝐵𝑃 = 𝐻𝑄𝐵𝑃𝐴 + 𝐻𝑄𝐵𝑃𝐹 + 𝐻𝑄𝐵𝑃𝐸 187 

The EFSA has set a tolerable daily intake (TDI) of BPA of 4 μg/kg body weight per day 188 

(EFSA, 2015). The TDI values of BPF and BPE were not established, and we therefore 189 

used 3.5 and 3.8 μg/kg/d. These were set as the amounts of the same molar levels as the 190 

TDI value for BPA, calculated as below: 191 

𝑇𝐷𝐼𝑐𝑜𝑛𝑣𝑒𝑟𝑡𝑒𝑑 = 𝑇𝐷𝐼𝐵𝑃𝐴 × 𝑀𝑊𝐵𝑃 𝑎𝑛𝑎𝑙𝑜𝑔𝑢𝑒 𝑀𝑊𝐵𝑃𝐴⁄  192 

 193 

2.5 Statistical analysis 194 

Two-tailed p-values less than 0.05 were considered statistically significant. One-195 

way ANOVA was used to examine the differences between sampling years. The 196 

Cochran-Armitage trend test was used to test for a temporal trend in the detection rate 197 

of BPs. When analyzing data on BP urinary concentrations, creatinine adjustment was 198 

used to reduce the urine dilution effect in spot samples. When comparing urinary 199 

concentration levels, concentrations below the LODs were set to LOD/√2. A summary 200 

metric for BPs (ΣBP) was calculated by summing the molar concentrations of the 201 

measured BPs. BPAF, BPAP, BPP, BPS, BPZ, and TBBPA were excluded from the 202 

analysis due to their low detection frequency (< 10%). A partial correlation test was 203 

performed using log-transformed data of urinary BP concentrations, in which age was 204 
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set as a control variable. A two-sample Student’s t-test was performed to examine the 205 

difference in urinary BP concentrations between sampling years. We used JMP Pro 206 

Statistical Software (Version 16) for data analysis. 207 

 208 

3. Results and discussion 209 

Table 1 shows the demographic data of the participants. Their ages varied by 210 

sampling years (p < 0.05). Since creatinine excretion can be different among ages, the 211 

age was set as an adjustment variable for comparison of BP urinary concentrations 212 

between the sampling years. 213 

 214 

 215 

Table 1. Demographic data of the study participants 

 

Years of sample collection 

F p 

1993 2000 2003 2009 2011 2016 

No. of 

subjects 

10 25 25 26 22 25   

Age 

(years) 

52.7±4.0 49.4±9.4 65.7±4.9 59.0±14.4 65.5±12.5 60.2±12.7 8.0 <0.0001 

Urinary 

creatinine 

(g/L) 

0.8±0.5 0.8±0.4 0.7±0.4 0.8±0.6 1.0±0.8 0.9±0.5 1.0 0.373 

Data are the mean and standard deviation. ANOVA was used to test differences between 216 

years and urinary creatinine concentrations. 217 

 218 

 219 
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Detection rates of the BPs are shown in Table S3. Among the 10 BPs, BPF was 220 

detected most frequently (76.7%) of all samples, followed by BPE (66.2%) and BPA 221 

(65.4%). BPAF, BPAP, BPP, BPS, and BPZ were detected in fewer than 2% of samples, 222 

and TBBPA was not detected. The distribution of the urinary concentrations and 223 

creatinine-adjusted concentrations of BPs is summarized in Tables S4 and S5. 224 

 225 

3.1 Urinary concentrations and temporal changes of BPs 226 

Figure 1 shows the temporal changes for the three most frequently detected BPs, i.e., 227 

BPA, BPF, and BPE. The detection rates of BPA reduced significantly after 2009, and 228 

a downward trend in the detection rates was observed during 1993–2016 (the Cochran-229 

Armitage trend test, p for trend < 0.001). However, there was an increasing trend in the 230 

detection rates of BPF and BPE during the study period (p for trend = 0.001 and 0.002, 231 

respectively). The detection rates for BPF increased from 10% in 1993 to 84% in 2000, 232 

ranging from 68% to 96% during 2000–2016. For BPE, the detection rates increased 233 

from 30% to over 90% after 2009. 234 
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 235 

Figure 1. Detection rates (%) of urinary BPA, BPF, and BPE between 1993 and 2016. 236 

 237 

The temporal changes in log-transformed urinary concentration levels of BPA, BPF, 238 

BPE, and ΣBP are shown in Figure 2. The sum of the median concentrations of each 239 

BP and the average proportion of the concentration of each BP in each participant are 240 

shown in Figure 3. The creatinine-adjusted concentrations of BPA showed a slight 241 

descending trend during the study period (r = -0.195, p = 0.025) (Figure 2A). The 242 

median levels of BPA concentrations ranged from 1.53 to 2.82 μg/g during 1993–2009, 243 

but the median decreased to ‘not detectable’ in 2011 and 2016 (Figure 3). There was an 244 

obvious decrease in the exposure level of BPA between 2009 and 2011 (p < 0.0001, 245 

Table S6). There was a dramatic increase in the exposure frequency and level of BPF 246 

between 1993 and 2000 (p = 0.0004, Table S6). The median creatinine-adjusted 247 

concentration of BPF was not detectable in 1993, but median levels ranged from 1.73 248 
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to 4.42 μg/g Cr during 2000–2016, with no observable consistent temporal trend in the 249 

concentration levels after 2000 (Figure 3). There was also a significant upward trend in 250 

the BPE urinary concentrations throughout this study period (r = 0.276, p = 0.001) 251 

(Figure 2). The median levels of BPE concentrations were not detectable in 1993, 2003, 252 

and 2009, but the median increased to 1.43 and 1.92 μg/g in 2011 and 2016 (Figure 3). 253 

The proportions of BPA decreased (49.8% to 12.5%) but BPF and BPE increased (6.8% 254 

to 29.4%, 11.1% to 26.3%, respectively) between 1993 and 2016 (Figure 3). The urinary 255 

concentrations of ΣBP remained unchanged over the observation period (r = 0.0096, p 256 

= 0.9127 for ΣBP) (Figure 2).  257 

 258 

  259 

(A) 260 

 261 
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 262 

(B) 263 

 264 

(C) 265 
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  266 

(D) 267 

Figure 2. Boxplots of log-transformed creatinine-corrected urinary concentrations of 268 

BPA (A), BPF (B), BPE (C) (μg/g creatinine), and ΣBP (D) (nmol/g creatinine). The 269 

boxes show the interquartile ranges, and the upper and lower whiskers show the 95th 270 

and 5th percentiles. The blue curves indicate fitted smoothing splines (lambda = 0.1), 271 

and the bands show the 95% confidence intervals. 272 

 273 
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(A) 275 

  276 

(B) 277 

Figure 3. The sum of the median concentrations of each BP (nmol/g creatinine) (A) 278 

and average proportion (%) of the creatinine-corrected molar concentration of each BP 279 

in each participant (B). Concentrations below the limits of detection (LODs) were set 280 

to LOD/√2. 281 

 282 

3.2 Comparison with other studies 283 

This study found a decline in BPA exposure and an increase in BPF and BPE 284 

exposure among the study population. We compared the result to previous studies 285 

investigating various BPs, especially for current levels and temporal trends. A detailed 286 

comparison of the results is shown in Table S7.  287 

For BPA, a meta-analysis including data from 12 studies reported a pooled estimate 288 

of urinary concentration of 1.91 μg/L (95% prediction interval: 0–3.97), ranging 289 

between 0.81 μg/L and 3.50 μg/L in adults from the general population (Colorado-290 

Yohar et al., 2021). This was consistent with the urinary BPA levels found in our study. 291 
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For the temporal changes in BPA exposure, one study found a decline in BPA urinary 292 

concentrations in Japanese school children from 2012 to 2017 of an average of 6.5% 293 

per year (Gys et al., 2020), which is again similar to our result. Studies conducted in 294 

the United States, Canada, and some European countries also showed a decreasing trend 295 

in BPA exposure among adults and children over the last two decades (Lakind and 296 

Naiman, 2015; Ye et al., 2015; Gyllenhammar et al., 2017; Pollock et al., 2021; 297 

Tschersich et al., 2021). The findings of the Korean National Environmental Health 298 

Survey, however, showed higher urinary BPA in 2012–2017 than 2009–2011 (Choi et 299 

al., 2017, Jung et al., 2022). 300 

To our knowledge, few studies have investigated exposure to BPs other than BPA. 301 

For BPF, the study among Japanese children suggested that urinary concentration levels 302 

were unchanged during 2012–2017 (0.05–0.07 ng/mL) (Gys et al., 2020). A U.S. study 303 

showed lower urinary concentrations of BPF than BPA among adults, with no obvious 304 

trend during 2000–2014 (0.2–0.4 ng/mL) (Ye et al., 2015). The median concentrations 305 

of BPF in our study were over 1 ng/mL in each sampling year during 2000–2016, higher 306 

than the median concentrations reported in several previous studies in multiple 307 

countries, which all reported values less than 0.5 ng/mL (Ye et al., 2015; Gyllenhammar 308 

et al., 2017; Lehmler et al., 2018; Zhang et al., 2018; Liu et al., 2019; Gys et al., 2020; 309 

Cui et al., 2021; Jung et al., 2022; Runkel et al., 2022). Further research is required to 310 

clarify the exposure pathways of BPF to Japanese adult populations. 311 

The results for exposure to BPS varied considerably among studies. In our study, 312 

BPS was only detected in 1.5% of all samples (LOD = 0.73 ng/mL). However, Liao et 313 

al. (2012a) reported a geometric mean of 1.18 ng/mL of BPS in urine samples collected 314 

in Japan among the general population during 2010–2011. The study by Gys et al. (2020) 315 

indicated a possible slight increasing trend in BPS urinary concentrations (median 316 
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values from 0.09 to 0.12 ng/mL, p < 0.05) in Japanese school children during 2012–317 

2017. Ye et al. (2015) found a significant increasing change in BPS exposure among 318 

U.S. adults during 2000–2014 (from n.d. to 0.2 ng/mL). In Canada, BPS was the most 319 

frequently detected BPA substitute among mothers during 2010–2012 (Liu et al., 2018). 320 

Cross-sectional studies in China in 2016, however, found lower urinary BPS 321 

concentrations of which median values were reported to be below the detection limit 322 

(Liu et al., 2019; Cui et al., 2021). Studies show BPS has replaced BPA in thermal paper 323 

products in several countries including Japan (Liao et al., 2012b). However, our result 324 

suggested a low level of exposure to BPS among the study population.  325 

Previous investigations have found that BPA, BPF, and BPS were the most 326 

ubiquitous BPs present in the environment (Catenza et al., 2021). However, we also 327 

found a significant increasing trend in urinary concentration levels of BPE. There are 328 

few data on BPE exposure or any temporal changes in the general population. Several 329 

studies evaluated BPAF concentrations in urine samples, but the exposure levels were 330 

found to be lower than BPF and BPS (Ye et al., 2015; Liu et al., 2019; Gys et al., 2020; 331 

Cui et al., 2021; Mok et al., 2021). Similarly, BPAF was detected in only 1.5% of the 332 

total samples in our study. 333 

Studies have suggested that some other BPA alternatives, such as BPAF, may also 334 

have potential endocrine-disrupting effects on humans (Zhao et al., 2019; Catenza et 335 

al., 2021). We believe further biomonitoring on exposure to BPA alternatives is still 336 

needed. 337 

 338 

3.3 Cumulative risks for the investigated BPs 339 

Cumulative risks from exposure to the BPs were evaluated by calculating the 340 

HQ and HI values. Figure 4 shows the temporal changes in HQ and HI values for BPA, 341 
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BPF and BPE. The HQ values for BPA showed an overall descending trend (r = –0.354, 342 

p < 0.0001), and decreased sharply between 2009 and 2011. The HQs for both BPF and 343 

BPE showed an increasing trend (r = 0.205, p = 0.0185, r = 0.314, p = 0.0002). The 344 

HQs for BPF increased dramatically between 1993 and 2000 and remained constant 345 

during 2000–2016, and the increase in HQs for BPE mainly occurred between 2009 346 

and 2011. The HI values did not show any temporal change, and none of the HI values 347 

exceeded 1. The highest HI value was 0.26, generated by a sample collected in 2003.  348 

The maximum HQ (HQM) is the HQ that contributed the most to each 349 

participant's HI value among the HQs of the three BPs. The BPs which produced HQM 350 

were counted in each study year, and the contribution proportion was obtained (Figure 5) 351 

(Reyes and Price, 2018; Lyu et al., 2022). The HQM value was produced mainly by BPA 352 

in 1993, but BPF became dominant after 2000. The proportions of BPE increased but 353 

BPA decreased between 2009 and 2011, which is consistent with the temporal trends in 354 

HQ values (Figure 4). 355 

   356 

 357 
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 358 

Figure 4. Outlier boxplots of log-transformed hazard quotient (HQ) values for BPA, 359 

BPF, BPE, and hazard index (HI) values for the investigated population between 1993 360 

and 2016. The boxes show the interquartile ranges, the center lines in the boxes show 361 

the medians, the upper and lower whiskers show the maxima and minima except for 362 

outliers, and the dots indicate outliers. 363 

 364 
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  365 

Figure 5. Proportion (%) of the BPs that produced the maximum hazard quotient (HQM) 366 

in each study year (n = 133). The BP that contributed most to the HI value for each 367 

participant was counted in each study year. 368 

 369 

Previous studies also evaluated the potential health risks of BP exposure by 370 

calculating EDI values or HQ and HI values using measured urinary concentrations. A 371 

comparison of the EDIs obtained in each study is shown in Table S8. For BPA, several 372 

studies reported medians or geometric means of EDI ranging between 0.007 and 373 

0.1 μg/kg body weight/day in various Asian countries including China, India, Japan, 374 

Korea, Kuwait, Malaysia, and Vietnam during 2006–2016 (Zhang et al., 2011; Park et 375 

al., 2016; Zhang et al., 2018; Mok et al., 2021). In our study, the medium EDI of BPA 376 

ranged between 0.020 and 0.038 μg/kg body weight/day during 1993–2009; however, 377 

it decreased to 0.003 μg/kg body weight/day during 2011–2016. Some studies reported 378 

medians or geometric means of EDI for BPS of less than 0.01 μg/kg body weight/day 379 

in Asian countries (Liao et al., 2012a; Cui et al., 2021; Mok et al., 2021). One study 380 
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reported an EDI for BPS of 1.7 μg/day in Japan (n = 36) (Liao et al., 2012a), or 381 

approximately 0.03 μg/kg body weight/day. All of those studies reported EDIs much 382 

lower than the TDI set by the EFSA (4 µg/kg/bw for BPA) (EFSA, 2015). Several 383 

studies also reported HQ and HI values for cumulative risk assessment, and the results 384 

suggest that there are unlikely to be any adverse health risks for BP exposure (Liu et al., 385 

2019; Cui et al., 2021; Mok et al., 2021). This was consistent with our result. 386 

Nevertheless, according to our findings, BPF might become the dominant risk driver 387 

since 2000 in the studied population. Other studies in Korea and China showed that 388 

BPA was still the predominant BP in comparison with BPF, BPAF, or BPS after 2010 389 

(Liu et al., 2019; Cui et al., 2021; Mok et al., 2021).  390 

For the risk assessment, we used surrogate TDIs for BPs for which TDIs were not 391 

available. The hormonal activity of BPF was reported to be in the same order of 392 

magnitude and had similar effects as BPA in vitro and in vivo, according to a systematic 393 

review (Rochester and Bolden, 2015). In vitro studies showed that BPE was the most 394 

potent androgen receptor antagonist among the BPs (Rosenmai et al., 2014; Kojima et 395 

al., 2019). Another systematic review showed that the vascular toxicity and oxidative 396 

stress potency of BPF was greater than that of BPA (Ji et al., 2022). When calculating 397 

EDIs, the FUE of BPF and BPE was also set at 100% as was BPA in our study. These 398 

assumptions, therefore, might have under- or over-estimated the potential health risk 399 

posed by BP alternatives. 400 

 401 

4. Strengths and limitations 402 

To our knowledge, this is the first study to examine long-term temporal changes in 403 

exposure to various BPs including cumulative risk assessment in a Japanese population. 404 

The participants in this study were women recruited at community health checkup 405 
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centers, meaning that the socio-economic backgrounds of the population did not change 406 

much over time. 407 

However, this study had several limitations. First, the statistical power was limited, 408 

as there were only 10 to 26 participants in each sampling year. The study population 409 

was limited to women living in the same geographic area, but no socio-economic data 410 

were investigated. The small research population and focused study location also mean 411 

that the study results cannot be generalized to the whole Japanese population. Second, 412 

single spot urine samples were used in this study, and the concentration of BPs may 413 

vary with the timing of the sample collection. Third, creatinine adjustment was used, 414 

but potential biases could be possible and inter-day variations in exposure may occur. 415 

Fourth, the samples were stored in freezers, and degradation of target analytes might 416 

have occurred during storage. Data has shown that urine samples have a high stability 417 

for creatinine (> 10 years) at −22 °C (r = 0.99 between baseline and second 418 

measurement) (Remer et al. 2014). However, as far as we know, there is no available 419 

data for the stability of bisphenol compounds in urine samples stored for a long time. It 420 

should be noted that the exposure calculated from older samples may have been 421 

underestimated. 422 

 423 

5. Conclusion 424 

This study analyzed the urinary concentrations of 10 BPs among a female Japanese 425 

population residing in a single geographic area during 1993–2016. This study is the 426 

first to report the temporal trends in exposure to various BPs in the Japanese population 427 

over 20 years. The results show that exposure to BPA has decreased over the last two 428 

decades, especially after 2011, but BPE exposure increased significantly after 2011. 429 

BPF has been the most important risk driver since 2000. HI values suggested that there 430 
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was unlikely to be any significant health risk posed by BP exposure. To date, few studies 431 

have shown long-term temporal trends of exposure to BPA alternatives in Japan. Further 432 

estimations are warranted to explore several BPA alternatives, notably BPF and BPE. 433 
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